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Abstract: Cyanobacterial blooms have become a frequent phenomenon in freshwaters worldwide;
they are a widely known indicator of eutrophication and water quality deterioration. Information and
knowledge contributing towards the evaluation of the ecological status of freshwaters, particularly
since many are used for recreation, drinking water, and aquaculture, is valuable. This Special Issue,
entitled “Advancing Knowledge on Cyanobacterial Blooms in Freshwaters”, includes 11 research
papers that will focus on the use of complementary approaches, from the most recently developed
molecular-based methods to more classical approaches and experimental and mathematical modelling
regarding the factors (abiotic and/or biotic) that control the diversity of not only the key bloom-forming
cyanobacterial species, but also their interactions with other biota, either in freshwater systems or
their adjacent habitats, and their role in preventing and/or promoting cyanobacterial growth and
toxin production.
Keywords: cyanobacteria; microcystin; water quality; human and animal health; nutrients;
climate change; eutrophication; model
1. Introduction
Cyanobacterial blooms constitute a water quality problem that has been widely acknowledged
to cause negative effects on the use, safety, and sustainability of drinking and recreational waters
supplies and fisheries. Water eutrophication combined with relative high water temperature promote
cyanobacterial growth and water bloom formation. The cyanobacterial bloom season may be of
extended or even continuous duration throughout the year, especially in freshwaters experiencing
external and internal conditions, such as high temperatures and irradiance, thermal stratification,
long water replacement times, high phosphorus and nitrogen concentrations, and low zooplankton
grazing [1] or low viral attack [2]. Evidence for this can be obtained from lakes in the Mediterranean
region [3,4]. In a human and climatically changing world, cyanobacterial blooms seem to have increased
in frequency and longevity globally, and are likely to expand and thrive in water resources [1,5,6].
Moreover, the successful dispersal and colonization of new aquatic habitats or newly formed systems
by airborne bloom-forming cyanobacteria, such as the cosmopolitan potentially toxic Microcystis,
seem to facilitate their global expansion and are of immediate ecological, economic, and health-related
interest [7,8]. Of most concern are the cyanotoxins along with the mechanisms that induce their
release and fate in the aquatic environment. These secondary metabolites pose a potential hazard for
human health and agricultural and aquaculture products directed for animal and human consumption,
therefore the strict and reliable control of cyanotoxins is crucial for assessing risk [6]. In this direction,
a deeper understanding of the mechanisms that determine cyanobacterial bloom structure and toxin
production become a target for managing practices [5,6].
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This Special Issue, entitled “Advancing Knowledge on Cyanobacterial Blooms in Freshwaters”,
includes 11 research papers [9–19] and aims to bring together the recent research of multi-
and interdisciplinary approaches from the field to the laboratory and back again, driven by
working hypotheses based on any aspect from ecological theory to applied research on mitigating
cyanobacterial blooms.
2. Contributions
Despite the fact that the interest in cyanobacterial blooms is focused on lakes and reservoirs,
where the cyanobacterial bloom presence is most intense, the role of Cyanobacteria in other natural or
engineered ecosystemsis also attracting scientific interest. One such case is presented by Li et al. [13],
who provided a study where potentially toxic cyanobacteria dominate in aquaculture ponds and, thus,
might affect the overall aquaculture production.
The issue of deciphering the role of cyanobacterial blooms at the ecosystem level requires
investigations both at the organism level (autoecology) and the community level (synecology),
which can be approached by field and/or experimental works. Zhang et al. [10] provided an improved
modeling approach on the role of turbulence mixing on the growth of Microcystis aeruginosa as a means
of affecting differential nutrient transfer between this cyanobacterium and Scenedesmus quadricauda,
frequently occurring chlorophyte in eutrophic freshwaters. Another autoecological approach is given
by Muhetaer et al. [17]. In this study, the authors conducted experiments in order to evaluate the
comparative effects of different light intensities on the growth and stress responses of two bloom-forming
cyanobacterial species, Pseudanabaena galeata (strain NIES 512) and Microcystis aeruginosa (strain NIES
111) for a few days.
Apart from the role of Cyanobacteria in previously understudied ecosystems, new ecophysiological
roles are gaining momentum in cyanobacteria research, such as the role of cyanobacteria in methane
cycling in the oxic waters of lakes [20]. In the current Special Issue, Khatun et al. [16] found that
Synechococcus was the most likely methane producer in nine Japanese lakes.
The human, animal, and plant health risks associated with low ecological lake water quality
and its subsequent toxic cyanobacterial blooms are showcased by Tokodi et al. [15] in a Serbian lake
with 50 years of persistent blooms of toxic cyanobacteria and considerable concentrations of toxins.
This renders imperative not only the need for mitigating the existing problems but also the importance of
righteous predictive approaches for future cyanobacterial blooms. Towards this direction, an integrated
approach for the management of cyanobacterial blooms targeting the impacted ecological functions is
presented by Hall et al. [11]. In the fight against toxic cyanobacterial blooms, Herrera et al. [9] proved
experimentally the oppressive effect of eight phenyl-acyl compounds in the growth of Microcystis
aeruginosa, and also the non-toxic effect of specific caffeic acid concentrations in non-target zooplankton
organisms, expanding, thus, the potential use of novel substances in cyanobacterial biomass reduction.
The importance of hydrogeomorphological features in shaping cyanobacterial communities as
subcommunities of the phytoplankton community was showcased in two papers of the current Special
Issue. Yao et al. [19] investigated a 2-year succession of cyanobacteria and eukaryotic phytoplankton
functional groups in a reservoir, while Katsiapi et al. [14] used a system of two recently interconnected
ancient lakes to show that this recent mode of water translocation between the two lakes increased
the occurrence of potentially toxic and bloom-forming cyanobacteria. Another study with a dataset
covering a whole decade between 2004 and 2014 reported that cyanobacteria constituted up to 60%
of the primary producer biovolume, with increased dominance after 2010 [18]. The importance of
phosphorus management was showcased by Liu et al. [12], not only for cyanobacteria control but
also for the “satellite” bacterial communities of a eutrophic lake, which, in total, might affect the
biogeochemical functioning of the whole lake.
Cyanobacteria are among these microorganisms that pose major health risks to humanity, but also,
at least for some of them, they seem to be favored by our current climatic instability [21]. Predicting the
onset and development of cyanobacterial and algal blooms remains a challenging task [1]. Due to
2
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the many aspects of the complex ecophysiology of Cyanobacteria which remain either understudied
or even unknown and due to the climatic variability which renders the accurate prediction of the
environmental settings favorable to Cyanobacteria rather vague, a truly interdisciplinary and not
multidisciplinary scientific effort is imperative. This might require us to reset our current working
hypotheses or even generate new ones [22]. Future research should include more frequent samplings
with standardized protocols [23], following the best established approaches from field to laboratory
analysis to data processing and analysis [24], and not only those dictated by managerial directives [25].
Finally, the interconnectivity between experimental and field experiments which combine classic
approaches, such as microscopy analysis, with more modern methodologies such as -omics for
acquiring more conclusive insights on the biology, ecology, and mitigation of Cyanobacteria and their
freshwater blooms seems to be the most inclusive approach for the time being.
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Abstract: Mitten crab aquaculture is prevalent in China, however, knowledge about the threat
of cyanobacteria in mitten crab aquaculture-impacted water bodies is limited. Here, seasonal
variations of cyanobacteria and their relationships with environmental factors were investigated for
Lake Guchenghu area. Results suggested the changes of cyanobacteria community in crab ponds
distinguished from the adjacent lake. In the lake, cyanobacterial biomass (3.86 mg/L, 34.6% of the
total phytoplankton) was the highest in autumn with the dominance of Oscillatoria, Aphanocapsa
and Pesudanabaena. By contrast, in crab ponds, cyanobacteria (46.80 mg/L, 97.2% of the total
phytoplankton biomass) were the most abundant in summer when Pesudanabaena and Raphidiopsis
were the dominant species. Of particular note was that obviously higher abundance of filamentous
and potentially harmful species (e.g., Raphidiopsis raciborskii and Dolichospermum circinale) were
observed in ponds compared to the lake. Specifically, water depth (WD), permanganate index
(CODMn), total phosphorus (TP), N:P ratio, and NO2−-N were the key environmental variables
affected cyanobacteria composition. For crab ponds, N:P ratio, water temperature (WT) and TP
were the potential environmental drivers of cyanobacteria development. This study highlighted
the fact that mitten crab culture had non-negligible influences on the cyanobacteria community and
additional attention should be paid to the cyanobacteria dynamics in mitten crab culture-impacted
water bodies, especially for those potentially harmful species.
Keywords: mitten crab culture; cyanobacteria community; seasonal variation; environmental factors;
potentially harmful species; Lake Guchenghu
1. Introduction
Cyanobacteria are ubiquitous in diverse aquatic environments throughout the world, including
lakes, reservoirs, ponds, etc. With accelerating industrial and agricultural development, the rising
nutrient pollution intensified the proliferation of cyanobacteria in freshwater bodies worldwide [1–3].
The impact of aquaculture on water quality and the expansion of harmful cyanobacteria is a major
environmental issue. Given the increase in intensive aquaculture, many environmental challenges
emerged, among which environmental degradation associated with cyanobacterial blooms appeared to
be the most alarming [4]. The noxious cyanobacterial blooms would cause various problems associated
Water 2019, 11, 2468; doi:10.3390/w11122468 www.mdpi.com/journal/water5
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with unpleasant tastes, odors and toxic metabolite production which could threaten aquatic products
and human health [2,4–7].
Over the past few years, mitten crab culture has become one of the most economically important
freshwater aquacultures in China, with current yield of this species increasing dramatically (from
8.4 × 103 tons in 1991 to 8.2 × 105 tons in 2015) [8]. Whilst previous studies suggested that crab farming
was less detrimental to water environments than fish or shrimp farming, the concentrations of total
nitrogen (TN) and total phosphorus (TP) in crab culturing ponds were higher than those in neighboring
lake areas [9]. In addition, most crab ponds are shallow, small, and stagnant, which are likely to
deteriorate the water environment. Thus, the influence of crab culture on the cyanobacteria dynamics
should not be neglected because crab culture, to some extent, changes the physical and chemical
properties of water bodies, and biotic community structure [10]. Although many studies investigated
cyanobacteria dynamics in fish or shrimp ponds, little is known about the ecology of cyanobacteria
in crab ponds. Furthermore, crab culture is also regarded as one of the significant sources of surface
water pollution because most of the effluents from crab ponds are eventually discharged into their
surrounding lakes [9–11]. Hence, cyanobacteria, as a key group in response to nutrient pollution
processes, should be paid attention in crab aquaculture-impacted water bodies.
To mitigate the risk of cyanobacterial blooms, knowledge about the environmental drivers
of cyanobacteria dynamics is essential for establishing appropriate management strategies. Until
recently, known driving factors on cyanobacteria variations include physical and chemical parameters
like nutrient conditions, water temperature, pH, dissolved oxygen, water depth and so on [12–14].
Most investigators have advocated for the consideration of nitrogen and phosphorus as the major
causes of eutrophication and cyanobacterial blooms [1,15–17]. Nonetheless, the general consensus
is that cyanobacterial blooms are complex events, typically caused by multiple factors occurring
simultaneously instead of a single environmental factor [18–21]. Due to the complexity of growth
regulators, investigation concerning the effects of environmental factors on the abundance of
cyanobacteria requires further efforts.
Lake Guchenghu, a significant water body in the middle-lower area of the Yangtze River in China,
is well-known for Chinese mitten crab culture and also provides drinking water for nearby residents.
Mitten crab ponds are located in the reclamation area around the lake; with the production of mitten
crab increasing rapidly since the 1990s. It has become one of the commercially successful industries,
with the largest aquaculture area and the highest output in China [10]. However, environmental
pollution problems in Lake Guchenghu have become serious over time [11]. In recent years, water
quality of Lake Guchenghu has declined, and it exhibited symptoms of eutrophication where crab
culture is one of the key pollution sources [11,22]. An earlier research reported that cyanobacteria
dominated in this lake in April and July, accounting for 56%–80% of the total phytoplankton [22].
The dominance of cyanobacteria might be further enhanced if the water quality deteriorates in the
future. Notwithstanding the Lake Guchenghu and adjacent mitten crab ponds are located in the same
watershed and the ponds withdraw water from the lake, the abundance and diversity of cyanobacteria
in crab ponds might be different from those in lake. Nevertheless, there is still a lack of fundamental
research about the characteristics of cyanobacteria composition and seasonal variation, and its driving
factors in this crab aquaculture-impacted subtropical lake area.
Understanding the dynamics of cyanobacteria and how they relate to the environmental factors in
mitten crab culture-impacted water bodies are crucial for unraveling the response of cyanobacteria
to mitten crab culture activity, and for helping future management to select precise strategies to
ensure aquatic product safety and human health. To this end, the objectives of the current study
are to: (1) Determine the composition and abundance of cyanobacteria and related environmental
variables in Lake Guchenghu and surrounding mitten crab ponds in different seasons; (2) reveal the
influence of mitten crab culture on seasonal variations of the cyanobacteria community; (3) clarify the
major environmental factors that affect the development of cyanobacteria; and (4) assess the threat of
cyanobacteria in mitten crab culture-impacted water bodies.
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2. Materials and Methods
2.1. Study Area
The Lake Guchenghu (Latitude: 31◦14′–31◦18′ N, Longitude: 118◦53′–118◦57′ E, Area: 3300 hm2;
Figure 1) located in Nanjing City (Jiangsu Province, China) is a crucial water source for the commercial
aquaculture of mitten crab, and provides drinking water to part of the local residents. The lake is in
the subtropical monsoonal climate zone and the annual average precipitation is 1105.1 mm, of which
the summer rainfall is 428.6 mm (i.e., about 40% of the annual precipitation). Mitten crab ponds are
located in the reclamation area around the Lake Guchenghu, pumping water from the lake in spring
and discharging wastewater back into the lake in autumn. Due to the reclamation, the lake area is only
39 km2, while the storage volume is 65 million m3.
Figure 1. Location of sampling points in Lake Guchenghu and adjacent mitten crab ponds.
2.2. Sample Collection
Water samples were collected from nine sites (L1–L9) in Lake Guchenghu and four sites (P10-P13)
in mitten crab ponds (Figure 1). These water samples were gathered in May (spring), August (summer)
and November (autumn), 2017 and February (winter), 2018. At each site, about 2 L of water sample
was collected from the surface layer (0–0.5 m) with a 2.5 L plexiglass water sampler. The phytoplankton
sample (1 L) was extracted from the surface water sample, stored in clean 1 L plastic containers and
15 mL of Lugols iodone solution was instantly added. All samples were stored in a portable refrigerator
(about 4 ◦C) and then immediately transported to the laboratory. To analyze the composition of
phytoplankton, it was concentrated to 30 mL to obtain a quantitative sample of phytoplankton after
standing for 48 h.
2.3. Analysis Methods
The basic physicochemical parameters, i.e., water temperature (WT), pH, turbidity and dissolved
oxygen (DO), were measured using a YSI multiparameter water-quality monitor (HORIBA U-5000,
HORIBA, Ltd., Kyoto, Japan). Water depth (WD) was determined using a precision bathometer
(SpeedTech SM-5, SpeedTech, Ltd., USA). The standard analysis methods of total nitrogen (TN), total
phosphorus (TP), ammonia nitrogen (NH4+-N), nitrate nitrogen (NO3−-N), nitrite nitrogen (NO2−-N),
permanganate index (CODMn) and suspended solids (SS) concentrations adopted in current study
are described in Jin and Tu (1990). Phytoplankton samples were identified and counted using a
7
Water 2019, 11, 2468
microscope (Eclipse Ni-U, Nikon Co., Tokyo, Japan) 10 × 40 magnification with a 0.1 mL counting
chamber following earlier studies [23,24]. Each sample was counted three times. The cell density was
recorded as cells/L. The measure of algal abundance was based on cell counts. The mean cell volumes
of the algae were calculated based on appropriate geometric configurations [25] and converted into
biomass with the algal cell density (1 mm3 ≈ 1 mg fresh weight).
2.4. Statistical Analysis
One-way analysis of variance (ANOVA) was performed to analyze the differences in environmental
factors between lakes and ponds in different months using SPSS 16.0 software (SPSS Inc., Chicago,
IL, USA). Based on the cyanobacteria relative abundance dataset, the taxa richness, dominance,
evenness and Shannon, Simpson and Margalef indices were determined using PAST 3.0 (Øyvind
Hammer, Natural History Museum, University of Oslo [ohammer(at)nhm.uio.no], http://folk.uio.no/
ohammer/past/). The Kruskal–Wallis non-parametric test was conducted to assess discrepancies in
environmental variables among the thirteen sampling sites. To understand the temporal variation
of cyanobacteria community structure in the lake and ponds, non-metric multidimensional scaling
(NMDS) was performed using PAST 3.0 according to Gower dissimilarity. Analysis of similarities
(ANOSIM) was conducted by PRIMER 5.0 software (PRIMER-E, Ltd., Plymouth, United Kingdom)
in order to evaluate whether there is a significant difference in cyanobacteria community structure
among different months and sampling sites. We adopted redundancy analysis (RDA) to identify the
physicochemical parameters affecting the dynamics of cyanobacteria. Before the forward-selection
process, all cyanobacteria and water quality data were transformed into log10(x + 1) format (except
pH). All the statistical analyses (RDA) were conducted using CANOCO 4.5. According to the value of
the first gradient length of standard deviations, canonical correspondence analysis (CCA) analyses
were selected. The RDA results were visualized in the form of ordination diagrams. Species scores
are shown as triangles. Each water quality variable is represented by an arrow, which determines
an axis. The projection of a taxon on this axis indicates the level of the variable where the taxon is
most abundant. Variables with lines that are close to each other and oriented in the same direction
are highly positively correlated, while those oriented in opposite directions are highly negatively
correlated. Two lines at a 90◦ angle demonstrate that the corresponding variables are uncorrelated.
Pearson correlations between cyanobacteria abundance and environmental factors were performed
using SPSS 18.0 software.
3. Results
3.1. Environmental Parameters
The temporal variations of physicochemical parameters in Lake Guchenghu and the crab ponds
are presented in Table 1. During the study period, the pH values in Lake and ponds were all above 7.0,
ranging from 7.06 to 9.15. WT varied widely throughout the year with ranges of 3.10–29.47 ◦C and
3.12–31.01 ◦C in the lake and ponds, respectively. The lowest WT was recorded in February, while
the highest WT was observed in August. In May and August, the WT of ponds the was significantly
higher than that of the lake (P < 0.05). DO varied considerably over time in the ponds, with an average
of 11.9 mg/L (lake) and 14.12 mg/L (ponds) with no obvious temporal pattern. The WD of the lake
fluctuated (2.82–4.19 m) across different seasons, while the ponds exhibited small changes in WD
all year round. The turbidity of the lake peaked in August, while the higher turbidity in the ponds
occurred in November and February.
Regarding the nutrient concentrations, NO2−-N and NO3−-N in the lake were higher than those
in adjacent ponds for most of the months. By contrast, the concentrations of NH4+-N, TN and TP in
the ponds were evidently higher compared with those in the lake; their concentrations in November
and February were higher than in May and August. This could be because the harvest season for
crab is in autumn with the discharge of farmed tail water increasing, resulting in higher nitrogen and
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phosphorus concentrations. The N:P ratio in the ponds (from 4.39 to 23.02) was lower than in the lake
(from 5.75 to 62.54) because TP concentration in the pond was significantly higher than that of the lake
throughout the four seasons (P < 0.05). Moreover, the CODMn levels in the ponds were higher than in
the lake during studied period, with ranges of concentrations 4.64–9.19 mg/L (ponds) and 2.86–4.37
mg/L (lake), respectively. These results indicate that most of the environmental factors of the ponds are
significantly different from the lake in May and August.
Table 1. Mean ± standard deviation (SD) value of environmental parameters in thirteen sampling
stations of Lake Guchenghu and adjacent mitten crab ponds measured from May 2017 to February 2018.
Variable
May, 2017 August, 2017 November, 2017 February, 2018
Lake Ponds Lake Ponds Lake Ponds Lake Ponds
pH 8.23 ± 0.19 8.76 ± 0.42 * 9.15 ± 0.17 8.24 ± 0.41 * 7.61 ± 0.23 7.06 ± 0.25 * 7.43 ± 0.13 7.45 ± 0.06
WT/(◦C) 21.15 ± 0.75 24.93 ± 1.81 * 29.47 ± 0.31 31.01 ± 1.54 * 18.37 ± 0.25 18.40 ± 0.18 3.10 ± 0.14 3.12 ± 1.53
DO/(mg/L) 12.43 ± 2.04 10.23 ± 0.75 * 11.19 ± 0.39 16.49 ± 4.82 * 10.37 ± 0.76 12.89 ± 4.75 13.68 ± 7.33 16.90 ± 2.67 *
WD/(m) 2.82 ± 0.89 1.11 ± 0.02 * 4.12 ± 0.55 1.13 ± 0.01 * 4.19 ± 0.33 0.98 ± 0.02 * 4.05 ± 0.31 0.74 ± 0.27 *
Turb/(NTU) 7.02 ± 4.84 19.5 ± 7.81 * 26.3 ± 12.08 27.9 ± 6.93 18.9 ± 1.62 45.2 ± 24.8 * 4.46 ± 1.10 45.9 ± 19.71 *
NO2−-N/(mg/L) 0.03 ± 0.00 0.02 ± 0.01 * 0.04 ± 0.01 0.025 ± 0.01 0.02 ± 0.01 0.01 ± 0.01 0.07 ± 0.05 0.03 ± 0.03
NO3−-N/(mg/L) 0.56 ± 0.07 0.32 ± 0.28 * 0.45 ± 0.14 0.23 ± 0.18 * 0.13 ± 0.04 0.16 ± 0.13 1.87 ± 1.11 0.67 ± 1.01
NH4+-N/(mg/L) 0.05 ± 0.02 0.34 ± 0.30 * 0.05 ± 0.02 0.17 ± 0.14 * 0.11 ± 0.04 0.17 ± 0.14 0.15 ± 0.03 2.51 ± 3.81
TN/(mg/L) 1.02 ± 0.11 2.00 ± 0.54 * 1.18 ± 0.17 1.57 ± 0.48 * 1.25 ± 0.07 1.66 ± 0.75 2.47 ± 1.49 3.04 ± 2.62
TP/(mg/L) 0.02 ± 0.01 0.09 ± 0.02 * 0.03 ± 0.01 0.18 ± 0.10 * 0.22 ± 0.02 0.36 ± 0.11 * 0.04 ± 0.00 0.14 ± 0.08 *
N:P 59.6 ± 17.6 22.5 ± 9.62 * 35.5 ± 4.74 11.4 ± 5.75 * 5.75 ± 0.34 4.39 ± 0.87 * 62.5 ± 41.8 23.0 ± 16.8
CODMn/(mg/L) 4.14 ± 0.30 9.19 ± 1.31 * 2.86 ± 0.19 6.22 ± 1.28 * 4.37 ± 0.18 4.64 ± 2.07 4.05 ± 0.61 7.62 ± 3.03
WT—water temperature; DO—dissolved oxygen; WD—water depth; TN—total nitrogen; Turb—turbidity; TP—total
phosphorous; N:P—ratio of total nitrogen to total phosphorus; CODMn—permanganate index (chemical oxygen
demand). Asterisks beside the data of ponds indicate significant differences with respect to the value of lake area
(* P < 0.05).
3.2. Seasonal Variations of Cyanobacteria
In the study period, a total of 52 cyanobacteria species belonging to 21 genera were detected in
Lake Guchenghu; while 16 genera and 32 cyanobacteria species were identified in ponds (Table S1).
The genera Aphanothece, Planktothrix, Romeria, Phormidium and Spirulina were only found in the lake,
whereas the genus Anabaenopsis were only recorded in ponds. Cyanobacteria richness and species
diversity in August and November were greater than those in May and February in both lake and
ponds (Table S2).
The relative abundance of cyanobacteria exhibited distinct seasonal changes. Cyanobacteria
abundance demonstrated wide variations throughout the year with ranges from 1.12 × 105 cells/L to
2.62 × 107 cells/L in the lake, and the biomass of cyanobacteria varied from 0.05 mg/L to 3.86 mg/L
(Figure 2(A1,A2)). In May, cyanobacteria abundance reached the maximum value of 2.62 × 107 cells/L
(accounting for more than 94.5% of the total phytoplankton), where Merismopedia was the dominant
cyanobacteria taxa with 97.7% of relative abundance. Nonetheless, the maximum biomass of
cyanobacteria appeared in November (3.86 mg/L, 34.6% of the total phytoplankton) instead of
May (Figure 2(A2)). The difference may be due to the fact that the size of the cells of different species
can vary widely. Merismopedia spp. prevalent in May are tiny sized species which despite being present
in very large cell numbers actually contributed little to the total cyanobacterial biomass present in the
lake at that time. From Figure 3A, Oscillatoria increased and became the dominant genus in August
(19.1%) and November (23.8%). In addition, Dolichospermum (15.9%) and Pesudanabaena (14.0%) were
abundant in August; whereas Aphanocapsa (13.8%) and Pesudanabaena (13.0%) were flourishing in
November (Figure 3A).
For the ponds, cyanobacteria abundance and biomass both peaked in August (Figure 2(B1,B2)),
with 6.51 × 107 cells/L and 46.80 mg/L (i.e., 92.8% of the total phytoplankton abundance and 97.2%
of the total phytoplankton biomass), where Pesudanabaena (48.4%) and Raphidiopsis (12.4%) were the
dominant species (Figure 3B). The maximum value of cyanobacteria biomass in the ponds was much
greater than that of the lake. In November, the abundance of cyanobacteria decreased rapidly with
less than 2 × 106 cells/L (about 39.1% of the total phytoplankton). The dominant cyanobacteria were
Planktolyngbya, Aphanizomenon and Oscillatoria, accounting for 33.9%, 24.4% and 15.1% of the total
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phytoplankton, respectively (Figure 3B). Notably, cyanobacteria taxa occurred in examined water
bodies with the high abundance were filamentous forms (except in May for lake) (e.g., Oscillatoria,
Pesudanabaena, Raphidiopsis, Planktolyngbya, and Aphanizomenon). The proportion of filamentous
cyanobacteria in the ponds was higher than that in the lake over the study period, in May and
November in particular (P < 0.01) (Figure 4).
Figure 2. Changes of total phytoplankton abundance and biomass, cyanobacteria abundance and
biomass, and cyanobacteria proportion in Lake Guchenghu and adjacent mitten crab ponds from May




Oscillatoria Merismopedia Pesudanabaena Planktolyngbya
Raphidiopsis Aphanizomenon Microcystis Aphanocapsa
Dolichospermum Others
Figure 3. Seasonal variation of cyanobacteria community in Lake Guchenghu and adjacent mitten crab
ponds from May 2017 to February 2018 (A): Lake; (B): Ponds.
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Figure 4. The proportion of filamentous cyanobacteria to total cyanobacteria in Lake Guchenghu
and adjacent mitten crab ponds from May 2017 to February 2018. Asterisks above the bars indicate
significant differences with respect to the lake area (* P < 0.05, ** P < 0.01).
During the study periods, five potentially harmful species, all occurred in August and/or November,
were identified in the lake and ponds (Table 2). In August, the maximum abundances of the potential
toxin producing species in the ponds were much higher than those in lake area. Especially, the
abundances of Dolichospermum circinale and Raphidiopsis raciborskii hit 3.6 × 106 and 8.2 × 106 cells/L in
August, respectively. In November, the abundance of potentially harmful cyanobacteria species in the
ponds significantly declined.








(synonym: Anabaena circinale) Nostocaceae
1.2 × 105 cells/L in
August










Nostocaceae – 4.5×104 cells/L in
November
Aphanizomenon flos-aquae Nostocaceae 1.9 × 105 cells/L in
August
–
a Potential toxin producing species were identified based on [26] –Nonexistence.
3.3. Quantitative Seasonal Changes in Cyanobacteria Communities
Seasonal variations of cyanobacteria communities at the genera level in the lake and ponds
were evident (Figure 5). A remarkable temporal shift in cyanobacteria taxa was observed at the
sampling sites in both lake and ponds (Figure 5A,B). All stress values were less than or slightly above
0.1, indicating a good fit by using NMDS analysis [27]. The results of ANOSIM further confirmed
distinct discrepancies in the cyanobacteria communities in the lake and ponds among different seasons
(P < 0.01, Table S3). Figure 5C–F shows that the similarity in cyanobacterial communities between
lake and ponds was relatively high in November, but the similarities were not obvious in May and
February. In August, the characteristic of cyanobacterial community in the ponds was significantly
different from that of the lake (P < 0.01, Table S3).
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Figure 5. Non-metric multidimensional scaling (NMDS) ordination of cyanobacteria community in
Lake Guchenghu and adjacent mitten crab ponds among different months. ((A): Lake; (B): Ponds;
(C): May 2017; (D): August 2017; (E): November 2017; (F): February 2018. The first four digits of the
number represent the sampling time, and the last two digits represent the sampling point.).
According to cluster analysis (Figure 6), the similarity was relatively high in the same habitat
and the same season. In August, the difference in cyanobacterial composition among the sampling
sites was significant, especially in the ponds. Consistent with the NMDS analysis (above), Figure 6
reveals that the cyanobacterial composition for the lake and ponds was similar in November, and was
significantly discrepant in August.
 
Figure 6. Similarity analysis for cyanobacteria community in Lake Guchenghu and adjacent mitten
crab ponds among different months by cluster analysis. (Green for May; Blue for August; Pink for
November; and Yellow for February.) (“L” represents Lake; “P” represents Ponds; the first four digits
of the number represent the sampling time, and the last two digits represent the sampling point.).
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3.4. Relationships between Cyanobacteria Dynamics and Environmental Variables
RDA analysis revealed the relationship between cyanobacteria communities and environmental
factors (Figure 7). The environmental variables (details in Table S4) explained 41.8% (54.6%) of the total
variance of species distribution in the lake (ponds). In the lake, from 2017 to 2018, the eigenvalues (λ) for
RDA axis 1 and axis 2 were 0.356 and 0.136, respectively. The interpretation rate of species-environment
relationship for the first two axes was 71.0% (Table S4), which can better explain the relationship
between the cyanobacteria community and environmental factors. In crab ponds, the eigenvalues for
RDA axis 1 (λ: 0.562) and axis 2 (λ: 0.379) explained a total of 54.6% of the species-environment relation.
The RDA ordination indicated that WD, TN:TP ratio, CODMn, TP and NO2−-N are the dominant
environmental factors for cyanobacterial composition. For the ponds, N:P ratio, WT, and TP were
significant factors of cyanobacteria development from May 2017 to February 2018 (Figure 7; Tables S5
and S6). Our results show that different cyanobacteria taxa contain different environment adaptation
abilities. In the lake (Figure 7A), Oscillatoria preferred higher TP and NH4+-N concentrations; but the
opposite was observed in genera like Chroococcus, Pseudanabaena and Merismopedia. WD and turbidity
were positively correlated with Aphanizomenon, Dolichospermum, Planktolyngbya and Oscillatoria; but
were negatively correlated with Merismopedia. Raphidiopsis abundance was positively correlated
with TP and CODMn, and negatively correlated with N:P ratio. In the ponds (Figure 7B), WT
and pH were positively correlated with Raphidiopsis and Pesudanabaena; but negatively correlated
with Planktolyngbya, Aphanizomenon and Aphanocapsa. Besides, many genera clusters (including
Planktolyngbya Aphanizomenon, Raphidiopsis and Dolichospermum) were positively correlated with TP;
negatively correlated with N:P ratio. On the other hand, the same environmental factors could cause
different effects in different habitats. Planktolyngbya and Dolichospermum were positively correlated with
WT and pH in the lake, but negatively associated in the ponds. Oscillatoria had a positive correlation
with NH4+-N in the lake, while the opposite was found in the ponds.
Figure 7. Ordination diagram of redundancy analysis (RDA) for cyanobacteria community associated
with environmental factors in Lake Guchenghu and adjacent mitten crab ponds ((A): Lake; (B): Ponds).
In addition to the RDA results, Pearson correlation coefficients revealed several statistically
significant correlations (Figure 8; Table S7). In the lake, cyanobacteria abundance experienced
significant positive correlation with TP, but it was negatively correlated with WD, NH4+-N, NO2−-N
and TN. Regarding the predominant species, Merismopedia abundance correlated positively with the
N:P ratio, but negatively with the WD, turbidity, NH4+-N, NO2−-N and TP. Oscillatoria abundance
correlated positively with pH, WT, turbidity and TP, but negatively with the N:P ratio. Dolichospermum
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abundance exhibited a positive correlation with WD, pH, WT and turbidity, but a negative correlation
with CODMn and N:P. Raphidiopsis abundance only demonstrated significant positive correlation
with TP. In ponds, whilst cyanobacteria abundance was positively correlated with WT, WD, pH and
TP, such correlation was insignificant. Planktolyngbya abundance correlated positively with TP, but
negatively with pH. Aphanizomenon abundance correlated positively with TP, but negatively with
CODMn. The Pearson correlation analysis results (above) are in good agreement with the RDA analysis.
Figure 8. The results of Pearson correlation between predominant cyanobacteria species and
environmental parameters in Lake Guchenghu and adjacent mitten crab ponds ((A): lake; (B): ponds).
4. Discussion
The present study revealed that crab aquaculture has an adverse effect on water quality based on
the fact that concentrations of nutrients in crab ponds were evidently higher than those in the adjacent
lake area (Table 1). The discharge from the crab ponds (with these nutrients) would increase the risk of
pollution in the nearby lake. Regional nutrient enrichment within watersheds might exert a diverse
and complex impact on the prevalence and persistence of cyanobacteria over time [13,28]. NMDS
analysis indicated that the cyanobacteria community structure had significant seasonal variation in
Lake Guchenghu area. Seasonal succession of cyanobacteria has been recorded in many previous
studies [29,30]. Physical indicators, limited nutrients, overwintering, and ecological competition all
contribute to the temporal variation of the cyanobacteria community.
Our observations revealed that mitten crab culturing had non-negligible impacts on the
development of cyanobacteria. The cyanobacterial community in the ponds was different from
that of the lake (Figures 5 and 6), especially in August, which was primarily due to the disparities
in environmental factors of the two distinctive systems (Table 2). The results of the RDA analysis
indicated that WT, WD, turbidity, TP and NH4−-N played an important role in structuring cyanobacteria
assemblages and had a significant influence on cyanobacteria abundance in the lake area. The highest
cyanobacteria abundance with the dominance of Merismopedia in the lake in spring (May) could
have been ascribed to the relative low turbidity and water depth. The low turbidity in May might
have contributed to the development of Merismopedia, simply because Merismopedia was usually the
dominant species in clear lakes [31]. Furthermore, Yang et al. (2016) suggested that the water level could
alter the patterns of phytoplankton communities and a decline in water level could boost cyanobacteria
dominance [32]. The Pearson correlation analysis in the current study also confirmed that a significant
negative correlation existed between cyanobacteria abundance and water depth. In fact, WD is never
constant in the lake. WD can influence the ecological processes and patterns of waterbodies through
water column mixing, light transmission change and nutrient availability [33,34]. However, the species
of cyanobacteria are unitary in May, and this change in species composition followed an increase in
phosphorus in August and November, which likely promoted the increase in filamentous species such
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as Oscillatoria, Dolichospermum, Pesudanabaena and Planktolyngbya (Figure 3). Most of them, similarly
to Nostocales, are nitrogen-fixing species [35]. The dominance of nitrogen-fixing cyanobacteria was
mainly due to its significant positive correlation with TP, and negative correlation with TN, NH4+-N
and NO2−-N (Figures 7 and 8). With an increase in TP and decrease in N:P ratio from August to
November 2017, the abundance of nitrogen-fixing species increased dramatically. Another reason
may be that the precipitation increases in summer and autumn in this subtropical monsoonal climate
zone, and the water level fluctuates frequently, resulting in many benthic species like Oscillatoria being
mobilised and becoming entrained within the water column due to the water in the lake being shallow.
By contrast, WT, TP, pH, and N:P ratio were important environmental variables that influenced
cyanobacteria development in the ponds, which were different compared to the lake. This confirmed
that similar set of environmental factors might not always drive the cyanobacteria development in
different types of habitats (lake and ponds). Unlike the lake, the greatest cyanobacteria abundance
was observed in ponds where Pesudanabaena and Raphidiopsis dominated in August (Figure 3), and the
maximum abundance was 2.5 times the lake’s greatest abundance over the studied period. The WT
and TP concentrations in the ponds were evidently higher compared to those in the lake. Especially, in
August, the TP concentration in the ponds was six times higher than that in the lake because nutrient
control in ponds was more difficult given the need to regularly feed farmed animal and the excretion
of waste. Cyanobacteria are known to flourish with relatively high WT and nutrient levels, conditions
prevailing in crab culture ponds. Furthermore, crab ponds with distinctly lower values of TN:TP ratios
were characterized by a higher proportion of filamentous cyanobacteria compared to the lake, which
may be attributed to the fact that most of filamentous cyanobacteria have the capacity of nitrogen
fixation [35].
Whilst some studies suggested that cyanobacteria can dominate in both low and high phosphorus
conditions [36], our study found that the total phosphorus was the major positive driving factor in
governing the cyanobacteria abundance, and nitrogen was not a limiting factor for cyanobacteria
proliferation. Numerous studies revealed that increased phosphorus concentrations could lead to
high cyanobacteria abundance [37,38]. For example, Andersson et al. (2015) reported the increase of
Nostocales was caused by the rise of total phosphorus and decrease of dissolved inorganic nitrogen
in the coastal Bothnian Sea, which could support our results. Furthermore, the abundance of
cyanobacteria was also related to the alkaline conditions. For instance, the dominant species Oscillatoria
and Dolichospermum were positively correlated with pH in the lake (Figures 7 and 8). However, some of
the cyanobacteria taxa (e.g., Planktolyngbya, Aphanizomenon, Raphidiopsis, etc.) in the aquaculture ponds
were negatively correlated with pH, where the water was alkaline on average. On one hand, high
pH is the result of photosynthesis of cyanobacteria, where the consumption of carbon dioxide would
lead to a rise in the pH of the water [39]. On the other hand, such alkaline conditions foreordained
cyanobacteria being dominant owing to the reduced efficiency of other phytoplankton species to utilize
carbon at high pH [40].
Despite the growing interest in investigating the dynamics of cyanobacteria in freshwater bodies,
little effort has been made to account for the composition of cyanobacteria and its threat in crab
aquaculture-impacted water bodies, especially crab-culturing ponds. From the results of the present
study, the known potential cyanotoxin producers, species like R. raciborskii (synonym: Cylindrospermopsis
raciborskii) and D. circinale (synonym: Anabaena circinale) [26,41], were abundant taxa found in the
crab ponds and the peak abundances of these species occurred in summer. In the ponds, R. raciborskii
and D. circinale were positively correlated with WT, WD, CODMn and TP; negatively correlated with
NO3−-N and N:P ratio (Figures 7 and 8). Crab ponds with the higher values of WT, WD, TP and
CODMn concentration and the lower concentration of NO3−-N and N:P ratio would benefit these
species in summer. Their excessive expansion suggests a high risk of potential cyanotoxins existing in
the ponds and associated cyanotoxins to humans through intake of aquatic products, which could
cause serious social and economic losses simultaneously [42,43]. With intensifying eutrophication and
global warming, R. raciborskii as an invasive species began to dominate many lakes and reservoirs in
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China, and the known concentration of CYNs could hit 8.25 μg/L in reservoirs [44,45]. Nonetheless,
the current study did not evaluate cyanotoxin levels in freshwater and “seafood” products. Hence,
future studies should investigate cyanotoxin, taste and odor levels associated with the abundance of
harmful cyanobacteria.
The current study reflected the importance of establishing rational management of the crab
culturing industry and controlling the excessive expansion of cyanobacteria in crab culture ponds.
Moreover, it is necessary to strengthen the treatment of crab culture wastewater before being discharged
into the neighboring lakes in order to reduce the pollution in the lake. According to the survey results
of pollution sources and pollution load of Lake Guchenghu in 2012, the main pollution sources were
aquaculture culture, industrial wastewater, domestic sewage and crop farming. Aquaculture culture
has become the primary source of pollutants in the Lake Guchenghu area [11]. Regular monitoring of
cyanobacteria and cyanotoxin in these mitten crab culture-impacted water bodies is recommended
in order to avoid the large-scale cyanobacteria proliferation, and control their harmful impact on
freshwater “seafood” products and human health.
5. Conclusions
The present study demonstrated that the activities of mitten crab culture played a certain role in
the change of cyanobacterial community structure. In mitten crab ponds, whilst cyanobacteria could
be found throughout the year, the period related to the highest risk was August (summer) because
cyanobacteria (including several potentially harmful species) were most abundant during this time
of the year with biomass reaching 46.80 mg/L. By contrast, the cyanobacteria biomass (3.86 mg/L)
peaked in November in the nearby lake, accounting for a smaller proportion of the total phytoplankton
biomass which have relatively low risk. RDA and Pearson correlation analyses indicated that N:P
ratio, CODMn, TP and NO2−-N had significant influence on cyanobacteria abundance in the lake,
whereas WT, N:P ratio and TP played an important role in cyanobacteria dynamics in mitten crab
culture ponds. This also confirmed that cyanobacteria development was not always affected by the
same set of environmental factors in different types of habitats. The results of this study suggested that
regular monitoring on cyanobacteria dynamics in aquaculture-impacted water bodies is necessary to
accurately evaluate cyanobacteria species’ responses to environmental changes, and predict the risk of
harmful cyanobacterial blooms.
Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/11/12/2468/s1,
Table S1: The list of cyanobacteria species in Lake Guchenghu and adjacent mitten crab ponds (May 2017–February
2018); Table S2: Cyanobacteria community metrics (mean ± standard deviation) observed over four study seasons
in Lake Guchenghu basin. Values were calculated from all sites for each season; Table S4: Summary of redundancy
analysis between environmental factors and cyanobacteria abundance in Lake Guchenghu and adjacent mitten
crab ponds; Table S5: The correlation matrix between RDA axes and environmental factors in Lake Guchenghu
from May 2017 to February 2018; Table S6: The correlation matrix between RDA axes and environmental factors in
mitten crab ponds from May 2017 to February 2018; Table S7: Results of Pearson correlation between dominant
cyanobacteria species and environmental parameters in Lake Guchenghu and adjacent mitten crab ponds.
Author Contributions: Conceptualization, X.G. and H.L.; Methodology, H.C. and Z.M.; Formal analysis, H.L.,
H.C. and H.D.; Investigation, H.C., Z.M. and Q.Z.; Writing-original draft preparation, H.L.; Writing-review and
editing, H.L., H.C. and Z.M.
Funding: This work was supported by the National “Twelfth Five-Year” Plan for Science & Technology (No.
2015BAD13B06), National Natural Science Foundation of China (No. 31870449), Water Conservancy Science
and Technology Project of Jiangsu Province (No. 2017013), Water environment governance projects of Taihu
(TH2018303), the National Key R & D Program of China (No. 2018YFD0900804) and the Major Science and
Technology Program for Water Pollution Control and Treatment (2017ZX07204005).
Acknowledgments: We thank Yuting Wang for her guidance in the data analysis phase.
Conflicts of Interest: The authors declare no conflict of interest.
16
Water 2019, 11, 2468
References
1. Cremona, F.; Tuvikene, L.; Haberman, J.; Nõges, P.; Nõges, T. Factors controlling the three-decade long rise in
cyanobacteria biomass in a eutrophic shallow lake. Sci. Total Environ. 2018, 621, 352–359. [CrossRef]
2. Havens, K.E.; Ji, G.; Beaver, J.R.; Fulton, R.S.; Teacher, C.E. Dynamics of cyanobacteria blooms are linked
to the hydrology of shallow Florida lakes and provide insight into possible impacts of climate change.
Hydrobiologia 2019, 829, 43–59. [CrossRef]
3. Lenard, T.; Ejankowski, W.; Poniewozik, M. Responses of Phytoplankton Communities in Selected Eutrophic
Lakes to Variable Weather Conditions. Water 2019, 11, 1207. [CrossRef]
4. Hu, X.; Zhang, R.; Ye, J.; Wu, X.; Zhang, Y.; Wu, C. Monitoring and research of microcystins and environmental
factors in a typical artificial freshwater aquaculture pond. Environ. Sci. Pollut. Res. 2018, 25, 5921–5933.
[CrossRef] [PubMed]
5. Ndlela, L.L.; Oberholster, P.J.; Van, W.J.H.; Cheng, P. An overview of cyanobacterial bloom occurrences and
research in Africa over the last decade. Harmful Algae 2016, 60, 11–26. [CrossRef]
6. Liao, J.; Zhao, L.; Cao, X.; Sun, J.; Gao, Z.; Wang, J.; Jiang, D.; Fan, H.; Huang, Y. Cyanobacteria in lakes on
Yungui Plateau, China are assembled via niche processes driven by water physicochemical property, lake
morphology and watershed land-use. Sci. Rep. 2016, 6, 36357. [CrossRef]
7. Alvarez, S.; Lupi, F.; Solís, D.; Thomas, M. Valuing Provision Scenarios of Coastal Ecosystem Services:
The Case of Boat Ramp Closures Due to Harmful Algae Blooms in Florida. Water 2019, 11, 1250. [CrossRef]
8. Zeng, Q.; Jeppesen, E.; Gu, X.; Mao, Z.; Chen, H. Cannibalism and Habitat Selection of Cultured Chinese
Mitten Crab: Effects of Submerged Aquatic Vegetation with Different Nutritional and Refuge Values. Water
2018, 10, 1542. [CrossRef]
9. Cai, C.; Gu, X.; Huang, H.; Dai, X.; Ye, Y.; Shi, C. Water quality, nutrient budget, and pollutant loads in
Chinese mitten crab (Eriocheir sinensis) farms around East Taihu Lake. Chin. J. Oceanol. Limn. 2012, 30,
29–36. [CrossRef]
10. Zeng, Q.; Gu, X.; Chen, X.; Mao, Z. The impact of Chinese mitten crab culture on water quality, sediment and
the pelagic and macrobenthic community in the reclamation area of Guchenghu Lake. Fish. Sci. 2013, 79,
689–697. [CrossRef]
11. Gu, X.K.; Gu, X.H.; Zeng, Q.F.; Mao, Z.G.; Li, X.G.; Wang, Y.P.; Wang, W.X. Spatial-Temporal Variation and
Developing Tendency of Water Quality in Gucheng Lake and Inlets and Outlets of the Lake. J. Ecol. Rural
Environ. 2016, 32, 68–75.
12. Fortin, N.; Aranda-Rodriguez, R.; Jing, H.; Pick, F.; Bird, D.; Greer, C.W. Detection of microcystin-producing
cyanobacteria in Missisquoi Bay, Quebec, Canada, using quantitative PCR. Appl. Environ. Microbiol. 2010, 76,
5105–5112. [CrossRef] [PubMed]
13. Brasil, J.; Attayde, J.L.; Vasconcelos, F.R.; Dantas, D.D.; Huszar, V.L. Drought-induced water-level reduction
favors cyanobacteria blooms in tropical shallow lakes. Hydrobiologia 2016, 770, 145–164. [CrossRef]
14. Yang, C.; Nan, J.; Li, J. Driving factors and dynamics of phytoplankton community and functional groups in
an estuary reservoir in the Yangtze River, China. Water 2019, 11, 1184. [CrossRef]
15. Bullerjahn, G.S.; McKay, R.M.; Davis, T.W.; Baker, D.B.; Boyer, G.L.; Anglada, L.V.; Doucette, G.J.; Ho, J.C.;
Irwin, E.G.; Kling, C.L. Global solutions to regional problems: Collecting global expertise to address the
problem of harmful cyanobacterial blooms. A Lake Erie case study. Harmful Algae 2016, 54, 223–238.
[CrossRef]
16. Funari, E.; Manganelli, M.; Buratti, F.M.; Testai, E. Cyanobacteria blooms in water: Italian guidelines to
assess and manage the risk associated to bathing and recreational activities. Sci. Total Environ. 2017, 598,
867–880. [CrossRef]
17. Conley, D.J.; Paerl, H.W.; Howarth, R.W.; Boesch, D.F.; Seitzinger, S.P.; Havens, K.E.; Lancelot, C.; Likens, G.E.
Controlling eutrophication: Nitrogen and phosphorus. Science 2009, 323, 1014–1015. [CrossRef]
18. Heisler, J.; Glibert, P.M.; Burkholder, J.M.; Anderson, D.M.; Cochlan, W.; Dennison, W.C.; Dortch, Q.;
Gobler, C.J.; Heil, C.A.; Humphries, E. Eutrophication and harmful algal blooms: A scientific consensus.
Harmful Algae 2008, 8, 3–13. [CrossRef]
19. Chan, F.; Pace, M.L.; Howarth, R.W.; Marino, R.M. Bloom formation in heterocystic nitrogen-fixing
cyanobacteria: The dependence on colony size and zooplankton grazing. Limnol. Oceanogr. 2004, 49,
2171–2178. [CrossRef]
17
Water 2019, 11, 2468
20. Lee, T.A.; Rollwagen-Bollens, G.; Bollens, S.M.; Faber-Hammond, J.J. Environmental influence on
cyanobacteria abundance and microcystin toxin production in a shallow temperate lake. Ecotoxicol. Environ.
Saf. 2015, 114, 318–325. [CrossRef]
21. Woodhouse, J.N.; Kinsela, A.S.; Collins, R.N.; Bowling, L.C.; Honeyman, G.L.; Holliday, J.K.; Neilan, B.A.
Microbial communities reflect temporal changes in cyanobacterial composition in a shallow ephemeral
freshwater lake. ISME J. 2016, 10, 1337–1351. [CrossRef] [PubMed]
22. Zeng, Q.; Gu, X.; Mao, Z.; Sun, M.; Gu, X. Assessment of trophic levels and phytoplankton variation in
Guchenghu Lake and canal route. Chin. Environ. Sci. 2012, 32, 1487–1494.
23. Jin, X.C.; Tu, Q.Y. The Standard Methods for Observation and Analysis in Lake Eutrophication; China Environmental
Science Press: Beijing, China, 1990; p. 240.
24. Hu, H. The Freshwater Algae of China: Systematics, Taxonomy and Ecology; Science Press: Beijing, China, 2006.
25. Hillebrand, H.; Dürselen, C.; Kirschtel, D.; Pollingher, U.; Zohary, T. Biovolume calculation for pelagic and
benthic microalgae. J. Phycol. 1999, 35, 403–424. [CrossRef]
26. Carmichael, W.W. Health Effects of Toxin-Producing Cyanobacteria: “The CyanoHABs”. Hum. Ecol. Risk
Assess. Int. J. 2001, 7, 1393–1407. [CrossRef]
27. Clarke, K.R. Non-parametric multivariate analyses of changes in community structure. Aust. J. Ecol. 1993,
18, 117–143. [CrossRef]
28. Walls, J.T.; Wyatt, K.H.; Doll, J.C.; Rubenstein, E.M.; Rober, A.R. Hot and toxic: Temperature regulates
microcystin release from cyanobacteria. Sci. Total Environ. 2018, 610, 786–795. [CrossRef]
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Abstract: To overcome the limitations of the normal logistic equation, we aimed to improve the logistic
model under hydrodynamic conditions for the examination of the responses of cyanobacterium,
coupled turbulence mixing, and growth of cyanobacterium in population dynamics models.
Selecting Microcystis aeruginosa and experimenting with the ideal conditions in a laboratory beaker,
the chlorophyll-a concentration reached the corresponding maximum under each turbulent condition
compared with the control. According to the experiment results, the theory of mass transfer,
turbulence mixing, and the logistic equation are organically combined. The improved logistic
growth model of Microcystis aeruginosa and competition growth model in the symbiont Scenedesmus
quadricauda under turbulent conditions were established. Using the MATLAB multi-parameter surface
fitting device, both models produced good fitting effects, with R > 0.95, proving that the results fit
the models, and demonstrating the relationship of the unity of nutrient transfer and algae growth
affected by turbulence mixing. With continuous increases in turbulent mixing, the fitted curve became
smoother and steadier. Algae stimulated by turbulence accelerate reproduction and fission to achieve
population dominance. The improved logistic model quantitatively explains the Microcystis aeruginosa
response to turbulence and provides a basis to represent ecological and biogeochemical processes in
enclosed eutrophic water bodies.
Keywords: Microcystis aeruginosa; logistic equation; max algal population; hydrodynamic;
mass transfer
1. Introduction
In hypertrophic freshwater lakes, turbulent mixing is increasingly thought to be a key factor in the
growth, blooms, and composition of the cyanobacterium Microcystis aeruginosa [1–4]. Turbulent mixing
preventing nuisance blooms of cyanobacterium has been reported at the population and ecosystem
levels in a few cases [5–7]. Bronnenmeier and Märkl [8] found that higher turbulence can result in algal
cell wall breakage, and Regel et al. [9] found that turbulence has little effect on the algae under low
turbulence intensity, whereas high shear turbulence can cause cell deformation or breakage, suggesting
an inhibitory effect of higher turbulence intensities on algae growth. However, due to the complex
interactions between algae physiology and behavior, nutrient dynamics, and the light environment,
many studies failed to accurately characterize these inhibitory effects in nature [10,11]. To qualitatively
describe algae dynamics and correlation with turbulent mixing, researchers have conducted series of
Water 2019, 11, 669; doi:10.3390/w11040669 www.mdpi.com/journal/water21
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laboratory tests or enclosed experiments to produce more controlled environments [12–14]. The velocity
factor has been proposed as the factor for determining the algal growth rate [15]. However, the growth
responses of cyanobacterium compared to the flow velocity and corresponding nutrient uptake
obtained from laboratory experiments are often contradictory [11]. These conflicting results are
not only due to many studies using qualitative analyses, but also due to the adopted flow velocity,
which can only represent the average algal environment rather than the environment surrounding
the cells.
Several studies have reported the algae physiological responses to small-scale fluid motion
and corresponding nutrients uptake at the cellular level. Grobbelaar [16] found that increased
turbulence, which increased exchange rates of nutrients and metabolites between algae cells and
their growth medium, together with increased light/dark frequencies, increased productivity and
photosynthetic efficiency. Arin et al. [17] suggested that small-scale turbulence may affect the
community response differently when nutrient conditions vary. Increased turbulence is relatively
important for phytoplankton when nutrients are plentiful, whereas in nutrient-poor conditions,
the effect of turbulence is negligible. A possible mechanism could be that small-scale turbulence
accelerates the flowing of ions toward the surface of the algae cells; hence, the nutrients can be
absorbed by algae under eutrophic conditions. However, Iversen et al. [18] found that small-scale
turbulence appeared to affect diatoms and primary production rates regardless of nutrient condition. In
terms of nutrient uptake of algae cells, turbulence may have a hysteresis effect on algae cell growth [19].
A reduction in turbulence affects the thickness of the cell laminar boundary layer, which increases the
ion flux to the cell with increasing turbulence intensity. Hondzo and Wuest [20] proposed a conceptual
model describing how to integrate fluid motion in Monod-type kinetics, accounting for the effect
of turbulence on microorganism growth and nutrients uptake. However, the responses of algae to
turbulence flow are species-specific. These conclusions from red tide algae, green algae, and diatoms
may not be useful in explaining the effect of turbulence on cyanobacterium, which have specific
physical characteristics. Xiao et al. [21] found that both Microcystis flos-aquae and Anabaena flos-aquae
adjust their growth rates in response to turbulence levels via the asynchronous cellular stoichiometry
of C, N, and P, and especially the phosphorus strategy, to improve the nutrient use efficiency. However,
the current understanding of the direct effects of small-scale turbulence on M. aeruginosa in eutrophic
water bodies remains limited. Missaghi et al. [22] quantified the influence of fluid motion on the
growth rate and vertical cell distribution of M. aeruginosa.
Shallow lakes are strongly influenced by wind-driven wave turbulence [23]. Microbial
communities are strongly influenced by wind waves, often resulting in the formation and persistence
of cyanobacterial blooms in the surface waters [24,25]. Nutrient supply is also regarded as a main
factor influencing algal mass propagation during bloom periods [26]. Although a number of studies
have investigated the impacts of turbulence and mixing on the growth of several cyanobacteria,
to date, the direct physical effect on the production of microcystins is still unclear [27]. In a six-day
mesocosm experiment in Lake Taihu that is situated in the Changjiang (Yangtze) delta, Zhou et al. [28]
demonstrated that turbulence promoted the growth of Microcystis spp., especially toxic Microcystis
spp., and increased the proportion of toxic Microcystis spp. In the short term (approx. three
days). Zhang [29] conducted a series of laboratory experiments in which nutrients were assumed
to be plentiful and light available was identical, and found that different turbulence intensities
(7.40 × 10−3 m2s−3 < energy dissipation rate ε < 1.50 m2s−3) promoted the growth of Microcystis
aeruginosa compared with the stationary condition, despite some differences in the degree of promotion.
Turbulent mixing increases diffusion rate on cell surface and enhances uptake of nutrients [20,28].
The corresponding largest algae biomass was also found in each experiments, and the algae growth
rate increased with decreased biological saturation as a result of the relationship between nutrition
and space for population growth [29]. Although all the trends of the growth of Microcystis aeruginosa
were in agreement with the logistic growth, existing logistic models cannot characterize the effects of
the different types of bloom outbreaks under different turbulence conditions.
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The aim of present study was to introduce turbulence mixing into the examination of the responses
of Microcystis aeruginosa to coupled turbulence flow and the growth of Microcystis aeruginosa in the
models of population dynamics. In this study, we found: (1) the hybrid hydraulics can increase the
space capacity of algae growth, and (2) the increased rate of algal population is directly proportional
to the space amount of population. On this basis, a beaker experiment with controlled variables was
conducted to study the influence of hydrodynamics on algae growth. Light, temperature, and nutrient
conditions were fixed and the average water mixing rate of the beaker hydrodynamics was used as the
variable in the experiments. An improved logistic model of Microcystis aeruginosa and a competition
growth model with the symbiont Scenedesmus quadricauda were established based on the experimental
results, among which the data for the competition model were obtained from our research team
member Zhang’s masters thesis [29].
2. Materials and Methods
2.1. Experimental Procedure
Microcystis aeruginosa (FACHB-905) and Scenedesmus quadricauda (FACHB-507) were purchased
from the Institute of Hydrobiology, Chinese Academy of Sciences (Wuhan, China). The algae were
cultivated in BG11 culture medium for 1 week until the logarithmic growth phase at 4000 lux light
intensity and a constant temperature of 26 ◦C. Experimental medium and utensils were all sterilized at
121 ◦C for 30 min and then cooled to room temperature before use. Glassware used in the experiments
was prepared by soaking in 0.1 M hydrochloric acid overnight and rinsed. The experiments were
conducted in an artificial climate chamber at constant temperature and light conditions. The specific
volume of the medium was added to a 2 L beaker and then the M. aeruginosa in the logarithmic growth
phase were added to 1800 mL of supplemented media. The date of inoculation was recorded, and algae
density and chlorophyll-a (Chl-a) concentrations were measured every day. Each experiment was
repeated 3 times. The experiment period was 20 days.
2.2. Sample Analysis and Date Processing
Algae growth was quantified using the number of algae cells and Chl-a concentration. Algae
cells were counted using a hem cytometer under an optical microscope (Olympus CX21, Olympus
Corporation, Tokyo, Japan). The Chl-a concentration was determined by phytoplankton classification
using PHYTO-PAM fluorescence analyzer (Walz, Effeltrich, Germany). When the Chl-a concentration
in the sample was higher than 300 μg/L, fluorescence resorption from the chlorophyll molecule could
interfere with the results. To avoid this effect, when the measured Chl-a content was higher than
300 μg/L, the sample was diluted and re-measured.
A magnetic stirrer created circulation flow in the water to form a closed turbulent environment.
Turbulent intensity was controlled by adjusting the speed of the magnetic stirrer. The experiments
included one control and three turbulent conditions with speeds of 100 rpm, 150 rpm, and 200 rpm.
The relationship between water turbulent mixing capabilities and flow velocity were tested throughout
the experiments. A three-dimensional model was established using Pro Engineer wildfire 5.0
(Parametric Technology Corporation, Boston, MA, USA). The Mesh under Ansys14.0 software package
(ANSYS, America) was used to calculate the unstructured mesh. Numerical analysis was fitted using
the cure fitting tool in MATLAB R2013a (MathWorks, Natick, MA, USA). Image data were processed
using Origin Pro 8.0 (OriginLab, Northampton, MA, USA).
2.3. Test for Hydraulic Parameter Description
A high definition camera (Sony NEX-5N, Sony Corporation, Tokyo, Japan) with an EF S18–55 mm
lens that is not used for full frame was used to observe the water mixing characteristics in the beaker.
The parameter was set to 25 frames/s, shutter 1/40 s, and aperture F8. The camera focal plane was
parallel to the container axis. Algae were added to 2 L of water in the test vessel and then the speed of
23
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the magnetic stirrer was adjusted. The camera was turned on when the rotational speed was stable,
and 40 μL dye was added to the water on the surface in the center. The RGB color (Red-green-blue)
gradient was used to record the mixing of the dye. As shown in Figure 1, the dye was completely
mixed into the water. The central vortex flow path controlled the water mixture and resulted in an
exchange between the upper and lower water. For example, the RGB color gradient over time in the
beaker under 100 rpm stirring is shown in Figure 2.
   
(a)  (b)  (c)  
   
(d)  (e)  (f)  
Figure 1. The dye around the beaker achieved complete mixing due to the stirring paddle, among
which Fig a-f are RGB color gradient at the time of 0 s (a), 1 mim (b), 2 min (c), 4 mim (d), 6 min (e) and
complete mixing (f), respectively.
Figure 2. Variation of RGB color gradient with time in a beaker under 100 rpm stirring, among which
the inset image is an enlargement of local data.
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Polynomial was used for fitting discrete data to eliminate noise. The maximum value was taken
as the demarcation point, and the variation of the RGB color gradient over time was divided into
2 parts. The lowest point at the front of the RGB gradient was set as a starting point and the lowest
point at the tail of the RGB gradient value was set as the end point. The interval between the 2 points
was the mixed frame. The mixing time was determined by frame rate. For example, for the beaker
under 100 rpm stirring, the end data fitting is shown in Figure 3. According to the above numerical
method, the mixing time under different stirrer speeds was calculated and the reciprocal mixing time
was taken as the water mixing rate. Figure 4 shows the significant correlation (R2 = 0.9940) between
the mixing time and stirrer speed. So, the mixing disturbance capacity could be described by the
reciprocal mixing time in these beakers.
Figure 3. The end data fitting under 100 rpm stirring, among which the inset image is the variation of
RGB color gradient with time in a beaker under 100 rpm stirring.
Figure 4. Correlation between the mixing time and stirrer speed.
3. Experimental Results and Model Constructing
3.1. Effect of Turbulence Mixing on Growth of Microcystis aeruginosa
Figure 5a,b show the growth of Cyanobacteria (Microcystis aeruginosa) under different
turbulence intensities. Compared to the control condition, turbulence promoted the growth of
25
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Microcystis aeruginosa. The Chl-a concentration change in Microcystis aeruginosa and the change
in the number of algae cells under different turbulent mixing conditions were significantly related
(r > 0.96). As the curves show, the growth trend between different turbulence conditions were
approximately same: the lag phase occurs, then the logarithmic phase is entered, and finally stability
is achieved, in agreement with the logistic growth model. Under the same light intensity and nutrient
level conditions, this kind of algae is assumed to have the same r value (maximum growth rate).
At the beginning of cultivation, M. aeruginosa was in the adaptive phase, in which the synthesis rate
and concentration of Chl-a were lower than during the other phases. After six days, the growth in
Microcystis aeruginosa entered into the logarithmic phase, in which the concentration of Chl-a increased
logarithmically and differences between groups appeared. Based on the microscopic examination of
the blood plate count to determine the cell damage rate, there was no algal cell damage. Under low




Figure 5. (a) Cell number density and(b) Chl-a concentration changes in Microcystis aeruginosa under
different turbulence conditions.
3.2. Construction of Logistic Model under Water Disturbance
3.2.1. Hypothesis
The maximum biomass or maximum abundance (M) is related to the combined homogenization
effects between the nutrients and harmful substances in the water. The homogenization effect
of the concentration field is based on the turbulent mixing. Based on the linear relationship
between the maximum concentrations and turbulence mixing, and combining the maximum space
capacity of algae growth under turbulent conditions, the logistic model can be optimized in terms of
hydrodynamic force.
3.2.2. Modified Equation Deduction Based on Active M
Due to the continuous nutrient consumption and the waste discharge of the cell, the size of the
biological growth space in the surroundings was affected by the mass transfer efficiency between the
tiny water body (the laminar boundary layer) around the cell and the large water body (diffusion rate
of nutrient and self-produced waste of the cell). This mass transfer efficiency was directly proportional
to the concentration gradient between tiny water body (laminar boundary layer) and the large water
body around the cell. Under eutrophication conditions, the beaker can be regarded as a large water
body. Turbulent water mixing can prevent hazardous substances around the cell from accumulating
and replenish nutrients around the tiny water body (Figure 6).
26
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Figure 6. Water mixing can prevent hazardous substances around cell from accumulating and replenish
nutrients around the tiny water body.
As described above, the material transport capacity can be characterized by the fluid replacement
rate to which nutrient transport by microfluidics is related. Assuming that infinity concentration is c,
complete mixture is represented as the speed at which infinite distance fluid replaces the fluid block of





where V is the volume of reactor, T is the complete mixture time, and vreplace is the mixing rate.
The biochemical reaction equation is assumed to be A + B → C + D. Then the growth limitation




where K(ABCD) is reaction rate, A and B are the nutrients, and C and D are the metabolites.
This relationship reflects the effect of the concentration of substances surrounding the cell on
the growth of the cell in the period of balance or dynamic balance. Mass transfer is the key to a
well-distributed concentration field and the limitation on increasing algae density. Under ideal growth
conditions, the concentration of extracellular substances has a significant influence on the growth of
algae. In the impounded body, concentration gradients can reach an equilibrium state within infinite
time. However, cell biological processes are dynamic equilibrium processes, and waste accumulation
and nutrient decrease lead to cell death. So, delayed extracellular diffusion of substances A, B, C, and D
influence the maximum biomass, whereas the hydraulic condition decreases C and D and increases
A and B by homogeneous mixing, which pushes the reaction toward the right, that is, promotes the
growth of algae.
The fluid replacement ratio affects the concentration of the laminar boundary layer material,
which is directly proportional to the nutrient concentration with which the cell is in contact. The fluid
replacement ratio is directly proportional to the concentration of the substances in the area surrounding
of the cell; therefore, the fluid replacement ratio is directly proportional to the mass of cell growth
(maximum biomass or abundance).
The differential form of the logistic function is described as the following: growth speed k is
directly proportional to the residual biomass (M – P):
dP
dt
= kP = r(M − P)P (3)
27
Water 2019, 11, 669
where P is biomass or abundance, t is time, k is growth rate of the algae, and M is maximum biomass
or maximum abundance.
The influence of mass transfer efficiency on maximum biomass (abundance) results in M being
optimized into a linear relationship as follows:
M = M0 + KMvreplace (4)
where M0 is the maximum biomass (abundance) in static moment and KM is constant.





where r is proportional constant of growth rate and space, and t* is the time to reach half of maximum
biomass (abundance).






= M0 + KMvreplace1 + e − (M0 + KMvreplace)(t − t∗) (6)
As such, two-dimensional fitting target formula was achieved. The parameter optimized
hydrodynamic force logistic function can be achieved using the N-t-P relational formula for
parameter fitting.
3.2.3. Model Verification
Multi-parameter estimation adopts least squares estimation based on the regional optimization
idea. In the initial value area, the best function matching of data is found by minimizing the sum
of squared errors. Parameter c is selected to minimize the weighted sum of squares of residuals (or
deviations) between fitting data and actual observed values at each point. The curve is the fitting
curve of data under the meaning of weighted least square. There are many methods that have been
successfully used to solve fitting curves. For linear models, parameters can generally be calculated by
establishing and solving equations and then a fitted curve can be obtained.
The largest iteration number was 400. The calculated cutoff point is the change of residual sum of
squares between fitting data and measured data on the former and latter iteration, which is less than
10-6. The calculated cutoff point is the change of the sum of squared residuals of parameters on the
former and latter iteration was less than 10−6.
3.2.4. Optimized Parameter Estimation of M
The Curve Fitting Tool in MATLAB was used for fitting data. Using a nonlinear least squares
method, Robust is Bisqure and the Levenberg-Marquardt was used. Since the larger sensitivity of
surface fitting to initial value of parameter, the numerical values are estimated.
For the maximum Chl-a concentration, M0 was estimated at 6000 μg/mL and kM was estimated
at 8000. The specific growth rate constant was estimated to be 1.0 × 10−5 at 12 Mmax of 10 days.
The parameter estimation of the abundance of the maximum algae cells number and the calculated
fitting results are shown in the online Supplementary Materials.
3.2.5. Calculation Fitting Results
For the maximum Chl-a concentration, Table 1 shows the parameter estimation based on a 95%
confidence interval and Table 2 shows the fitting evaluation.
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Table 1. The parameter estimation based on 95% confidence intervals (CIs) for the maximum
chlorophyll-a (Chl-a) concentration.
Parameter Calculated Value Estimated Lower Limit Estimated Higher Limit
M0 (μg/mL) 9471 8192 1.075 × 104
km 9779 7527 1.203 × 104
r 2.899 × 10−5 2.059 × 10−5 3.738 × 10−5
t* (d) 11.53 10.72 12.33
Table 2. The fitting evaluation parameters for the maximum Chl-a concentration.
Parameter Value
SSE (sum of squares due to error) 9.682 × 107
R2 0.9411
Adjusted R2 0.9386
RMSE (Root mean square error) 1160
Considering the universality of the function, the Vreplace-t-P relation was employed for drawing
to better show the relationships among turbulent mixing, time, and Chl-a concentration calculated by
the fitting function (Figure 7).
Figure 7. Relationship among hydrodynamic impact factor, time, and Chl-a concentration.
3.3. Deduction of Improved Logistic Function Facing Population Competition
Assuming that there are n kinds of hydrobiontic algae in water, due to the fixed biological capacity
of water body, the corresponding cell differential equation is:
dPi
dt
= kiPi = ri(M − P1 − P2 · · · − Pi · · · − Pn)Pi (7)
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where M is the maximum total biomass or maximum total abundance, ri is the specific growth rate of i
algae, and t∗i is the time that i algae requires to reach half of maximum biomass (abundance).
Combined with N-t-P relationship, the known biomass of Microcystis aeruginosa and the
competition growth formula based on the logistic function in the symbiosis with Microcystis aeruginosa
and Scenedesmus quadricauda is:
P1(t) =





where P1 reflects Scenedesmus quadricauda, in μg/mL, P2 reflects Microcystis aeruginosa in μg/mL,
and kk1 is the biological plot ratio.
According to the experimental results, the average Chl-a concentration of Scenedesmus quadricauda
was 33.91 μg/104 ind (individual) and the average Chl-a concentration of Microcystis aeruginosa was
2.40 μg/104 ind. Under a flow rate of 100 rpm, the maximum biomass and specific growth rate are
listed in Table 3. The adjusted R2 was greater than 0.6.
















100 2620 –2586 0.9205 1.025 ×10−4 21.21
The analysis of the fitted parameters suggested that the competition of different species causes a
decrease in maximum biomass. The transportation and transfer due to water disturbance promotes
growth space competition among cells. For instance, increasing diffusion of Microcystis aeruginosa
toxins further reduces the growth space. Algae stimulated by external factors accelerate reproduction
and fission to achieve population dominance. However, the results showed that algae in the same
ecological niche (Microcystis aeruginosa and Scenedesmus quadricauda have similar biological plot ratios:
Microcystis aeruginosa:Scenedesmus quadricauda = 1:0.9205) compete with each other and slow down the
maximum growth rate. The results obtained from the model agree with observed results.
4. Discussion
Without considering the velocity of mechanical damage, small-scale turbulence strongly influences
the growth of Microcystis aeruginosa. Many studies found that turbulence through water mixing affects
the physico-chemical properties of the water column, increases the diffusion rate on the cell surface,
and enhances the uptake of nutrients [20,30–32], which then promotes the growth of Microcystis
spp., especially the toxic Microcystis spp. In controlled laboratory experiments, where nutrients are
plentiful and available light is identical, different turbulent conditions have promoted the growth
of Microcystis aeruginosa. Compared with the control condition, the Chl-a concentration reached the
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corresponding maximum under each turbulence condition. The growth rate of Microcystis aeruginosa
decreased with increasing biological saturation in the limited beaker space, reflecting the restriction of
nutrition and space on algal population growth. The population dynamics was consistent with the
logistic function under each turbulence condition. The improved logistic growth model of M aeruginosa
and the competition growth model with the symbiont S. quadricauda under turbulent conditions
were established based these experimental results. We introduced turbulence for the examination
of physiological responses of Microcystis aeruginosa, coupled turbulence, and growth of Microcystis
aeruginosa in the models of population dynamics. The R value of the fitting curve was greater than
0.9, confirming the results fit the model and the unity of the nutrient and algae growth relationship
affected by hydrodynamic force. With the increase in turbulence intensity, turbulence has a limited
influence on algal growth space.
Phytoplankton population dynamics are controlled by the relative rather than absolute timescales
of mixing [33]. Zhou et al. [28] found the short-term (approx. three days’) turbulence favored the
growth of toxic Microcystis species. In an ideal environment, they assumed that same algae species
have similar r values. The initial algae biomass and the r value dominate the beginning of the growth
curve. The well-fitted algae curves and similar growth rates support the former hypothesis. At the
end of the growth period, the algal population limit influences the size of the algal population. Algal
population has a maximum biomass that can change with the turbulence conditions, which proves
the feasibility of our conjecture. In the improved logistic growth model of M. aeruginosa, compared
with the static conditions, water turbulence can promote the growth of M. aeruginosa and increase
the concentration of chl-a under certain turbulence intensity. This conclusion fits the experiment
data that showed that algae growth curves are similar to each other under the conditions of high
rotational speed. Water turbulence may provide an advantage for M. aeruginosa in allowing access to
more nutrients and preventing the accumulation of hazardous material around cell by changing the
thickness of the extracellular laminar boundary layer. The same phenomenon has also been observed
in other studies [34,35].
Under competition conditions, the fitted results confirm the maximum biomass conjecture that
similar maximum biomasses occur under different hydraulic conditions and the influence of the
flow rate on maximum algae biomass is similar to a linear relationship. The growth rates of algae
under competition compared from single algae is larger, which conforms to the explanation that
Microcystis aeruginosa toxin has a carcinogenic mechanism. Cancer due to biotoxicity leads to a
decrease in total biomass but improved multiplication capacity and increased death rates. Moreover,
high intensity turbulence mixing plays an important role in Scenedesmus quadricauda becoming
a dominant species, in agreement with other observed data that showed that potentially toxic
cyanobacteria predominate under low turbulence, whereas diatoms and green algae dominate growth
under high turbulence [10]. Compared with other phytoplankton, many previous studies have
suggested that Cyanobacteria can adjust their position in the water by changing their buoyancy
to obtain more nutrients, causing Cyanobacteria blooms. When the turbulence intensity increases,
the absorption and photosynthetic efficiency of Scenedesmus quadricauda increases in the growth space,
and the competitive advantage of Microcystis aeruginosa decreases. Cyanobacteria are more sensitive
to small-scale turbulence than green algae, resulting in inhibition of growth under high intensity
mixing [36].
5. Conclusions
(1) According to the experimental results, the timing of the lag and logarithmic growth phases were
similar between turbulence treatments. The process starts from the lag phase, then enters a logarithmic
phase, and finally reaches a stable phase, which fits the logistic growth curve. However, the abundance
differed between treatments, showing that increases in turbulence can increase growth rate.
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(2) Based on the logistic basic function, a planktonic algae model under hydrodynamic conditions
was established. When R > 0.95, well-fitted results were obtained, in which the algae growth better
matched an s-shaped curved surface growth.
(3) Under the same conditions of adequate nutrients and light, the same type of planktonic algae
have a logistic growth rate ratio constant r. Water changes the extracellular environment of planktonic
algae through the mass transfer effect and then changes the growth limitation of algae, thus affecting
the algal group size. However, water flow enhances the algae biomass. With a continuous increase in
flow speed, the fitted curved surface becomes smoother and steadier.
Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/11/4/669/s1.
Table 1. The parameters estimation based on 95% confidence interval for maximum cell number of abundance.
Table 2. The fitting evaluation parameters for maximum cell number of abundance.
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Abstract: Light is an important factor that affects cyanobacterial growth and changes in light can
influence their growth and physiology. However, an information gap exists regarding light-induced
oxidative stress and the species-specific behavior of cyanobacteria under various light levels. This study
was conducted to evaluate the comparative effects of different light intensities on the growth and
stress responses of two cyanobacteria species, Pseudanabaena galeata (strain NIES 512) and Microcystis
aeruginosa (strain NIES 111), after periods of two and eight days. The cyanobacterial cultures were
grown under the following different light intensities: 0, 10, 30, 50, 100, 300, and 600 μmol m−2 s−1.
The optical density (OD730), chlorophyll a (Chl-a) content, protein content, H2O2 content, and the
antioxidative enzyme activities of catalase (CAT) and peroxidase (POD) were measured separately in
each cyanobacteria species. P. galeata was negatively affected by light intensities lower than 30 μmol
m−2 s−1 and higher than 50 μmol m−2 s−1. A range of 30 to 50 μmol m−2 s−1 light was favorable for
the growth of P. galeata, whereas M. aeruginosa had a higher tolerance for extreme light conditions.
The favorable range for M. aeruginosa was 10 to 100 μmol m−2 s−1.
Keywords: cyanobacterial growth; stress responses; Pseudanabaena galeata; Microcystis aeruginosa;
oxidative stress; antioxidative enzymes
1. Introduction
Eutrophication and global warming have promoted the growth of cyanobacteria in freshwater
systems worldwide, and this trend is expected to increase in the future [1]. Cyanobacterial blooms are
a serious issue in fresh, brackish, and marine water, as they decrease light penetration through the
water and deplete dissolved oxygen, causing mortality for aquatic life [2]. Cyanobacteria are oxygenic
autotrophs, constituting the largest and most diverse community of photosynthetic prokaryotes [3].
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They play imperative roles in carbon and nutrient cycling in aquatic systems, as well as in degrading
water quality and safety, causing numerous problems with water sources and ecosystem management [4].
From an environmental perspective, cyanobacterial blooms and their effects have been reported in
the scientific literature for more than a century, and their probability and severity have both escalated
over time [5]. The mass development of cyanobacteria has resulted in various negative consequences
including eutrophication, ecosystem imbalances, and scenic impairments [6]. Their ability to produce
toxic secondary metabolites is becoming an increasingly important environmental issue, which is
threatening human, animal, and plant health. Cyanobacterial blooms can, thereby, lead to ecosystem
destruction [7,8]. Given these problems, gaps in our knowledge of cyanobacteria must be filled.
It is important to understand the environmental factors associated with cyanobacterial growth and
metabolism to address real world problems. This subject has been extensively mentioned in connection
to climate change [9,10], and anthropogenic activities associated with land use changes are also being
experienced worldwide and have been widely discussed in the literature [11,12]. Cyanobacteria have
several environmental drivers, such as water temperature, water column irradiance, and stratification
of the water column coupled with long residence time, the availability of nitrogen (N) and phosphorus
(P), and the turbidity and salinity of water. Of these drivers, light intensity is a particularly important
determinant of the growth of cyanobacterial blooms [13]. The growth patterns of cyanobacteria
respond to different light intensities via morphological and physiological changes [14], and detailed
investigation of these changes is vital for the formulation of both proactive and reactive planning for
freshwater resources management.
Pseudanabaena galeata and Microcystis aeruginosa are two cyanobacteria species that are known to
degrade water quality and safety in many parts of the world [15]. P. galeata is a non-bloom-forming
species, however, it forms odorous 2-methylisoborneol (2-MIB) which causes operational issues
with water supplies [16]. M. aeruginosa is a bloom forming species that synthesizes secondary toxic
metabolites, namely microcystins, which affect water safety, and therefore human health, thereby
posing serious social and ecological hazards [17,18]. In addition to these concerns that arise with both
species, their worldwide occurrences have increased as eutrophication and global warming which
together have provided suitable conditions for vigorous growth [19,20].
As the frequency of cyanobacteria blooms continues to increase, various control measures
are being applied to control their growth [21]. Methods such as the mixing of water in lakes or
reservoirs mainly focus on exposing cyanobacteria to low levels of light. However, the photosynthetic
organisms of cyanobacteria can also be stressed by high-light exposure, and the excess energy produces
reactive oxygen species (ROS), which cause severe photodamage to their cellular components [22,23].
The growth rates of Microcystis and Anabaena species are high under low-light levels (25 μmol m−2 s−1),
however, these growth rates decrease under high-light levels (200 μmol m−2 s−1) [22,24].
Although high-light levels can negatively affect cyanobacteria species, the responses and
relationships of their oxidative stress, antioxidant, pigmentation, and protein contents are currently
not well understood. Therefore, in this study, we aimed to explore the responses of P. galeata
and M. aeruginosa to low-light and high-light stressors. We measured hydrogen peroxide (H2O2),
antioxidant enzymes (catalase (CAT) and peroxidase (POD)), chlorophyll a (Chl-a), protein contents,
and optical densities (OD730) under different light conditions. The growth performances of these two
species were calculated and validated using cyanobacteria growth models proposed by Steele [25],
Platt and Jassby [26], and Peeters and Eilers [27], to determine the applicability of our findings to
cyanobacteria control.
2. Materials and Methods
2.1. Cyanobacterial Cultures and Incubation
Strains of the cyanobacterial species P. galeata and M. aeruginosa were obtained from the National
Institute for Environmental Studies (NIES) at Ibaraki, Japan. The samples were cultured in BG-11
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medium [28] and acclimatized for 14 days inside an incubator (MIR-254, Sanyo, Tokyo, Japan) at
20 ◦C; they underwent manual shaking three to five times per day. The samples were cultured under
controlled light conditions, with photon flux levels of 20 to 30 μmol m−2 s−1 emitted from cool white
fluorescent lamps (5000 K color temperature). The cycle of light conditions to dark conditions was
maintained at 12 h light and 12 h dark [29], using an automatic setup time device (REVEX PT7,
Saitama, Japan).
2.2. Growth Experimental Setup
All of the experiments were conducted inside an incubator (MIR-254, Sanyo, Tokyo, Japan) at
a constant temperature of 20 ◦C throughout the experimental period. To characterize the growth
response to different light conditions, incubated P. galeata (NIES 512) and M. aeruginosa (NIES 111) cells
were separately subjected to seven different photon flux levels (0, 10, 30, 50, 100, 300, and 600 μmol m−2
s−1); a constant temperature of 20 ◦C was used to calculate the saturation light intensities. Light was
supplied from cold white fluorescent lamp sources. The cultures were maintained in an illumination
cycle of 12 h light and 12 h dark (12L:12D). Zero μmol m−2 s−1 light intensity means that there was no
light source; these cultures were maintained in 24 h of darkness. The light intensities were measured
using a quantum sensor (ml-020P, EKO Instruments Co., Ltd., Tokyo, Japan), and were read as voltage
output (mV) by a voltage logger (LR5041, HIOKI, Nagano, Japan). The cells that were cultured under
different light levels were sampled for Chl-a and enzyme analysis in two-day intervals. To ensure the
homogenous exposure of cells to the light environment, the cyanobacteria cultured flasks were shaken
gently five times a day. Each treatment was performed in triplicate.
2.3. Measuring Protein
The concentration of protein was measured using the Bradford method [30]. A crude protein
extract was discolored with Coomassie (G-250). After incubation at room temperature (25 ± 2 ◦C) for
10 min, the absorbance was measured at 595 nm using an ultraviolet visible (UV-Vis) spectrometer
(UVmini-1240, Shimadzu, Kyoto, Japan). Protein was diluted with the same buffer and was stained
with Coomassie (G-250) dye and used to prepare the standard curve; deionized water was used as
the blank.
2.4. Measuring OD730
To estimate the growth of cyanobacteria, the OD730 was measured by taking 1 mL of sample from
each flask. The OD730 was measured with a UV-Vis spectrophotometer (UVmini-1240, Shimadzu, Kyoto,
Japan) at an optical absorption wavelength of 730 nm, using a previously proposed methodology [31,32].
2.5. Measuring Chlorophyll a Content
The concentration of Chl-a in the cyanobacteria samples was measured according to the method
described by Holm and Romo [33,34]. The 1 mL cell suspensions of the two species were centrifuged
separately at 10,000× g for 10 min at 4 ◦C, and the supernatant was removed. Each cell pellet was
washed once with Milli-Q water and then extracted in 1 mL of 80% acetone. The mixture was shaken
vigorously and maintained in darkness overnight at room temperature (25 ± 2 ◦C). Then, each sample
was again centrifuged at 10,000× g, and the supernatant was measured with a UV-Vis spectrophotometer
(UVmini-1240, Shimadzu, Kyoto, Japan) at absorption wavelengths of 660 and 645 nm. To correct for
the absorbance for pheophytin a, the samples were acidified with 0.1 N HCL, and their absorbance
was measured again. The chlorophyll a content was calculated by using Equation (1) [33]:
Chl− a = (9.76×A660) − (0.99×A645) (1)
where Chl − a is the content of chlorophyll a (expressed in μg per mL), and A660 and A645 are the
absorbance values 660 nm and 645 nm, respectively.
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2.6. Measuring H2O2 Content
The method specified by Jana [35] was employed to measure the H2O2 concentration in the
cultured cyanobacteria samples. The P. galeata (NIES 512) and M. aeruginosa (NIES 111) cell pellets
were obtained by centrifuging at 10,000× g for 10 min and removing the supernatant. The cell pellets
were washed once with Milli-Q water and homogenized in 1 mL of 0.1 M pH 6.5 phosphate buffer
to extract the internal H2O2. The homogenate was then centrifuged at 10,000× g for 10 min at 4 ◦C
and the extract was used for H2O2 estimation. A reaction mixture of 0.1% titanium chloride in 20%
H2SO4 (v/v) was added to the supernatant, and after a 1 min incubation period, the mixture was
centrifuged at room temperature (25 ± 2 ◦C) and the absorbance was measured at 410 nm with a UV-Vis
spectrophotometer (UVmini-1240, Shimadzu, Kyoto, Japan). The H2O2 concentration was determined
using the pre-prepared standard curve for known concentration series. An extinction coefficient of
0.28 mmol−1 cm−1 was used to calculate the concentration of H2O2 in μmol mL−1.
2.7. Measuring CAT Activity
The CAT activity was measured using the method proposed by Aebi [36]. The cyanobacteria
cells were homogenized in a phosphate buffer (pH 7.0), supernatant liquid was, then, taken as an
enzyme extract, after being centrifuged at 12,000× g at 4 ◦C for 10 min. The decrease in absorbance at
240 nm was recorded for 3 min. The CAT activity was calculated using an extinction coefficient of
39.4 mM−1 cm−1.
2.8. Measuring POD Activity
The POD activity was measured based on guaiacol oxidation, as proposed by MacAdam [37].
The reaction mixture contained 920 μL of 100 mM potassium phosphate buffer (pH 6.8), 15 μL of 0.6%
H2O2, and 65 μL of enzyme extract. The increase in absorbance was measured at 420 nm every 10 s for
3 min.
2.9. Cell Growth Measurement and Different Model Fitting
The cell growth of cyanobacteria was measured using OD730 measurements. OD730 was measured
using a UV-Vis spectrophotometer (UVmini-1240, Shimadzu, Kyoto, Japan).
The cell growth measurements were compared with three cell growth models that have been
proposed for cyanobacteria growth [25–27]. The cell growth of cyanobacteria was measured using
OD730 measurements, which were applied to the growth rate in Equation (2) [38]. Then, the calculated






where μ is the cell growth rate, t is the time in days, ODt is the optical density after t days, and ODt is the
optical density at the beginning of the experiment zero time. Different models proposed by Steele [25],
Platt and Jassby [26], and Peeters and Eilers [27] were fitted to our experimental observations [39].
The model proposed by Steele [25], named Model I, is written as:





where μT,I is the growth rate at light intensity I, and μmaxT and IoptT are the estimated maximal growth
rates and the optimal light intensity at temperature T, respectively.
The model proposed by Platt and Jassby [26], named Model II, is written as:
μT,I = μmaxT × tan h[α× (I − Ic)/μmaxT] (4)
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where α is the growth efficacy, Ic is the estimated light intensity without growth (Ic ≥ 0), and tanh is the
hyperbolic tangential function.
The model proposed by Peeters and Eilers [27], named Model III, is written as:















where β is the attenuation coefficient, which allows for consideration of the photoinhibition
phenomenon.
2.10. Statistical Analysis
All the presented results are expressed as the mean ± SD (n = 3). A two-way analysis of variance
(ANOVA) followed by Tukey’s post-hoc tests were performed to examine the statistical significance of
variations among the means between the light exposure period and light intensity combinations used
for P. galeata and M. aeruginosa. Statistical analyses were performed by using IBM SPSS Statistics for
Windows, Version 25.0. (Armonk, NY, USA: IBM Corp).
3. Results
The protein concentrations of P. galeata and M. aeruginosa species after two- and eight-day periods
of exposure to light of different intensities are presented in Figure 1a,b. After the two-day period of
exposure, the protein concentrations of each exposure condition were nearly the same as the initial
values, 61.6 ± 3.0 μg mL−1 for P. galeata (F6,14 = 1.250 and p = 0.34) and 54.5 ± 0.70 μg mL−1 for
M. aeruginosa (F6,14 = 3.960 and p = 0.016). However, for P. galeata (F6,14 = 32.795 and p < 0.0001) the
concentration substantially increased after eight days. It increased rapidly up to 100 μmol m−2 s−1,
and then continued to increase at a slower rate up to 600 μmol m−2 s−1. For M. aeruginosa (F6,14 = 34.824
and p < 0.0001), the protein concentration exhibited a decreasing trend with respect to increasing
light intensity, which is an almost opposite trend to that of P. galeata. The protein concentration of
M. aeruginosa decreased rapidly up to a light intensity of 100 μmol m−2 s−1 and, then, continued to
decrease at a slower rate up to 600 μmol m−2 s−1.
Figure 1. Changes in protein concentration with respect to light intensity after two and eight days for
two species. (a) Pseudanabaena galeata; (b) Microcystis aeruginosa.
The variations in OD730 with respect to light intensity are presented in Figure 2a,b. P. galeata
and M. aeruginosa both showed a statistically significant difference between the two- and eight-day
periods of exposure (P. galeata F6,28 = 188.811, p < 0.0001 and M. aeruginosa F6,28 = 145.041, p < 0.0001).
After two days, relatively constant OD730 values were observed under all of the light intensities, for
both P. galeata and M. aeruginosa. The eight-day OD730 value of P. galeata increased under 30 and 50
μmol m−2 s−1 light intensities and, then, decreased under higher light intensities over the two-day
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period. However, the OD730 values of M. aeruginosa after eight days were approximately double the
OD730 values of P. galeata.
Figure 2. Changes in OD730 with respect to light intensity after two and eight days. (a) P. galeata;
(b) M. aeruginosa.
The Chl-a concentrations of P. galeata and M. aeruginosa under different light intensities are
presented in Figure 3a,b. The Chl-a concentrations of P. galeata and M. aeruginosa showed a statistically
higher significant difference after eight than after two days (P. galeata F6,28 = 21.876, p < 0.0001 and M.
aeruginosa F6,28 = 9.036, p= 0.0001). After the two-day exposure, the Chl-a concentrations of both species
showed a slightly decreasing trend after 50 μmol m−2 s−1. After eight days, the Chl-a concentration
increased under 30 and 50 μmol m−2 s−1 for P. galeata, however, it decreased more under the high-light
intensity than that after the two-day exposure. After eight days, the Chl-a content of M. aeruginosa
also followed the same trend as P. galeata, but with different values. Chl-a gradually increased up to
50 μmol m−2 s−1 light intensity, and then started to degrade under higher light intensities.
Figure 3. Changes in chlorophyll a (Chl-a) content with respect to culture light intensity. (a) P. galeata;
(b) M. aeruginosa under different light intensities (0 to 600 μmol photons m−2 s−1) after two and
eight days.
The ratio of H2O2 per protein (H2O2/protein) over different light intensities is shown in Figure 4a,b.
After two days, P. galeata’s H2O2/protein decreased under 30 and 50 μmol m−2 s−1, increased gradually
up to 300 μmol m−2 s−1, and then remained level under 600 μmol m−2 s−1. After eight days,
the H2O2/protein was steady up to 100 μmol m−2 s−1 and, then, followed a decreasing trend under
300 and 600 μmol m−2 s−1. The H2O2/protein of M. aeruginosa showed an increasing trend up to
100 μmol m−2 s−1 under both two and eight days of exposure. Then, under 300 and 600 μmol m−2
s−1, we observed a slightly increasing trend for the two-day exposure and a decreasing trend for the
eight-day exposure. Both P. galeata and M. aeruginosa showed a statistically significant difference in
H2O2/protein after eight days as compared with after two days (P. galeata F6,28 = 9.036, p < 0.0001 and
M. aeruginosa: F6,28 = 10.864, p < 0.0001).
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Figure 4. Changes in H2O2/protein with respect to culture light intensity. (a) P. galeata; (b) M. aeruginosa,
after two and eight days.
The relationship between Chl-a content and H2O2 is shown in Figure 5a,b. We found a clear
negative correlation between Chl-a content and H2O2 for P. galeata (correlation coefficient, r = 0.94)
and M. aeruginosa (r = 0.71) after the two-day period only. The Chl-a content and H2O2 results were
scattered beyond the two-day period. Both species P. galeata (F6,28 = 40.569 and p < 0.0001) and
M. aeruginosa (F6,28 = 16.026 and p < 0.0001) showed statistically significant differences.
Figure 5. Chl-a content and H2O2. (a) P. galeata; (b) M. aeruginosa, after two and eight days.
Figure 6a,b depicts the H2O2 per OD730 (H2O2/OD730) variation with respect to light intensity
for both species after two and eight days. After two days, P. galeata H2O2/OD730 remained the same
across the light intensities. However, for M. aeruginosa, H2O2/OD730 decreased for 10 and 30 μmol
m−2 s−1, and then increased with further increasing light intensities. After eight days, P. galeata
H2O2/OD730 increased more significantly than after two days of exposure, except for under 30 μmol
m−2 s−1 (F6,28 = 69.894, p < 0.0001). For M. aeruginosa, H2O2/OD730 decreased significantly from a light
intensity of 30 μmol m−2 s−1 (F6,28 = 13.964, p < 0.0001). We identified a clearer positive correlation
between H2O2/OD730 and light intensity for P. galeata after two days of exposure (r = 0.74) and after
eight-day exposure (r = 0.88), as well as for M. aeruginosa after two (r = 0.91) and eight (r = 0.54) days
of exposure.
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Figure 6. H2O2/OD730 with respect to culture light intensity. (a) P. galeata; (b) M. aeruginosa, under
different light intensities (0 to 600 μmol m−2 s−1) after two and eight days.
The CAT activity of two cyanobacteria species were found to be a function of H2O2/protein,
as shown in Figure 7a,b. P. galeata showed a statistically significant difference (F6,28 = 2.870, p = 0.026),
as did M. aeruginosa (F6,28 = 2.881, p = 0.026). The CAT activity was highest for the two-day period
for the highest H2O2/protein values; after that, its value decreased with decreasing H2O2/protein for
P. galeata. In contrast, H2O2/protein increased with time for M. aeruginosa, therefore, a higher CAT
activity was generated.
Figure 7. Catalase (CAT) activity with respect to H2O2/protein. (a) P. galeata; (b) M. aeruginosa, under
different light intensities (0 to 600 μmol photons m−2 s−1) after two and eight days.
The POD activity of the two cyanobacteria species was also found to be a function of H2O2/protein,
as shown in Figure 8a,b. P. galeata showed a statistically significant difference (F6,28 = 16.452, p < 0.0001),
as did M. aeruginosa (F6,28 = 3.640, p = 0.009). In P. galeata, POD activity after two days was higher
than that in the eight-day experiment. In contrast, in M. aeruginosa, the POD activity increased with
increasing H2O2/protein during both experiments.
Figure 8. Peroxidase (POD) activity in relation to H2O2/protein. (a) P. Galeata; (b) M. aeruginosa, under
different light intensities (0 to 600 μmol m−2 s−1) after two and eight days.
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The trend was also observed in the color of the sample, which changed after both periods under
different light intensities, as shown in Figure 9.
Figure 9. Photographs showing growth during the two- and eight-day periods. (a) P. galeata; (b) M.
aeruginosa, under different light intensities (0 to 600 μmol m−2 s−1).
The observed growth rates were fitted to the models proposed by Steele (Model I) [25], Platt and
Jassby (Model II) [26], and Peeters and Eilers (Model III) [27]. The observed two-day growth rate of
P. galeata fitted Model II, and the eight-day growth rate fitted Model I (Figure 10). The observed two-
and eight-day data of M. aeruginosa fitted Model III, and the eight-day data fitted model III. P. galeata
attained a maximum growth rate of 0.13 day−1 within the first two days under a light intensity of
100 μmol m−2 s−1, whereas M. aeruginosa attained a maximum growth rate of 0.15 day−1 within the first
two days under a light intensity of 30 μmol m−2 s−1 (Figure 11). The mean growth rates of P. galeata
and M. aeruginosa were 0.08 day−1 and 0.12 day−1, respectively, achieved under a light intensity of
30 μmol m−2 s−1.
Figure 10. Growth rates of P. galeata and M. aeruginosa as a function of light intensity at different time
intervals. (a) Two days; (b) eight days. The observed data were fitted with the models proposed by
Steele (Model I) [25], Platt and Jassby (Model II) [26], and Peeters and Eilers (Model III) [27].
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Figure 11. Comparison of growth rates of P. galeata and M. aeruginosa under different light intensities.
The central lines indicate the median, and the bottom and top edges of each box indicate the 25th
and 75th percentiles, respectively. The whiskers extend to the most extreme data points that were not
considered outliers, and the circles indicate the mean value.
4. Discussion
Two cyanobacteria species, P. galeata and M. aeruginosa, exhibited different responses under
different light intensities, and with respect to increasing light conditions, particularly when exceeding
50 μmol m−2 s−1. P. galeata was negatively affected when the light intensity exceeded 100 μmol m−2 s−1,
and M. aeruginosa was also negatively affected. However, under two days of exposure, neither species
was influenced, even by the extreme light conditions (300 and 600 μmol m−2 s−1), suggesting that under
a short exposure to high-light intensity, both species would survive. However, the extended exposure
(eight days) increased the stress on both species. Therefore, both species have the capacity to tolerate
light stress for shorter durations but lose this tolerance after extended exposure periods. Light intensities
between 30 to 50 μmol m−2 s−1 can be considered preferable light conditions for P. galeata growth; with a
corresponding range of 10 to 100μmol m−2 s−1 for M. aeruginosa (Figure 11). These findings show similar
trends to previously published results, as the growth of Microcystis and Anabaena species increased
under low light (25 μmol m−2 s−1) but decreased under high light (200 μmol m−2 s−1) [22,24,34].
However, we confirmed that light intensities exceeding 200 μmol m−2 s−1 further intensified stress
on both cyanobacteria species. As the only parameter that was varied in the present experiment was
light, this suggests that cells become stressed mainly due to photosystem-produced H2O2, even at
light intensities under 600 μmol m−2 s−1, as in most cyanobacteria species, photoinhibition occurred
when the light intensity exceeded 1000 μmol m−2 s−1 [40–42].
The reduced protein content, which reflects increased stress or vice versa for M. aeruginosa and
most cyanobacteria species [43], decreased more after the eight-day period than the two-day period,
independent from the light intensity. This reveals that M. aeruginosa has a defense mechanism to prevent
cell damage from light (Figure 1a,b). The observed decreases in protein content with increasing light
intensity in M. aeruginosa are a result of decreased phycobiliprotein synthesis, which protects against
the absorption of excess light energy and the increased degradation of protein by proteases [44–46].
The increased OD730 of M. aeruginosa, except at 0 and 600 μmol m−2 s−1 (two- and eight-day differences
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in M. aeruginosa OD730 under 600 μmol m−2 s−1 minimum as compared with P. galeata), evidences the
survival and continuous cell proliferation of M. aeruginosa. P. galeata, which appeared to be relatively
weak, strictly preferred 30 and 50 μmol m−2 s−1, and experienced high stress under lower or higher
light intensities, considering the Chl-a content and OD730. However, the observed increases in protein
content with increasing light stress suggest that there was a deviated stress response for P. galeata.
The increased protein content can be associated with the upregulation of stress-related protein, as the
oxidative stress was enforced due to the elevated H2O2 content with increasing light intensity [47].
However, further research focused on the upregulation of stress proteins is necessary to confirm
this phenomenon.
The oxidative stress response mechanism, in cyanobacteria, helps to protect from extreme
environmental conditions and can trigger antioxidant defense system responses [48]. The balance
between the oxidative stress and antioxidative enzymes is disturbed by abiotic stress factors, and cells
are subjected to oxidative stress in these conditions [49,50]. In this study, the H2O2 concentrations
of both species were enhanced under low light (0 and 10 μmol m−2 s−1) and high light (100 to
600 μmol m−2 s−1) intensities. After two days, the CAT and POD activities of P. galeata showed
scattered trends with respect to oxidative stress (Figure 7), whereas for M. aeruginosa, they showed
increasing trends (Figure 8). However, when testing the regression relationships between H2O2/protein
and antioxidant enzymes, CAT activity was found to have a strong relationship as compared with the
POD of both species (CAT: M. aeruginosa r = 0.89 and P. galeata r = 0.90; POD: M. aeruginosa r = 0.75
and P. galeata r = 0.45). This confirms that the CAT activity of both cyanobacteria species played a
more prominent antioxidant activity role than POD. Under higher stress, the antioxidant balance was
also lost.
These findings show that high levels of light exposure can be adopted as a non-chemical method
to control P. galeata and M. aeruginosa. This approach differs from methods such as the artificial mixing
of water in lakes and reservoirs, which are based on the hypothesis that low-light exposure suppresses
cyanobacteria growth [21]. However, we suggest that, in the case of controlling of P. galeata and
M. aeruginosa, both low- and high-light exposure can be used effectively. Practical methods should
be further studied to determine the field implications of high-light exposure for controlling these
species. Particular focus should be given to methods that would keep the water column illuminated,
thereby exceeding the light levels tolerable for P. galeata and M. aeruginosa. The growth performance of
these two cyanobacteria species was fitted with one or more mathematical models tested (Figure 10),
which confirmed the fit of the present data for the evaluation of growth responses of P. galeata and M.
aeruginosa under low- and high-light conditions.
5. Conclusions
The availability of 30 to 50 μmol m−2 s−1 light was found to be a favorable illumination range for
P. galeata, with the corresponding range for M. aeruginosa being 10 to 100 μmol m−2 s−1. Beyond the
optimal light intensities, the growth of the two cyanobacteria species was reduced. M. aeruginosa
demonstrated higher tolerance to higher light intensities than P. galeata. High-light intensities, at which
growth was lowest, could be used to develop control mechanisms, or to improve the present methods
based on low-light exposure. This could help to effectively control cyanobacteria in water bodies.
The fitting of the present results with the cyanobacteria growth models confirms that the growth
responses of P. galeata and M. aeruginosa to different light conditions can be modeled to predict and
control their occurrence.
Author Contributions: For conceptualization and methodology, G.M. and T.A.; software, validation, formal
analysis, and writing—original draft preparation, G.M.; writing—review and editing, G.M., T.A., S.M.D.H.J.,
M.B.B., and M.H.R.; supervision, T.A.; data curation, G.M, M.B., H.D.L.A., and H.Y.; funding Acquisition, T.A. and
S.J. All authors have read and agreed to the published version of the manuscript.
Funding: This research was funded by the Japan Society for the Promotion of Science (JSPS), JSPS KAKENHI
grant numbers 19H02245 and 18K13833.
45
Water 2020, 12, 407
Acknowledgments: We would like to give special thanks to Saitama University for providing laboratory and
also give thanks to Kyoko Endo for administrative role during purchasing chemicals, materials and tools for this
research study.
Conflicts of Interest: The authors declare no conflict of interest.
References
1. Trolle, D.; Nielsen, A.; Rolighed, J.; Thodsen, H.; Andersen, H.; Karlsson, I.; Refsgaard, J.C.; Olesen, J.;
Bolding, K.; Kronvang, B.; et al. Projecting the future ecological state of lakes in Denmark in a 6 degree
warming scenario. Clim. Res. 2015, 64, 55–72. [CrossRef]
2. Wang, B.; Wang, X.; Hu, Y.; Chang, M.; Bi, Y.; Hu, Z. The combined effects of UV-C radiation and H2O2 on
Microcystis aeruginosa, a bloom-forming cyanobacterium. Chemosphere 2015, 141, 34–43. [CrossRef]
3. Demoulin, C.F.; Lara, Y.J.; Cornet, L.; François, C.; Baurain, D.; Wilmotte, A.; Javaux, E.J. Cyanobacteria
evolution: Insight from the fossil record. Free. Radic. Boil. Med. 2019, 140, 206–223. [CrossRef]
4. Yan, D.; Xu, H.; Yang, M.; Lan, J.; Hou, W.; Wang, F.; Zhang, J.; Zhou, K.; An, Z.; Goldsmith, Y. Responses of
cyanobacteria to climate and human activities at Lake Chenghai over the past 100 years. Ecol. Indic. 2019,
104, 755–763. [CrossRef]
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Abstract: Our understanding of the source of methane (CH4) in freshwater ecosystems is being revised
because CH4 production in oxic water columns, a hitherto inconceivable process of methanogenesis,
has been discovered for lake ecosystems. The present study surveyed nine Japanese deep freshwater
lakes to show the pattern and mechanisms of such aerobic CH4 production and subsurface methane
maximum (SMM) formation. The field survey observed the development of SMM around the
metalimnion in all the study lakes. Generalized linear model (GLM) analyses showed a strong negative
nonlinear relationship between dissolved organic carbon (DOC) and dissolved inorganic nitrogen
(DIN), as well as a similar curvilinear relationship between DIN and dissolved CH4, suggesting
that the availability of organic carbon controls N accumulation in lake waters thereby influences
the CH4 production process. The microbial community analyses revealed that the distribution
of picocyanobacteria (i.e., Synechococcus), which produce CH4 in oxic conditions, was closely
related to the vertical distribution of dissolved CH4 and SMM formation. Moreover, a cross-lake
comparison showed that lakes with a more abundant Synechococcus population exhibited a greater
development of the SMM, suggesting that these microorganisms are the most likely cause of methane
production. Thus, we conclude that the stoichiometric balance between DOC and DIN might cause the
cascading responses of biogeochemical processes, from N depletion to picocyanobacterial domination,
and subsequently influence SMM formation in lake ecosystems.
Keywords: dissolved inorganic nitrogen; dissolved organic carbon; phosphonate; subsurface methane
maximum; stoichiometry; Synechococcus
1. Introduction
In recent decades, considerable efforts have been made to elucidate the source of methane (CH4)
emissions, because the atmospheric concentration of this greenhouse gas has been increasing [1–3].
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Among the natural sources of CH4 emissions, freshwater lakes have recently been recognized as
an important contributor, accounting for 6–16% of total natural CH4 emissions [4,5]. Traditionally,
CH4 production in lakes was believed to occur via anaerobic methanogenesis in oxygen-depleted
environments [6,7]. However, recent studies have identified the occurrence of the subsurface methane
maximum (SMM) in the oxygenated water columns of many deep freshwater lakes [8–15], as well as
in marine ecosystems (known as the methane paradox) [16–18]. As subsurface CH4 in upper water
column layers is closer to the atmosphere than sedimentary CH4, the formation of the SMM may have
a significant impact on CH4 emissions from freshwater lakes [19].
It has been proposed that SMM might develop as a result of the tributary inflow, and the
transport and diffusion of CH4 from hypolimnetic and littoral sediments [4,9,20–22]. Moreover,
anaerobic methanogenesis by archaea present in anoxic microenvironments within algal cell aggregates,
zooplankton guts or other particles was also proposed as a possible solution of the methane
paradox [10,23]. However, recent studies have added empirical evidence that SMM formation is likely
via phosphonate metabolism by planktonic bacteria that carry C-P lyase genes [12,13,15,16,24,25] or via
unknown photosynthesis-related processes [26]. For example, planktonic autotrophic and heterotrophic
bacteria (e.g., Trichodesmium, Pseudomonas, SAR11, Synechococcus) can utilize phosphonate compounds
when they are P-starved and produce CH4 aerobically as a byproduct of phosphonate decomposition.
Other methylated compounds, such as dimethylsulfoniopropionate (DMSP), trimethylamine (TMA),
and methionine (Met), can also serve as a possible precursor of aerobic CH4 production by planktonic
bacteria and microalgae [17,19,27]. However, most of these studies focused only on specific microbes
linked with CH4 production in oxic water columns. Moreover, few studies have clarified the relationship
among biogeochemical processes, microbial communities, and aerobic CH4 production in lakes.
Our previous studies have shown that SMM starts to develop in early summer in association
with the development of stratification, and that it peaks in midsummer around the metalimnion in a
deep oligotrophic lake [15]. Then, the SMM disappears in the winter season. It is hypothesized that
the seasonal predominance of cyanobacterial populations, such as Synechococcus, during the thermal
stratification period may be responsible for the development of SMM through organophosphonate
metabolism [15]. However, the hypothesis has never been tested in other lake ecosystems. Although
a few studies have examined the role of the microbial community in lake SMM formation [12–15],
knowledge of the relationship between the vertical profile of dissolved CH4 concentrations and
microbial communities is also lacking. If planktonic cyanobacteria are responsible for SMM formation,
then biogeochemical processes other than CH4 production in metalimnetic waters may also be affected
through their metabolic activities, such as primary productivity, nutrient uptake, and the extracellular
release of DOC [28,29]. Furthermore, the biogeochemical processes that control SMM development
have remained unidentified, even though the degree of the SMM development varies greatly among
lakes [15].
The objective of the present study was to clarify the pattern and mechanisms of SMM formation
in the aerobic environments of lake ecosystems. We surveyed nine deep freshwater lakes in Japan to
determine the pattern of CH4 supersaturation in the metalimnion and to identify the environmental
variables that affect such SMM formation. Moreover, we performed microbial community analyses of
bacterioplankton and algae to identify the microbes responsible for aerobic CH4 production across
the lakes. Finally, we analyzed lake physicochemical environments linked with both the microbial
community and SMM formation to expand our knowledge of aerobic CH4 production and emission
from oxic layers in deep freshwater lakes.
2. Materials and Methods
2.1. Study Area and Field Survey
The field survey was conducted in nine freshwater lakes of Japan (Figure S1, Tables S1 and S2)
during the summer stratification period (from July to September) in 2016–2017. The study lakes
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are located in temperate and cool-temperate regions (35◦11’ N–42◦36’ N latitudes) and are mainly
classified as caldera lakes, dammed lakes, or tectonic lakes (Table S1). The study lakes are deep
stratified lakes, with maximum depths (31–363 m) deeper than the depth of 1% of the irradiance at
the surface (i.e., a surrogate for the compensation depth) during the study period. The lake trophy
was classified as mesotrophic, oligotrophic, or ultraoligotrophic conditions according to chlorophyll a
and TP concentrations (Table S2, [30]). Most of the lakes are monomictic or dimictic and rarely freeze
over; except Lake Hibara, where the surface water generally freezes during the December–March
period. The watersheds of the study lakes are mostly covered with deciduous and coniferous forests
(range = 67–99%). Agricultural lands such as rice paddies and farmlands occupy 20% and 11% of the
watershed areas of Lake Toya and Lake Nojiri, respectively. Grassland vegetation accounts for 11% of
the watershed area of Lake Hibara, while in Lake Ashinoko, residential areas (9%) contribute to the
land cover to some extent.
At the deepest point of each study lake, we established a sampling site and measured the
vertical profiles of environmental variables such as water temperature (◦C), dissolved oxygen (DO)
concentration (DO, mgO2/L) and saturation (%), pH, and photosynthetically active radiation (PAR,
μmol m−2 s−1) by using a multi-parameter sonde (YSI ProDSS, YSI-Nanotech, Tokyo, Japan), a DO
meter (HQ40d, Hach, Loveland, CO, USA), a pH meter (Orion3-Star, Thermo Scientific, Chelmsford,
MA, USA), and a submersible spherical quantum sensor (LI-193, LI-COR, Inc., Lincoln, NE, USA),
respectively. For each sampling site, lake water samples were collected at 10 depths, from the surface
to hypolimnetic waters, by using a 6 L Van Dorn sampler. For determination of the dissolved CH4
concentration, the collected lake water was siphoned into two 30 mL glass vials and sealed with
a butyl rubber stopper and an aluminum crimp. Then, 0.2 mL of saturated HgCl2 was added to
each vial as a preservative and stored in a dark place at room temperature until analysis. For water
quality analyses, the collected lake water was filtered with a 100 μm nylon mesh to remove large
particles (e.g., zooplankton), and the filtrates were stored in polypropylene bottles for total nitrogen
(TN) and total phosphorus (TP) analyses. The remaining filtrate water was further filtered through
pre-combusted GF/F glass fiber filters (Whatman plc., Maidstone, Kent, UK) for dissolved nutrient
(i.e., SRP, NH4, NO2, and NO3) and dissolved organic carbon (DOC) analyses; the former samples
were stored in polypropylene bottles, while the latter samples were preserved in pre-combusted amber
glass bottles. All of the water samples for nutrient and DOC analyses were kept at −20 ◦C until
analyzed. For analyzing dissolved manganese (Mn) concentrations, the 100 μm mesh-filtered lake
waters were further filtered with cellulose acetate disposable filters (pore size 0.45 μm), and nitric acid
(final concentration = 0.1 M HNO3) was added to prevent the precipitation and adsorption of metals.
Then, the acidified water samples were stored in a refrigerator.
For determination of the vertical profile of phytoplankton biomass and planktonic microbe
density, we also collected lake waters from the 10 sampling depths and performed chlorophyll a (Chl
a) measurements and CARD-FISH (catalyzed reporter deposition fluorescence in situ hybridization)
analyses. We collected phytoplankton pigment samples by filtering 50−500 mL of lake water with GF/F
glass fiber filters, and then stored the samples at −20 ◦C until analysis. For the CARD-FISH analyses,
an aliquot of lake water samples was fixed in a 0.2 μm-filtered paraformaldehyde solution (final
concentration = 1%, v/v) and stored at 4 ◦C for <24 h. To analyze the community structure of planktonic
eukaryotic algae and prokaryotic bacteria, we collected additional lake water samples from each
epilimnion (0 m depth), metalimnion (7−15 m depth), and hypolimnion (26−60 m depth). The samples
for the enumeration of eukaryotic algae were fixed with a Lugol solution (final concentrations,
0.2%−0.4%) and stored in the dark at room temperature, while the samples for bacterial community
structure were collected on 0.22 μm filters (Sterivex filter cartridges, Millipore, Billerica, MA, USA) and
stored at −20 ◦C until analysis.
To identify the presence of phosphonic compounds in microbial cells, a two-dimensional NMR
(1H–31P heteronuclear multiple bond correlation, 1H–31P HMBC) analysis was performed for the
suspended particles in lake water samples according to the previous study [31]. A large amount of
51
Water 2020, 12, 402
lake water (68−201 L) was collected from the metalimnion of each lake with the Van Dorn sampler
and filtered with a 100 μm nylon mesh to remove large particles. Then, the suspended particulate
matter was collected onboard by filtering the collected lake water through a 2 μm cartridge filter
(MCP-HX-C10S, Advantec, Inc., Tokyo, Japan) by using a peristaltic pump (Masterflex, L/S VFP002,
Cole-Parmer, Vernon Hills, IL, USA). The filter samples were stored at −20 ◦C until analysis.
We also surveyed all of the major tributary streams identifiable on topographical maps for each
study lake (Table S3), except for two inaccessible tributaries (Yanagisawa Stream of Lake Chuzenji and
Okotanpe Stream of Lake Shikotsu). Near the downstream end of each tributary inflow, we collected
river water samples to analyze the same environmental variables (water temperature, DO, pH,
dissolved CH4, nutrients, DOC, and Mn) as those in the lake survey. In addition, the discharge (m3/s)
of tributary streams was measured by the midsection method using a portable current meter (CR-7WP;
Cosumo Riken, Inc., Kashiwara, Japan).
2.2. Chemical Analyses
Dissolved CH4 concentrations of the collected lake waters were quantified by the headspace
equilibration method using a gas chromatograph with an FID detector (GC-FID, GC-8A, Shimadzu
Corp., Kyoto, Japan). The headspace phase created by 3 mL of high-purity He gas (>99.9999%) in
the vial was equilibrated with the aqueous phase. The pCH4 in the equilibrated headspace was then
analyzed by GC-FID. The dissolved CH4 concentration (nmol/L) in the water samples were determined
from the amounts of gasses in both the equilibrated headspace and the aqueous phase; the latter was
calculated by using pCH4 in the headspace and Henry’s law constant.
The DOC concentration of lake water samples was measured using a total organic carbon
analyzer (TOC-L CPN, Shimadzu Corp., Kyoto, Japan). The ammonium concentration (NH4, μM) was
quantified spectrophotometrically using the indophenol method [32]. Nitrate (NO3) and nitrite (NO2)
concentrations were determined through the second-derivative UV spectrophotometric method [33]
and Bendschneider and Robinson’s method [34], respectively. Dissolved inorganic nitrogen (DIN)
concentrations were determined as the sum of NH4, NO2, and NO3. The total nitrogen (TN)
concentration of the lake water samples was determined by the alkaline persulfate digestion method,
followed by the absorbance measurement (at 220 nm) for the resultant nitrate by UV spectrophotometry.
Soluble reactive phosphorus (SRP) concentrations were measured spectrophotometrically using the
molybdenum blue method. Likewise, the dissolved total phosphorus (DTP) and total phosphorus
(TP) concentrations were quantified using the molybdenum blue method after persulfate digestion for
the GF/F-filtered lake waters and unfiltered lake waters, respectively. For the phosphomolybdic acid
measurements for SRP, DTP, and TP analyses, we increased the sulfuric acid concentration by a factor
of two to minimize the effect of silicate interference [35]. The dissolved organic phosphorus (DOP)
concentration was determined as the difference between DTP and SRP concentrations. Dissolved Mn
concentrations were analyzed using inductively coupled plasma optical emission spectroscopy (SPS
3520 UV-DD, Hitachi High-Tech Science Corp., Tokyo, Japan).
2.3. Analyses for Phytoplankton Biomass and Community Structure
The Chl a sample pigments collected on GF/F glass fiber filters were extracted with N,
N-dimethylformamide (6-mL) in the dark for 24 h. The Chl a content in lake water (μg-chl a/L)
was then measured by the Welschmeyer method using a fluorometer (Trilogy, Turner Designs, San Jose,
CA, USA). To identify the community structure of eukaryotic algae, we identified phytoplankton species
to the lowest taxonomic level and enumerated the cell numbers of each algal species for the epilimnion,
metalimnion and hypolimnion of each study lake by microscopic enumeration. We also enumerated
red autofluorescent algal cells on the CARD-FISH filter (see below) under blue excitation (470 nm,
Filter 09, Carl Zeiss Microscopy GmbH, Jena, Germany) to estimate algal cell density (cells/mL).
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2.4. Analyses for Planktonic Bacterial Density and Community Structure
To analyze the distribution of specific microbes related to SMM formation, the CARD-FISH
analysis was performed for the water samples collected from each sampling depth. The aliquot of
lake water samples fixed with paraformaldehyde solution was filtered through a white polycarbonate
membrane filter (type GTTP, pore size 0.2μm, Millipore, Billerica, MA, USA) and a brown polycarbonate
membrane filter (type GTBP, pore size 0.2 μm, Millipore, Billerica, MA, USA) for the enumeration of
CARD-FISH- and DAPI-stained bacterial cells, respectively. We applied the oligonucleotide probes
(labeled with horseradish peroxidese) specific for eubacteria (EUB338), type I MOB (Mg84 +Mg705),
Synechococcus (405_Syn) and archaea (ARCH915) for the filters at 46 ◦C for > 8h for hybridization
(Table S4) because these microbial groups have been reported to influence the dissolved methane
profile in lakes [15,36–38]. FITC-labeled tyramide solution and DAPI solution were then applied to
the filter sections for the enumeration of cells on a fluorescence microscope (Zeiss Axio Lab.A1, Carl
Zeiss Microscopy GmbH, Jena, Germany) under blue excitation (470 nm, Filter 10) and UV excitation
(365 nm, Filter 01), respectively. We also enumerated the autofluorescent cyanobacterial cells under
green excitation (545 nm, Filter 43) to estimate the density of cyanobacteria. At least 1000 cells were
counted to estimate the cell density of the target bacteria (cells/mL).
To analyze the community structure of planktonic bacteria, 16S rRNA gene amplicon sequencing
was performed for the filter samples collected at the epilimnion, metalimnion and hypolimnion of
each lake. From the Sterivex filter samples, DNA was extracted using the PowerWater Sterivex DNA
Isolation Kit (Qiagen, Hilden, Germany). From the DNA samples, sequencing libraries were prepared
according to the Illumina 16S Metagenomic Sequencing Library Preparation protocol and then subjected
to Illumina MiSeq sequencing. The resulting reads were processed with QIIME, an open-source
bioinformatics platform for microbial community analysis [39], as follows. Quality-filtered sequences
were clustered using the UCLUST algorithm with an identity threshold of 97%, to generate operational
taxonomic units (OTUs). The representative sequences of the OTUs were subjected to chimera-checking
to eliminate chimeric OTUs. The representatives were then used for taxonomic assignment of the OTUs
via the Greengenes database, version 13_8. Greengenes annonation includes eukaryotic organelles
(i.e., chloroplasts and mitochondria) as a taxonomic group in bacterial phyla. As we focused on
bacterioplankton communities in the 16S rRNA gene analyses, we removed the chloroplast and
mitochondria reads from the amplicon library for data analyses. The nucleotide sequences of the 16S
rRNA gene obtained in the present study are available in the NCBI/SRA with the accession number
of PRJNA599317.
2.5. 1H–31P NMR Analyses for Suspended Particles
For NMR analysis, we extracted the organic phosphorus fraction from the suspended particles
collected on the 2 μm cartridge filter [31]. We separated the pleated filter paper from the polypropylene
filter cartridge by using a cutter and tweezers. The separated filter papers were then placed into a
Teflon vial with 50 mL Milli-Q water, and the vials were subsequently immersed for approximately 1 h
in a water bath set at 60 ◦C for the extraction [40]. The extracts were then filtered through a GF/F glass
fiber filter followed by membrane filter filtration (PVDF: nominal pore size 0.45 μm, Millex, Millipore,
Billerica, MA, USA). The filtrates were frozen (−20 ◦C) and lyophilized to concentrate the extracts for
NMR analysis. Just before the NMR analyses, the lyophilized extracts were re-dissolved in 0.9 mL of
EDTA solution (20 mmol L−1) with D2O (0.1 mL, Fujifilm Wako Pure Chemical Corp., Osaka, Japan) and
shaken at room temperature for 10 minutes. The solution was then filtered through a membrane filter
(nominal pore size: 0.45 μm, Millex, Millipore, Billerica, MA, USA) and transferred into a 5 mm NMR
tube. The 1H–31P NMR spectrum of the extracts was recorded at 500.2MHz (for 1H) and 202.5 MHz
(for 31P) via a JNM-ECA 500 spectrometer (JEOL Ltd., Tokyo, Japan), equipped with a 5 mm auto-tune
probe. These spectra were externally referenced to 4,4-dimethyl-4-silapentane-1-sulfonic acid (DSS)
and D3PO4 (δ = 0 ppm), respectively. The datasets of 1H–31P HMBC spectra were acquired with 2048
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and 256 data points and sweep widths of 9384 and 20,259 Hz for the x and y dimensions, respectively.
The obtained spectra were processed with a 2 Hz line broadening using Delta, version 5.
2.6. Data Analyses
A generalized linear model (GLM) was developed to identify environmental variables that affect
the dissolved CH4 concentrations in the study lakes. We included physical (depth, water temperature,
and percentage of surface irradiance), chemical (DIN, SRP, DOC, DOP, and TN/TP), and biological (Chl
a) variables as the explanatory variables. Two variables (i.e., SRP and Chl a) were transformed as log10
(x + 1) because the data were not normally distributed by visual examination. A GLM analysis with a
gamma error distribution and an inverse link function was used to analyze the factors that influenced
the response variable (dissolved CH4). We built candidate models containing all possible combinations
of the nine explanatory variables (29 − 1 = 511 models) and selected the best model based on the
AIC value. The relative importance of an explanatory variable was evaluated by the sum of Akaike
weights (w) over all models, including that variable [41]. To identify the indirect causal relationships of
the environmental variables with SMM formation, we also constructed GLMs for the environmental
variables that most strongly affected the dissolved CH4 concentrations. When we constructed the GLM
for DOP values, we transformed the response variable as DOP + 1 because the gamma regression
analysis did not allow for the inclusion of variables with negative or zero values. The GLM analyses
and model-selection procedures were performed using the MuMIn package, version 1.40.0 [42] and the
MASS package, version 7.3-48 [43] of the statistical R software 3.3.3 (R Development Core Team 2017).
For the community analyses of planktonic bacteria, 16S rRNA gene sequence read counts were
used to calculate the relative abundance of each OTU for eplimnetic, metalimnetic, and hypolimnetic
bacterial communities, by assuming that the amplicon reads could be used as a surrogate for the
abundance of each bacterial population (total number of amplicon reads = 8848–29,331 reads per
sample). In this calculation, we removed the taxonomically unassigned OTUs from the analyses, as the
percentage of their amplicon reads accounted only for <1.6% of the total reads. We also confirmed
a significant positive correlation between the total number of bacterial read counts per unit of lake
volume and the cell density of eubacteria obtained from the CARD-FISH analyses (EUB338, r = 0.50, p =
0.015). Finally, the taxonomic composition data were combined into the phylum level for the analyses.
Non-metric multidimensional scaling (NMDS) analysis was performed to identify the relationships
between bacterioplankton community composition and the environmental variables of the epilimnion,
metalimnion, and hypolimnion of each study lake. To obtain an NMDS ordination with a low stress
value at <0.2 (an indication of well-represented data by a two-dimensional representation [44]),
the phyla with a relative abundance of <0.4% of the total read counts when all of the samples were
combined were grouped into a category as “Others”. For the environmental variables, the average
values of 10 variables (i.e., depth, temperature, percentage of surface irradiance, CH4, Chl a, DIN, SRP,
DOC, DOP, TN/TP) were determined for each of epilimnion, metalimnion and hypolimnion, and were
then incorporated in the analyses. The NMDS analysis (based on the Bray–Curtis dissimilarity) was
performed by using the vegan 2.4-5 package [45] of the R software 3.3.3.
Finally, we examined the relationship between the degree of SMM development and lake
environmental variables to identify the factors controlling the oxic CH4 peak. According to our
previous study [15], the SMM is herein defined as the layer of the local CH4 maximum that forms
below the surface water. The degree of SMM development for each study lake was quantified by peak
SMM, namely the maximum CH4 concentration in the SMM minus the atmospheric equilibrium CH4
concentration at that depth. The peak SMM for the study lakes was regressed against the environmental
variables responsible for SMM formation.
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3. Results
3.1. SMM Formation in Lakes
The vertical profiles of dissolved CH4 concentrations revealed that the SMM developed in aerobic
layers in all of the nine study lakes (Figure 1). Further, peak SMM concentrations (range = 62.5–592.6
nM) showed the highest values in the vertical CH4 profiles for all of the study lakes. The SMM peak
tended to occur within the metalimnion, or in depths adjacent to the metalimnion where DO saturation
levels were high (range = 85–131%). In addition, the peak depth and vertical profile of dissolved CH4
(i.e., subsurface peak of CH4) were similar to those of DO saturation, except in Lake Nojiri.
Figure 1. Vertical profiles of dissolved CH4 concentrations in the nine study lakes of Japan during the
July to September in 2016–2017 period. AS: Lake Ashinoko, MO: Lake Motosu, SA: Lake Saiko, AO:
Lake Aoki, NO: Lake Nojiri, CH: Lake Chuzenji, HI: Lake Hibara, TO: Lake Toya, SH: Lake Shikotsu.
Red and gray circles refer to the dissolved methane (nM) and oxygen (%) concentrations, respectively.
Dotted lines denote the atmospheric equilibrium concentration of dissolved CH4 in lake water (3.7–7.2
nM). Shaded areas denote the range of the thermocline.
Regarding the other environmental variables, water temperature and percentage of surface
irradiance were highest at the lake surface and decreased with depth; this pattern did not correspond
with the vertical profile of the dissolved CH4 concentration for any of the study lakes (Figures S2 and
S3). Although the overall pattern of Chl a and DOP profiles did not match the CH4 profile, their peaks
were located at depths similar to the CH4 peaks (Figures S4 and S5). In most of the study lakes,
DIN concentrations tended to be higher in the hypolimniion and lower in both the epilimnion and
metalimnion, the latter of which exhibited high CH4 concentrations (Figure S6). Although SRP did not
show a clear overall trend, the peak depth and vertical profile of SRP were similar to those of CH4 in
Lake Motosu, Lake Saiko, Lake Toya and Lake Shikotsu (Figure S7). Similarly, the vertical patterns of
DOC were variable, but its concentrations tended to be higher in the metalimnion or nearby layers
(except in Lake Nojiri), as observed in the CH4 profile (Figure S8). The observed values of lake TN/TP
ratio (median = 151, range = 32–875) were high relative to the Redfield ratio (N:P = 16:1) for all of the
study lakes (Figure S9). The vertical TN/TP profile tended to show a pattern opposite to that of the
CH4 profile—except in Lake Shikotsu, where a close association was observed for both variables.
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The cross-lake comparison showed that the development of SMM varied among the study lakes
(Figure 1). The highest value of peak SMM was observed in Lake Saiko (an oligotrophic lake),
while small CH4 peaks were observed in three ultraoligotrophic lakes (Lake Motosu, Lake Toya,
and Lake Shikotsu).
3.2. Relationships between Dissolved CH4 and Physicochemical Variables
GLM analyses were performed to identify the physicochemical variables affecting the water-column
CH4 concentrations in lakes. In the analyses, six environmental variables (i.e., depth, water temperature,
percent of surface irradiance, DIN, DOP, and TN/TP ratio) were retained in the best model selected by
AIC (Figure 2). The sum of Akaike weights (w) further identified that depth, DIN, DOP, and TN/TP
ratio, were the most important variables explaining the variability of dissolved CH4 concentrations in
the lakes (Table S5).
Figure 2. Relationships between environmental variables and dissolved CH4 concentrations in the
study lakes. Univariate regression lines are shown for the explanatory variables that were retained in
the best generalized linear models (GLMs) with a gamma distribution of the response variable. : Lake
Ashinoko, : Lake Motosu, : Lake Saiko, : Lake Aoki, : Lake Nojiri, : Lake Chuzenji, : Lake
Hibara, : Lake Toya, : Lake Shikotsu.
We observed a strong negative nonlinear relationship between DIN and dissolved CH4
concentrations when we combined the data from all nine study lakes (Figure 2 and Table S6).
The CH4 concentration increased rapidly with a decrease in the DIN concentration. Similar curvilinear
patterns were observed for depth and the TN/TP ratio; the lake waters with shallower depths and a
lower TN/TP ratio increased the water-column CH4 concentrations. On the other hand, a positive
effect of DOP on dissolved CH4 concentrations was observed for the study lakes.
To explore the potential factors controlling the chemical variables that strongly affect dissolved
CH4, we further constructed GLMs for DIN, DOP, and TN/TP (Table S5). The results showed that DOC
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concentration was the best explanatory variable for all three influential variables (Figure 3 and Table S6).
DOC exhibited negative nonlinear relationships with both DIN and the TN/TP ratio. In contrast, DOC
showed a positive relationship with DOP concentrations.
Figure 3. Relationships between dissolved organic carbon (DOC) and chemical variables in the study
lakes. Univariate regression lines estimated by the best GLMs with a gamma distribution of the
response variable (y) are shown. See the legend for Figure 2 for a description of the symbols.
3.3. Community Analyses of Planktonic Algae and Bacteria
Microscopic enumeration for eukaryotic algae identified six phytoplankton classes present in the
study lakes (Table S7). Among these phytoplanktonic algal groups, Chlorophyceae or Bacillariophyceae
predominated in the epilimnion of most of the study lakes except for Lake Toya, where Dinophyceae
(53.6%) was the dominant group. Similarly, Chlorophyceae and/or Bacillariophyceae tended to
predominate in the algal communities in the metalimnion, although Cryptophyceae and Dinophyceae
were relatively abundant in the metalimnion of Lake Ashinoko. In the hypolimnion, Bacillariophyceae
accounted for 54–97% of the relative abundance of algal communities, although Chlorophyceae
was relatively abundant in the hypolimnion community of Lake Chuzenji (45.8%). There was no
phytoplanktonic algal group that consistently exhibited a metalimnetic peak in terms of relative
abundance for any of the study lakes.
The 16S rRNA gene amplicon sequencing analyses detected 6510 OTUs of bacteria (except
unassigned OTUs), including 47 phyla, from the epilimnetic, metalimnetic, and hypolimnetic layers of
all the study lakes. Actinobacteria, Verrucomicrobia, Proteobacteria, Cyanobacteria, Bacteroidetes and
Armatimonadetes accounted for, respectively, 1.8–47.2%, 2.7–45.0%, 10.4–41.1%, 0.02–29.1%, 5.7–26.1%,
and 0.1–5.8% of the total bacterial community in the epilimnion, metalimnion, and hypolimnion
(Figure 4).
The NMDS analyses showed that the community composition of epilimnetic and metalimnetic
microbes differed from that of the hypolimnetic community (Figure 4). The results revealed
that the relative abundance of Proteobacteria, Verrucomicrobia, Actinobacteria, Bacteroidetes,
and Cyanobacteria tended to be high in the epilimnion and metalimnion, whereas Planctomycetes,
Acidobacteria, Chloroflexi, and Chlorobi were relatively abundant in the hypolimnion. We further
observed the association of community structure and environmental variables. In epilimnetic and
metalimnetic layers with high CH4 and DOP concentrations, Cyanobacteria, and Verrucomicrobia
tended to be relatively abundant.
The results of epifluorescent microscopic analyses (CARD-FISH, DAPI, and autofluorescent
enumeration) showed that both Cyanobacteria and Synechococcus cell density showed significant
positive relationships with water-column dissolved CH4 concentrations (Figure 5). Synechococcus
accounted for 21–96%, 64–96%, and 22–75% of the total cyanobacterial density in the epilimnion,
metalimnion, and hypolimnion of the study lakes, respectively. In contrast to the patterns of
Cyanobacteria and Synechococcus, phytoplankton biomass (Chl a), as well as the cell density of
eubacteria (EUB338), type I MOB (Mg84 + Mg705), archaea (ARCH915), and algae, showed no
significant relationships with dissolved CH4 concentrations.
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Figure 4. Taxonomic composition of bacterioplankton in the study lakes revealed by 16S rRNA amplicon
sequencing analyses (A) and the result of non-metric multidimensional scaling (NMDS_ analysis for
the relationship between lake physicochemical variables and the community composition of planktonic
bacteria (B). See the legend for Figure 2 for the abbreviations of lake names appearing in panel (A).
Red, blue and orange symbols refer to the bacterioplankton samples obtained from the epilinmion,
metalimnion, and hypolinmion, respectively.
Figure 5. Relationships between the dissolved CH4 concentration and the cell density of microbial
communities in study lakes. EUB338, bacteria; Mg84 + Mg705, type-I methane-oxidizing bacteria;
405_Syn, Synechococcus; ARCH915, Archaea (see Table S4). GLM with a Gaussian error distribution and
an identity link function was used for the variables, while regression lines shown when significant (p <
0.05). See the legend for Figure 2 for a description of the symbols.
We then analyzed the vertical profile of Synechococcus density in relation to the CH4 profiles,
which showed that both profiles were closely associated with each other (Figure 6). In addition,
a negative curvilinear pattern was found for the relationship of Synechococcus cell density with both
depth and DIN concentration, as was observed in the patterns of dissolved CH4 concentrations
(Figure S10). In contrast, a positive nonlinear relationship between Synechococcus cell density and DOP
concentrations was found.
58
Water 2020, 12, 402
Figure 6. Vertical distribution of Synechococcus density (red circles) in relation to the dissolved CH4
profile (blue circles) in the study lakes. Shaded areas denote the range of the thermocline.
3.4. Relationship between Peak SMM and Environmental Variables
A correlation analysis between the peak SMM and environmental variables revealed that the
peak SMM was positively and linearly correlated with lake DOC, DOP, and Synechococcus cell density
observed at the same depth (Figure 7 and Table S6). Lakes with higher concentrations of both DOC and
DOP and higher Synechococcus cell density tended to develop a larger SMM peak. Moreover, a negative
nonlinear relationship of peak SMM was observed for both DIN concentration and the TN/TP ratio,
implying that lakes with lower DIN and TN/TP values experienced a rapid increase in peak SMM.
Figure 7. Relationships between lake environmental variables and the peak subsurface methane
maximum (SMM) for the study lakes. For the relationships of both dissolved inorganic nitrogen (DIN)
and TN/TP, the regression lines were estimated using generalized linear models (GLMs) with a gamma
error distribution and an inverse link function for each variable, while the GLM with a Gaussian error
distribution and an identity link function was used for the other variables. For explanatory variables,
the values at the peak SMM depths were used for the analyses.
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3.5. Identification of Phosphonates in Suspended Particles
Particulate suspended matter collected from the metalimnion was characterized by a
two-dimensional 1H–31P NMR analysis. The spectral region of 20–31 ppm in 31P NMR analysis
is known to represent the chemical shifts of phosphonate compounds [25,46]. Our mass spectra at
1.2 ppm (1H) and 25 ppm (31P) revealed the presence of phosphonate in the suspended particles of the
metalimnion in Lake Toya (Figure 8).
Figure 8. Two-dimensional (1H-31P) NMR microscopy for suspended particles collected from the
metalimnion showed the presence of phosphonate compounds (black spot inside the red circles) in the
metalimnion of Lake Toya.
4. Discussion
In the present study, we observed the formation of the CH4 maximum in oxic subsurface layers (i.e.,
SMM) within or near the metalimnion in all of the study lakes (Figure 1). The seasonal development of
metalimnetic CH4 peaks during the stratification period was also reported by previous studies in deep
freshwater lakes [8–10,15] as well as in pelagic marine ecosystems [16,17]. These results suggest that
the development of the CH4 peak in aerobic subsurface waters may be a common phenomenon in
aquatic ecosystems.
SMM formation was unlikely to couple with the dissolution of atmospheric CH4 because the
observed CH4 peak concentrations (67–597 nM, Figure 1) were one or two orders of magnitude higher
than the dissolved CH4 equilibrated with the atmosphere (range = 3.4–7.4 nM). Tributary inflow
is known to contribute to SMM development in lakes [9]. However, we observed apparent SMM
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development even in lakes with no tributary streams (i.e., Lake Motosu and Lake Aoki). For the other
lakes, moreover, the discharge-weighted average of the dissolved CH4 concentrations of tributary
streams (range = 8.8–88 nM) was generally lower than the peak CH4 concentrations—except in Lake
Ashinoko, where there is a small tributary (discharge < 0.02 m3/s) with a high CH4 concentration
(Table S3). Another potential source of SMM formation might be the transportation of CH4 from anoxic
littoral and profundal sediments [20,21]. However, the vertical profile of dissolved Mn concentrations,
a tracer of water mass transported from anoxic environments [9,15], showed a pattern unrelated to
the CH4 profiles (Figure S11). Moreover, the vertical gradient of CH4 profiles suggests no substantial
contribution of hypolimnetic CH4 to the SMM of any of the study lakes (Figure 1). Therefore, we argue
that the diffusion of anoxic CH4 from anoxic littoral and profundal sediments was also unlikely to be
the source of the CH4 supersaturation observed in our study.
Recent studies have suggested that the microbial degradation of phosphonates (such as MPn and
2-AEP) can explain aerobic methane production in oligotrophic waters [12,13,15,16,24,25]. The marine
and freshwater microbial community (e.g., Trichodesmium, Pseudomonas, Synechococcus, SAR11) can
express the C-P lyase operon (phn genes) to utilize phosphonic compounds under phosphate-starved
conditions [15,16,24,25]. As a result of the cleavage of C-P bonds of phosphonates, these microbes
can produce CH4. In fact, the batch-culture experiments of lake water amended with MPn confirmed
in situ aerobic CH4 production by planktonic bacteria in one of the study lakes (Lake Saiko) [15].
Considering such circumstantial evidences, as well as the fact that the DO saturation profile resembled
the dissolved CH4 pattern (Figure 1), we argue that photosynthesis-related biogeochemical processes
mediated by planktonic microbes may be relevant to the development of SMM.
The relationships between dissolved CH4 and limnological variables suggest that DOC controls the
availability of DIN, DOP, and the TN/TP ratio, thereby influencing the water-column CH4 concentration
in the study lakes (Figures 2 and 3). In particular, the remarkable negative nonlinear relationships of
DOC with DIN and the subsequent nonlinear effects of DIN on dissolved CH4 concentrations were
found. The nonlinear relationship between DOC and nitrate (NO3) has recently been reported from a
wide variety of aquatic environments along a hydrologic continuum from soils to streams and lakes
to coastal and pelagic ocean ecosystems [47–50]. It has been hypothesized that NO3 accumulation
may occur in aquatic environments with low DOC concentrations due to an organic C limitation for
assimilation and/or denitrification by heterotrophic microbes [50]. In contrast, NO3 depletion may
occur in aquatic environments with high DOC concentrations due to the sufficient supply of organic C
for heterotrophs. These patterns imply that stoichiometric controls of DOC–NO3 relationships over
microbial activity may regulate the fate of N in aquatic ecosystems. In fact, NO3 is the dominant
species of DIN in the study lakes (median = 85%, range = 0–98%). Moreover, even when we separately
analyzed individual lakes, a significant negative correlation of DOC and DIN was found for each of
them (r = −0.69–−0.90, p < 0.05), except Lake Shikotsu (r = −0.44, p > 0.05). Furthermore, a strong
nonlinear effect of DOC on the TN/TP ratio was also evident (Figure 2), suggesting that the availability
of organic carbon controls N accumulation in the water column, thereby influencing the elemental
stoichiometric balance of nitrogen and phosphorus in lakes.
Previous studies explained that aerobic CH4 production from phosphonate decomposition by
planktonic microbes occurs under P-starved environments because the organisms utilize phosphonates
as an alternative P source [12,13,15,16,24]. However, the present study showed that higher CH4
concentrations tended to occur in lower DIN concentrations; no clear pattern was found for the
relationship between SRP and CH4 (Figure 2). These patterns seemed to be intuitively paradoxical, as a
lower N availability was likely to stimulate aerobic CH4 production. However, the observed TN/TP
ratio in the study lakes (median = 151, range = 32–875, Table S2) was much higher than the Redfield
ratio (N/P = 16), suggesting that lake productivity may be more P-limited than N-limited in these lakes.
Therefore, we predict that P-starved planktonic microbes utilize phosphonate compounds to form
SMM in the oxic waters of the study lakes. The positive relationship between DOP, which may contain
dissolved organic phosphonate compounds, and CH4 concentrations, also supports this argument
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(Figure 2). Moreover, the NMR analysis revealed the presence of particulate phosphonates in the
metalimnion of Lake Toya, where SMM formation was observed (Figure 8). A previous study also
detected 2-aminoethylphosphonate (2-AEP), a possible precursor of aerobic methane production [51],
from the suspended particles in the epilimnion of Lake Saiko [31]. Therefore, we hypothesized that
planktonic bacteria in deep unproductive lakes may store P as phosphonate molecules and utilize such
intracellular P compounds via the enzymatic liberation of C-P bonds under P-limited environments [15].
Although we were unable to detect phosphonates in the suspended fractions from the other study lakes,
this is probably due to the insensitivity of NMR; prolonged data acquisition and/or a larger volume
of lake water filtration may be necessary to obtain the spectra. In addition, further development
of quantitative analyses for the dissolved species of phosphonate compounds [52] is necessary to
understand the phosphonate and CH4 dynamics in lakes.
The 16S rRNA gene amplicon sequencing analyses and the CARD-FISH analyses revealed that
cyanobacteria, especially Synechococcus, were related to dissolved CH4 concentrations and SMM
formation. The composition of cyanobacteria estimated from amplicon reads was associated with
the gradient of the CH4 concentration (Figure 4). Moreover, a close association of the vertical CH4
profile with Synechococcus distribution was observed across the lakes (Figure 6), as found in a previous
study [15]. The batch-culture experiments conducted in previous studies also showed that Synechococcus
strains have the ability to produce CH4 in oxic conditions as a result of phosphonate (such as MPn
and 2-AEP) utilization [15,51] or unknown photosynthesis-related processes [26]. Although other
heterotrophic bacteria, such as Limnohabotans and Pseudomonas, are also known to carry the C-P
lyase (phnJ) gene [13,15], the strong correlation between the CH4 concentration and Synechococcus cell
density (Figure 5), as well as the association of the DO saturation profile with the CH4 peak (Figure 1),
suggested that Synechococcus (photosynthetic cyanobacteria) may be one of the potential drivers of
SMM formation in deep freshwater lakes.
Synechococcus, a group of ubiquitous freshwater picocyanobacteria, often predominate in the
planktonic communities in the epilimnion and metalimnion of unproductive lakes during the summer
stratification period, where nutrient depletion occurs due to the prevention of vertical water mixing
and nutrient exhaustion by competitors, such as eukaryotic algae [53–55]. Our previous studies also
indicated that the development of nutrient-depleted environments by stratification during midsummer
(i.e., low N and P conditions) may favor the growth of Synechococcus because their small cell size is
advantageous for nutrient uptake under oligotrophic conditions due to efficient nutrient diffusion per
unit of cell volume [15,55]. The present results add a further potential scenario for picocyanobacterial
dominance in the metalimnion; that is, the reduced nutrient availability associated with the increase in
DOC loading in lakes may promote the population growth of Synechococcus. This may be the reason for
the cascading negative responses of biogeochemical elements from DOC to DIN, and from DIN to both
Synechococcus and CH4, that were observed in our study. In fact, a cross-lake comparison revealed that
lakes with relatively high DOC and low DIN concentrations enhanced the degree of SMM development
(Figure 7). Likewise, lakes with more abundant Synechococcus populations and a higher DOP pool
promoted the development of SMM (Figure 7). Therefore, we conclude that the stoichiometric balance
between DOC and DIN in the water column may regulate nutrient availability for bacterioplankton
communities (e.g., Synechococcus) and may subsequently control CH4 production and SMM formation
in deep freshwater lakes (Figure 9). Although the variability of DOC and DIN concentrations could
also be explained by the extracellular release of DOC and DIN uptake by phytoplankters [28,29],
the relationship between phytoplankton biomass (Chl a) and DOC concentration, as well as that between
Chl a and DIN, was unclear (Figure S12). Moreover, the vertical profiles of DOC and Synechococcus
density were not closely associated with each other for the study lakes (Figure S13), except Lake Saiko
and Lake Hibara. Therefore, we argue that phytoplankton (including Synechococcus) per se may not be
a major factor controlling the DOC and DIN variability, even though further studies are necessary to
clarify the causal relationships between microbial activities and lake biogeochemical conditions.
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Figure 9. Effects of the stoichiometric balance between DIN and DOC on nitrogen availability,
Synechococcus density and dissolved CH4 concentration in the study lakes. See the legend for Figure 2
for a description of the symbols.
Although the present studies are conducted in monomictic or dimictic lakes where stratification
occurs seasonally, enhanced SMM development might be predicted in meromictic lakes. This is
because the lack of vertical mixing in such permanently stratified lakes may reduce the up-welling
supply of nutrients from hypolimnion [56], which might result in a low DIN/DOC ratio in shallow
water, as observed in the present study (Figure 9). If this is the case, the projected alteration in the
lake mixing regime from dimictic to monomictic, or monomictic to meromictic, under climate change
might increase the aerobic CH4 production and emission from the nutrient-depleted oxic lake waters.
Further studies are required to precisely predict the effect of lake-mixing regime on SMM formation.
5. Conclusions
The formation of SMM might have a significant impact on methane emissions from deep freshwater
lakes because methanotrophs generally consume the majority of CH4 and prevent fugitive methane
emissions from deep profundal sediments or hypolimnetic zones in lakes [36,37]. In contrast, CH4,
produced by aerobic methanogenesis within the SMM of the metalimnetic layer, might easily leak
into the atmosphere because of the proximity of CH4 production sites to the lake surface. Therefore,
the present study predicted that DOC loading triggers the cascading responses of biogeochemical
processes, from N depletion to picocyanobacterial domination, which may promote CH4 production
and emission to the atmosphere from the SMM layer. Although previous studies also reported that
DOC might influence the CH4 emissions of freshwater ecosystems [57,58], these studies considered
DOC as a direct substrate for anaerobic methanogenesis in sediments. In contrast, our study
suggested that organic C exerts stoichiometric control over CH4 production in the oxic layer of lakes.
DOC concentrations are now expected to increase due to ongoing climate change, which may result in
significant changes to the structure and functioning of lake ecosystems [48]. For example, increasing
concentrations of DOC often change the light and thermal environments in water columns, thereby
affecting the primary and secondary productivity of lake food webs, as well as the thermal stratification
regime in lakes. An increased DOC supply can also provide energy subsidies to heterotrophic
consumers and consequently influence the metabolic balance of lake ecosystems. Moreover, DOC
can change the chemical environments of lake ecosystems, such as their pH and dissolved iron
concentrations. We argue that, in addition to these phenomena, increased organic carbon loading
under changing environments may promote aerobic CH4 production and emission from the oxic layer
of deep freshwater lakes.
Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/12/2/402/s1,
supplementary data accompany this paper with Figure S1: Geographic location of nine study lakes in Japan,
Figure S2: Vertical profiles of dissolved CH4 concentration (nM, red circles) and water temperature (◦C, gray
circles) in nine study lakes during the period from July to September in 2016–2017. AS: Lake Ashinoko, MO: Lake
Motosu, SA: Lake Saiko, AO: Lake Aoki, NO: Lake Nojiri, CH: Lake Chuzenji, HI: Lake Hibara, TO: Lake Toya,
SH: Lake Shikotsu. Shaded areas denote the range of the thermocline, Figure S3: Vertical profiles of dissolved
CH4 concentration (nM, red circles) and the percentage of surface irradiance (%, gray circles) in nine study lakes
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during the period from July to September in 2016–2017. See legend of Figure S2 for the abbreviation of lake
names and the descriptions of shaded areas, Figure S4: Vertical profiles of dissolved CH4 (nM, red circles) and
chlorophyll a (μg/L, gray circles) concentrations in nine study lakes during the period from July to September
in 2016–2017. See legend of Figure S2 for the abbreviation of lake names and the descriptions of shaded areas,
Figure S5: Vertical profiles of dissolved CH4 (nM, red circles) and DOP (μM, gray circles) concentrations in nine
study lakes during the period from July to September in 2016–2017. See legend of Figure S2 for the abbreviation of
lake names and the descriptions of shaded areas, Figure S6: Vertical profiles of dissolved CH4 (nM, red circles) and
DIN (μM, gray circles) concentrations in nine study lakes during the period from July to September in 2016–2017.
See legend of Figure S2 for the abbreviation of lake names and the descriptions of shaded areas, Figure S7: Vertical
profiles of dissolved CH4 (nM, red circles) and SRP (μM, gray circles) concentrations in nine study lakes during
the period from July to September in 2016–2017. See legend of Figure S2 for the abbreviation of lake names and
the descriptions of shaded areas, Figure S8: Vertical profiles of dissolved CH4 (nM, red circles) and DOC (μM,
gray circles) concentrations in nine study lakes during the period from July to September in 2016–2017. See legend
of Figure S2 for the abbreviation of lake names and the descriptions of shaded areas, Figure S9: Vertical profiles
of dissolved CH4 concentration (nM, red circles) and TN/TP (ratio, gray circles) concentrations in nine study
lakes during the period from July to September in 2016–2017. See legend of Figure S2 for the abbreviation of
lake names and the descriptions of shaded areas, Figure S10: Relationships between Synechococcus cell density
(cells/mL) and lake physicochemical variables in study lakes. Univariate regression lines were shown for the
explanatory variables that were retained in the best model of GLMs with gamma distribution of response variable.
See the legend of Figure S10 for symbol description, Figure S11: Vertical profiles of dissolved CH4 concentration
(nM, red circles) and Mn (μM, gray circles) concentrations in nine study lakes during the period from July to
September in 2016–2017. See legend of Figure S2 for the abbreviation of lake names and the descriptions of shaded
areas, Figure S12: Relationships between phytoplankton biomass (log10 (Chl a), μg/L) and two variables (DIN
and DOC, μM) in study lakes, Figure S13: Vertical distribution of Synechococcus density (red circles) in relation to
the DOC profile (gray circles) in the study lakes. Shaded areas denote the range of the thermocline. See legend
of Figure S2 for the abbreviation of lake names, Table S1: Watershed and lake morphological variables of the
nine study lakes in Japan, Table S2: Water quality variables of the nine study lakes in Japan, Table S3: Water
quality variables of tributary streams for study lakes, Table S4: The CARD-FISH probes used in the study, Table S5:
Relative importance for limnological explanatory variables used in the generalized linear models (GLMs) with
a gamma error distribution and an inverse link function for each response variable. Relative importance was
evaluated by the sum of Akaike weights (w) for each model (CH4, DIN, DOP and TN/TP), Table S6: Results of
the generalized linear models (GLM) assessing the univariate relationship between environmental variables and
dissolved CH4 concentrations (as shown in Figure 2), the univariate relationship between DOC and chemical
variables (Figure 3), and the univariate relationship between lake environmental variables and the peak subsurface
maximum (SMM) in nine study lakes (Figure 7). GLMs were constructed with a gamma error distribution and an
inverse link function for each variable (1/y = ax + b), except for the variables with an asterisk whose relationships
were estimated with GLMs with a Gaussian error and an identity link function (y = ax + b), Table S7: Relative
abundance (%) of phytoplanktonic algae in the epilimnion, metalimnion and hypolimnion of Table S6. Relative
abundance (%) of phytoplanktonic algae in the epilimnion, metalimnion and hypolimnion of study lakes.
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Abstract: For 50 years persistent cyanobacterial blooms have been observed in Lake Ludoš (Serbia),
a wetland area of international significance listed as a Ramsar site. Cyanobacteria and cyanotoxins can
affect many organisms, including valuable flora and fauna, such as rare and endangered bird species
living or visiting the lake. The aim was to carry out monitoring, estimate the current status of the lake,
and discuss potential resolutions. Results obtained showed: (a) the poor chemical state of the lake;
(b) the presence of potentially toxic (genera Dolichospermum, Microcystis, Planktothrix, Chroococcus,
Oscillatoria, Woronichinia and dominant species Limnothrix redekei and Pseudanabaena limnetica) and
invasive cyanobacterial species Raphidiopsis raciborskii; (c) the detection of microcystin (MC) and
saxitoxin (STX) coding genes in biomass samples; (d) the detection of several microcystin variants
(MC-LR, MC-dmLR, MC-RR, MC-dmRR, MC-LF) in water samples; (e) histopathological alterations
in fish liver, kidney and gills. The potential health risk to all organisms in the ecosystem and the
ecosystem itself is thus still real and present. Although there is still no resolution in sight, urgent
remediation measures are needed to alleviate the incessant cyanobacterial problem in Lake Ludoš
to break this ecosystem out of the perpetual state of limbo in which it has been trapped for quite
some time.
Keywords: cyanobacteria; blooms; microcystin; Lake Ludoš
1. Introduction
In the very north of Serbia there is an old and unusual lake, Lake Ludoš, with beautiful open
water landscapes surrounded by reeds, wetlands and steppe. The environment is rich in many plant
and animals species. European pond turtles, various amphibians, otters, moles, rabbits, foxes and
roe deer have found their home there. What makes Lake Ludoš especially famous, and validates the
name originating from the Hungarian word “lud” meaning goose, is that there are more than 200 bird
species, including rare and endangered species, nesting or resting during their migration. Because of
all this, Lake Ludoš is recognized and protected as a special nature reserve on the list of Ramsar sites.
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One part of the lake is often visited by fishermen, but their catch mostly consists of the very
resilient and adaptable Prussian carp (Carassius gibelio (Block, 1782)) which are quite small in size.
This may be related to the fact that the water of Lake Ludoš has an intense green color throughout the
year caused by cyanobacteria (e.g., [1]). Their extensive growth and blooming causes many problems
in freshwater ecosystems, including this one. Cyanobacteria can produce cyanotoxins that affect
other organisms, including valuable flora and fauna, especially aqueous organisms such as fish [2].
Cyanobacteria also present a threat to humans, such as fishermen, who may be exposed to cyanotoxins
through contaminated food, inhalation and direct contact [3,4]. In addition to human health, the
health of this important ecosystem is also jeopardized. Furthermore, this “disease” could also be
transmissible, since there is a possibility that water birds visiting the lake during their migration path
can disseminate toxic cyanobacteria [5].
Lake Ludoš is only one of many aquatic ecosystems in Serbia where cyanobacteria are present and
blooming [6]. What sets this ecosystem apart from many others is that it has been known for perpetual
blooming in the last 50 years. Previous research has shown that the lake is in a poor ecological state
which leads to the question of whether the protection of this natural habitat in a bad ecological state is
justified. The cyanobacterial problem, which can potentially affect every living being in the proximity
of this ecosystem, has also been preserved as measures to improve the water quality have not been
undertaken on the lake [5]. The problem of cyanobacteria in Lake Ludoš has been addressed during
our previous research when potentially toxic cyanobacterial species, cyanotoxins in water, macrophytes
and fish tissues were detected, as well as histological alterations and DNA damage in fish tissue
(see [5]). Six years later further monitoring was carried out in order to estimate the current state of this
ecosystem. Therefore, several investigative steps have been taken: monitoring of physical and chemical
parameters of the lake; assessment of qualitative and quantitative analyses of cyanobacteria; the first
survey of the cyanotoxin coding genes; determination of cyanotoxins in water and fish; analysis of
histopathology of different fish organs; and discussion of potential health risks and resolutions.
Freshwater ecosystems throughout the world have similar problems in connection to cyanobacterial
blooming and cyanotoxin production. Recent publication of a global geographical and historical
overview of cyanotoxin distribution demonstrated the presence of well-known cyanotoxins in each
continent (including 520 lakes) and their harmful consequences on human health [4]. Hence, this issue
is of global concern. The present investigation aims to assist in making appropriate decisions and
measures for the remediation of not only this, but many other old and rapidly aging and protected lakes.
2. Materials and Methods
2.1. Sampling Site and Sampling of Water and Fish
Lake Ludoš (Figure 1) is a one of the few preserved shallow lakes in the region. It has a maximum
depth of 2.25 m, is 4.5 km long, and it represents a remnant of the Pannonian Sea. In most places the
depth does not exceed 1 m, and it may be frozen for more than three months a year. It is located in
the north part of Serbia, near the city of Subotica. The lake and the associated wetland ecosystem is
highly valued due to the great biological diversity, and as such the area is classified among wetlands of
international significance. The quality of the lake’s water is of great importance for the preservation of
the flora and fauna connected to this marshland ecosystem.
The lake is supplied with water from aquifers and Kereš River. However, in the northern part,
Lake Ludoš receives water from the canal Palić-Ludoš which is the recipient of wastewaters from
the Palić settlement. Water treatment of these wastewaters is still inadequate and the canal water is
characterized by a high level of organic pollution, high concentrations of salt and very high nutrient
concentrations. The inflow of untreated and partially purified waters in Lake Ludoš contributes to the
deterioration of the water quality and the increase of the sludge quantity [7–11].
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Figure 1. Pier view of the blooming Lake Ludoš in July 2018.
Water samples were collected from the surface water layer within the littoral zone (pier next to
the visitor center) (46.103207 N, 19.821360 E) and from the center of the lake (46.102159 N, 19.821149 E)
in March, May, July and September of 2018. Samples of Prussian carp were collected from the center of
the lake before and after the summer (March and September 2018) with gillnets of various mesh sizes
and a standard electrofishing device.
2.2. Analyses of Physical and Chemical Parameters
Multi-parameter WTW probes were used for carrying out in situ measurements in the field and
the following physical and chemical parameters were determined: temperature, pH, conductivity,
O2 concentration and O2 saturation. TSS (total suspended solids), TOC (total organic carbon), NO3,
detergents, COD (chemical oxygen demand) and BOD (biological oxygen demand) were measured in
the laboratory conditions with a Pastel Ultraviolet (UV) Secomam.
2.3. Qualitative and Quantitative Analyses of Cyanobacteria
The phytoplankton samples for the cyanobacterial qualitative analysis were collected by sweeping
a plankton net (netframe 25 cm ø, net mesh 23 μm). All samples were immediately preserved in a
Lugol solution. Taxonomic identifications of cyanobacteria were made according to several taxonomic
keys [12–15] and were done under a light microscope Motic BA310 using a Bresser (9MP) digital
camera and Micro Cam Lab software. For the quantitative analysis of phytoplankton, the 15 L of
water was collected by sweeping a plankton net at the depth of 0.3 m in March, while in May, July
and September only 200 mL of water were collected directly from the lake as a result of high bloom
density. The quantitative analysis was made by using the Utermöhl method [16] under a Motic AE 2000
inverted microscope. The phytoplankton individuals were sedimented and cyanobacteria quantified
on the chamber (i.e., transects) with an inverted microscope at different magnifications depending on
their size (100×, 400×) and expressed as the number of cells per mL.
2.4. Cyanotoxin Coding Gene Analyses
2.4.1. Samples—Reference Strains for Polymerase Chain Reaction (PCR) Analysis
Reference strains were obtained from Pasteur Culture Collection (PCC), National Institute for
Environmental Studies Microbial Culture Collection (NIES), Australian National Algae Culture
Collection (CS), and Finnish Environment Institute (SYKE). They consisted of:
• microcystin (MC) producers: PCC7820 (Microcystis aeruginosa), NIES-107 (Microcystis wesenbergii);
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• cylindrospermopsin (CYN) producers: CS-505, CS-506 (Cylindrospermopsis raciborskii), SYKE-966
(Anabaena lapponica);
• saxitoxin (STX) producers: CS-337/01, CS-537/13 (Dolichospermum circinale);
• anatoxin-a (ATX) producer: ANA123 (Dolichospermum circinale).
2.4.2. DNA Extraction
Depending on the bloom density, 30–400 mL of water samples were filtered (pore size 2–3 μm),
and filtride was freeze-dried. Approximately 10 mg of freeze-dried biomass was used for DNA
extraction from reference strains. Genomic DNA from biomass of the reference strains and filtrides was
extracted with the DNeasy Plant Mini Kit (QIAGEN, Hilden, Germany) according to manufacturer’s
instructions, with minimal modifications for the extraction from filtrides (double amount of Buffer AP1,
RNase A and Buffer P3 was added to fully suspend the samples). During the initial steps of extraction,
samples were homogenized using zirconia/silica disruption beads (0.5 mm) and by vortexing for 1 min.
The quality was assessed spectrophotometrically (NanoDrop ND-1000, Thermo Scientific, Waltham,
MA, USA), where A260/A280 ratio varied between 1.22 and 2.04.
2.4.3. Qualitative PCR
Qualitative PCR was run to analyze samples for the presence of MC (mcyE), CYN (cyrJ), STX (sxtA,
sxtG, sxtS) and ATX (anaC) synthetase genes. PCR reaction mixtures were prepared in a total volume
of 20 μL containing 1× Phire Reaction Buffer, 0.4 μL Phire II HotStart polymerase (Thermo Scientific),
0.2 mM deoxyribonucleotide triphosphates (dNTPs) (Thermo Scientific), 0.5 μL forward and reversed
primers (Table 1), 2 μL of template and sterile deionized water. PCRs were run on a C1000 Touch
Thermal Cycler (Bio-Rad, Helsinki, Finland) according to the following protocols: initial denaturation
for 30 s at 98 ◦C; 40 cycles of 5 s at 98 ◦C, 5 s at 61 ◦C (HEPF, HEPR, sxtA1480_R stxA855_R), or 62 ◦C
(cyrJ_F, cyrJ_R, sxtG432_F, sxtG928_R, sxtS205_F, sxtS566_R), or 52 ◦C (anaC-genF, anaC-genR) and
10 s at 72 ◦C; and a final extension of 1 min at 72 ◦C. To examine the potential inhibition of PCRs,
an exogenous amplification control template was prepared containing 1 μL:1 μL (reference:sample).
Following strains were used as a reference in the control template: PCC7820 for mcyE, CS-506 for cyrJ,
CS-537/13 for sxtA, sxtG, sxtS, and ANA123 for anaC. Visualization of PCR products was performed on
a 1.5% Top Vision agarose gel (Thermo Scientific) dyed with SYBR® Safe DNA gel stain. The observed
bands were documented on Gel Doc™ XR (Bio-Rad) using Quantity One software (v. 4.6.9).
Table 1. List of primers used for qualitative polymerase chain reaction (PCR).





cyrJ cyrJ_F TTCTCTCCTTTCCCTATCTCTTTATC [18]
cyrJ_R GCTACGGTGCTGTACCAAGGGGC
sxtA stxA855_F GACTCGGCTTGTTGCTTCCCC [19]
sxtA1480_R GCCAAACTCGCAACAGGAGAAGG
sxtG sxtG432_F AATGGCAGATCGCAACCGCTAT [19]
sxtG928_R ACATTCAACCCTGCCCATTCACT
sxtS sxtS205_F GGAGTATTDGCGGGTGACTATGA [20]
sxtS566_R GGTGGCTACTTGGTATAACTCGCA
anaC anaC-genF TCTGGTATTCAGTCCCCTCTAT [21]
anaC-genR CCCAATAGCCTGTCATCAA
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2.5. Cyanotoxin Analyses
2.5.1. Preparation of Water Samples for Liquid Chromatography–Tandem Mass Spectrometry
(LC–MS/MS)
Depending on the bloom density, 30–100 mL of water samples were filtered (pore size 2–3 μm).
Biomass on the filter was then freeze-dried. Afterwards, filtrides were placed in glass tubes and the
toxin was extracted with 3 mL of 75% MeOH and ultrasonication. The extracts were centrifuged for
10 min at 10,000× g and two 1 mL aliquots of the supernatant were evaporated to dryness (50 ◦C
nitrogen flow) in glass tubes. For MC analysis the sample was redissolved in 75% MeOH in 200 μL,
and for CYN analysis the sample was redissolved in 200 μL H2O. The samples were then filtered
(0.2 μm GHP ACRODISC 13 Pall Life Sciences, Ann Arbot, MS, USA) into inserts and were ready for
liquid chromatography–tandem mass spectrometry (LC–MS/MS) analysis.
The extracellular MC content was concentrated by solid-phase extraction (SPE) on Waters Oasis
HLB (30 mg). The samples eluted with 5 mL 90% MeOH were placed into glass tubes, evaporated
using nitrogen flow and redissolved in 200 μL of 75% MeOH. Subsequently, they were filtered (0.2 μm
GHPACRODISC 13 Pall Life Sciences) into inserts and were ready for LC–MS/MS analysis.
2.5.2. Preparation of Fish Tissue Samples for LC–MS/MS
Prussian carp from Lake Ludoš was analysed for MCs in fish liver, gills, kidney, intestine,
gonads (testis and ovaries), spleen, and muscle samples by LC–MS/MS. A total of 30 individuals (TL:
16.63 ± 2.24 cm, SL: 14.58 ± 1.68 cm, 18 female/12 male) were collected during two separate sampling
surveys—spring (March) and autumn (September) of 2018. Different fish tissues were separately
homogenized and freeze-dried. Samples of the same organ of all the individuals were pooled together.
Before further preparation, several fish tissues were spiked in order to test the preparation method.
Freeze-dried fish tissue samples (100 mg) were placed into glass tubes and 5 mL of 75% MeOH was
added for extraction of cyanotoxins. Homogenization was performed on ice for 30 second, and the
samples were then ultrasonicated in a bath sonicator for 15 min and further extracted with a probe
sonicator. Samples were then centrifuged for 10 min at 10,000× g followed by an addition of 1 mL
of hexane to 2 mL of the supernatants obtained. The hexane (lipid) layer was removed using glass
pipettes and the remaining samples were evaporated (50 ◦C nitrogen flow) in glass tubes. Finally,
samples were redissolved in 300 μL 75% MeOH and filtered (0.2 μm GHPACRODISC 13 Pall Life
Sciences) into inserts. The fish tissue samples were then ready for LC-MS/MS analysis.
2.5.3. LC–MS/MS
Toxin analyses were performed by LC–MS/MS [22]. The analytical targets consisted of nine MC
variants (MC-dmRR, MC-RR, MC-dmYR, MC-YR, MC-dmLR, MC-LR, MC-LY, MC-LW and MC-LF)
and CYN.
2.6. Analyses of Fish Histology
Captured Prussian carp from Lake Ludoš used for cyanotoxin detection were also used for
histological analyses. Liver, kidney, gill, intestine, spleen, gonad and muscle samples were dissected
from each fish and fixed in 4% formaldehyde. Additionally, 6 individuals of common carp
(Cyprinus carpio L.) (TL: 18.35 ± 6.24 cm, 3 females/3 males) were obtained from the Department
of Aquaculture, Szent István University, Hungary. These fish were kept in a recirculation system
(Sentimento Kft., Hungary), under a 12 h light/12 h dark cycle at 24 ± 0.2 ◦C and served as a control
group in this study.
After fixation of at least three days, samples were processed by standard histological procedure.
Gill and muscle samples were decalcified beforehand. For tissue processing, samples were dehydrated
in graded series of ethanol, cleared in xylene and subsequently embedded in paraffin wax blocks.
Three five-μm-thin sections per tissue per individual were cut and placed onto glass slides, and
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stained with haematoxylin and eosin (H&E) dyes. Sections were examined under a Nikon Eclipse 600
microscope and photographed using a QImaging Micro Publisher 3.0 digital camera.
3. Results
3.1. Physical and Chemical Parameters of Water Samples
The recent investigations of Lake Ludoš during 2018 corroborated the continuously poor chemical
state of the lake. pH levels, saturation with O2 as well as electrical conductivity were high during the
investigated period (Table 2).
Table 2. Physical and chemical parameters of water from Lake Ludoš in 2018.
Physical and Chemical Parameters March May July September
temperature (◦C), in situ 10.5 20.3 25.9 17.5
pH, in situ 8.3 8.9 8.9 8.6
concentration O2, in situ (mg/L) 16.2 9.5 26.9 8.5
saturation O2, in situ (%) 146.7 99.7 >300 90.5
conductivity, in situ (μS/cm) 873.5 915 874.5 967.5
TSS (mg/dm3) 43 104.5 46.8 48.4
TOC (mg/dm3) 8.45 10.4 9.5 13.2
NO3 (mg/dm3) ≤0.5 ≤0.5 ≤0.5 ≤0.5
detergents (mg/dm3) 2.05 2.5 2.1 3.1
COD (mgO2/dm3) 23.85 31.8 27.7 38
BOD (mgO2/dm3) 12 15 13.5 18.9
3.2. Presence of Cyanobacterial Species in Water Samples
Most dominant cyanobacterial species were Limnothrix redekei (Van Goor) Meffert and
Pseudanabaena limnetica (Lemmermann) Komárek (Table 3, Figure 2). Furthermore, both
Microcystis species, Microcystis aeruginosa (Kützing) Kützing and Microcystis wesenbergii (Komárek)
Komárek, were numerous during the whole investigated period. At the end of the summer, an invasive
Raphidiopsis raciborskii (Woloszynska) Aguilera, Berrendero Gómez, Kastovsky, Echenique and Salerno
(basionym Cylindrospermopsis raciborskii (Woloszynska) Seenayya and Subba Raju) also started to occur.
Usually, more cells per mL were found in the pier samples compared to the center samples; however,
the same species were present in both sampling sites.
 
Figure 2. Dominant cyanobacterial species from Lake Ludoš in 2018: (a) Limnothrix redekei;
(b) Pseudanabaena limnetica; (c) Raphidiopsis raciborskii; (d) Microcystis aeruginosa; (e) Microcystis wesenbergii;
Scale bars: 10 μm.
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3.3. Presence of Cyanotoxin Coding Genes in Biomass Samples
Biomass samples were tested for the presence of cyanotoxin coding genes, including MCs, STX,
CYN and ATX (Table 4).
Table 4. The prevalence of mcyE, sxtA, sxtG, sxtS, cyrJ and anaC PCR products in Lake Ludoš.
Sampling Period March May July September
PCR Products Center Pier Center Pier Center Pier Center Pier
mcyE + + + + + + + +
sxtA / / / / − − − −
sxtG + − − + + + + +
sxtS − − − − + + + +
cyrJ − − − − − − − −
anaC − − − − − − − −
Legend: (+) amplified; (−) not amplified; (/) not analysed.
MC coding gene mcyE (472 bp, Figure 3a) was amplified in all samples. STX coding genes sxtG
(519 pb, Figure 3c) and sxtS (382 bp, Figure 3d) were amplified in a total of 6 and 4 samples, respectively.
The sxtG gene was observed in all sampling seasons, while sxtS gene was observed only in samples
collected in August and September. Saxitoxin coding gene sxtA (648 bp, Figure 3b), CYN coding gene
cyrJ, and ATX coding gene anaC were not amplified in this study. Significant inhibition of the PCR
reaction was not observed in exogenous amplification control templates.
Figure 3. Visualization of PCR products on agarose gel: (a) mcyE; (b) sxtA; (c) sxtG;
(d) sxtS. Legend: L—ladder; B—blank; R1, R2—reference strains; C—exogenous amplification
control; S1—sample September—center; S2—sample September—pier; S3—sample July—center;
S4—sample July—pier; S5—sample May—center; S6—sample May—pier; S7—sample March—center;
S8—sample March—pier.
3.4. Presence of Cyanotoxins in Water and Fish Samples
Biomass and extracellular content of water samples were tested for the presence of cyanotoxins.
Several MC variants were noted in the total content (Table 5) including most commonly occurring
MC-LR and MC-RR, however, their concentrations were rather low during the whole investigated
period. CYN was not detected during the investigated period in Lake Ludoš, even though there were
some cyanobacterial species that could potentially produce this cyanotoxin.
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Table 5. Presence and highest concentrations of microcystin (MC) variants in Lake Ludoš during 2018.
Microcystin Variants (μg/L) March May July September
MC-LR − 0.1 0.022 0.285
dmMC-LR 0.023 − − −
MC-RR − − − 0.006
dmMC-RR 0.003 − 0.002 −
MC-LF − − − +
Legend: (+) present in sample; (−) not present in sample.
Analyses of several fish tissue samples did not show a presence of investigated MC variants in
spring nor autumn samples.
3.5. Histological Alterations in Fish Samples
During both investigated periods, spring (before) and autumn season (during and after the
bloom), most affected fish organs were liver, kidneys and gills. Liver samples of individuals from the
control group displayed typical organization of the hepatic parenchyma, with cord-like formations
of hepatocytes interspaced with sinusoids and radially arranged around blood vessels (Figure 4a).
Hepatocytes were polygonal, with a clearly visible cell membrane and large round nuclei with
distinguishable nucleoli. In contrast, microscopic examination of fish from Lake Ludoš revealed
severe alterations of liver histology which were observed in both March and September sampling
groups. Livers of these fish showed changes in architectural structure, with less prominent cord-like
organization and sinusoid capillaries no longer clearly distinguishable (Figure 4b). Loss of shape
and rounding of hepatocytes was most characteristic in the March group, with large groups of cells
displaying ball-or onion-like shape (Figure 4c). Altered hepatocytes typically had darker nuclei with
condensed chromatin and no discernable nucleoli. Signs of kariopyknosis, predominantly in the
September sampling group, were indicative of necrosis (Figure 4d). Most prominent alterations present
in all examined samples were glycogen depletion and vacuolization of hepatocytes. Many cells had a
completely clear cytoplasm, which suggest hypervacuolization (Figure 4e).
Figure 4. Histopathological alterations in the liver of Prussian carp Carassius gibelio from Lake Ludoš,
2018: (a) control fish; (b) loss of the cord-like parenchymal structure; (c) rounding of hepatocytes;
(d) necrotic fields (asterisk) with hepatocytes displaying karyopyknosis; (e) hepatocytes displaying
vacuolization and glycogen depletion. Haematoxylin and eosin (H&E) staining. A, B and D–50 μm;
C and E–20 μm.
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Renal corpuscles in the kidneys of the control individuals were round in shape and had relatively
large glomeruli. The Bowman’s capsule was continuous with thin intercapsular space. Both proximal
and distal renal tubules had one layer of columnar epithelial cells with proximal segments having
basal nuclei, and distal segments having central nuclei and less intensive cytoplasmic stain (Figure 5a).
Even in controls, slight clogging of tubules and slight vacuolization was observed.
Figure 5. Histopathological alterations in the kidney of Prussian carp Carassius gibelio from Lake Ludoš,
2018: (a) control fish; (b) degeneration of tubules including vacuolization and separation of epithelial
layer from the basal lamina; (c) reduction of glomeruli size and intense dilatation of Bowman’s capsule.
H&E staining. A and B–50 μm; C–20 μm.
Only individuals sampled in March had significant pathological alterations in the kidney.
These included degeneration and loss of nephron formation, as well as interstitium structure.
Renal corpuscles showed a reduction of glomeruli size, accompanied with dilatations of intercapsular
space of the Bowman’s capsule (Figure 5c). In tubules, epithelial cells showed intense vacuolization
and in some cases the epithelial layer was separated from the basal lamina (Figure 5b). The number of
tubules appeared clogged and in the process of necrosis. Cells in the necrotic area had pyknotic nuclei
and displayed signs of cell membrane lysis, such as no discernable boundary between cells. In some
fish, necrosis, hyalization of the interstitium and the presence of macrophage aggregates were evident.
Certain alterations, such as vacuolization and tearing of the tubular epithelium, were also present in
individuals from the September group; however, this was not as frequent and severe compared to the
March group.
Gills of the control group showed no pathological changes (Figure 6a). Secondary lamellae
regularly lined both sides of the primary lamellae (filament) and were covered with one layer of
squamous epithelial cells. Contrarily, individuals from Lake Ludoš in both sampling periods (March
and September) had noticeably altered gill structure. Several individuals displayed signs of hyperplasia,
as well as hypertrophy of interlamellar cell mass, mainly epithelial and mucous cells. Such swelling of
secondary lamellae and proliferation of interepithelial cells has led to a complete fusion of the secondary
lamellae, especially noticeable in the September sampling group (Figure 6b). Other observed lesions
included epithelial lifting and oedema, accompanied with hypertrophy of interepithelial chloride cells
(Figure 6c). In some individuals, endothelial cells of the capillaries showed signs of telangiectasia
(aneurysm), along with epithelial rupture and hemorrhage (Figure 6d).
Other examined organs of the bloom-exposed fish in the present study did not display
histopathological alterations (not shown). Intestines of all groups showed normal histology, with villi
regularly lining the lumen. A single layer of enterocytes with basal nuclei lined the surface of the vili,
along with fewer goblet cells. Furthermore, sections of muscle tissue in all groups also showed no
structural alterations. Spleen of all examined individuals displayed a normal structure, with aggregates
of erythroid and lymphoid cells, surrounding blood vessels. Neither male nor female gonads had
histopathological changes. Testes and ovaries had normal structural organization with germline cells
present in different stages and numbers, which is dependent on the season and age of the fish.
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Figure 6. Histopathological alterations in the gills of Prussian carp Carassius gibelio from Lake Ludoš,
2018: (a) control fish; (b) fusion of the secondary lamellae; (c) intensive proliferations of chloride
cells (arrowhead) and oedema (arrow); (d) telangiectasia. H&E staining. A and D–50 μm; B–100 μm;
C–20 μm.
4. Discussion
4.1. Monitoring of the Water
4.1.1. Physical and Chemical Parameters in Lake Ludoš
The measurements of physical and chemical parameters showed several important findings:
• the lake water pH values were very high (almost 9), probably as a results of the activity
of phytoplankton;
• O2 saturation showed high values, and even supersaturation during July 2018, likely due to
photosynthetic activity of phytoplankton;
• electrical conductivity was relatively high.
It is assumed that cyanobacteria are more resistant to solute increases compared to
other phyla e.g., Chlorophyta [23]. Additionally, conductivity changes lead to decreased
zooplankton—predators of phytoplankton, thus it is possible that a reduction in zooplankton would
potentiate phytoplankton increase.
Regular monitoring showed similar findings in recent years (2013–2017) [7–11]. pH levels were
between 8 and 9, O2 saturation during the year was uneven with high values and supersaturation
during summer and sometimes during autumn months, while high values of electric conductivity
of the water seemed to be rising in the recent years. Additionally, COD was extremely high, similar
to wastewaters, indicating a poor status of the lake and based on the measured parameters it is
recommended that the lake should not to be used for any purpose [24]. BOD was uneven during the
year, demonstrating the problem of instability of the system. The water of the Lake Ludoš is very
rich in nitrogen compounds (mostly organically bound nitrogen), which led to increased biological
production. Nitrates were uneven during the year and seemed to depend on the inflow from the
Palić-Ludoš canal. Phosphates showed a similar trend as nitrates and their concentration seemed to be
on the rise thus contributing to the deterioration of the water quality. Sediment analysis suggested rich
deposits of nutrients which will contribute to the continual hypertrophic state of the lake [7–11].
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The status of surface waters in terms of general quality can be shown by the Serbian Water Quality
Index (SWQI). SWQI is based on 10 quality parameters (temperature, pH, conductivity, O2 saturation,
BOD for 5 days, suspended matter, total nitrogen oxides, orthophosphates, ammonia ions, coliform
bacteria) that are aggregated into a composite indicator of the quality of surface waters, leading them
to one index number [24]. SWQI of the water from Lake Ludoš through 2018 found it to be of either
very low quality or low quality [25]. Similar findings were also noted for the period from 2013 to
2017 [7–11].
4.1.2. Cyanobacterial Community in Lake Ludoš
During 2018, the most dominant cyanobacterial species were L. redekei and P. limnetica (Table 3).
Furthermore, both Microcystis species, M. aeruginosa and M. wesenbergii, were numerous during
the whole investigated period. Same species were present in pier and center samples, although
more cells were noted in the pier samples possibly due to lower depth, higher temperature, wave,
and wind effects. In the recent years (2013–2017), several other cyanobacterial species were also
frequently found: Microcystis delicatissima, Oscillatoria agardhii (current Planktothrix agardhii), Oscillatoria
putrida, Lyngbya limnetica and Anabaena spiroides [7–11]. Furthermore, in our previous research during
2011 and 2012, similar cyanobacterial species were abundant: L. redekei, P. limnetica, P. agardhii and
Microcystis spp. [5]. Most of the present species and genera are known as potential cyanotoxin producers.
Additionally, in the autumn of 2018, the invasive species Raphidiopsis raciborskii was also found.
This invasive and potentially toxic species was first noted in Serbia in 2006 [26] and soon in Lake Ludoš
as well [27], and since then it has been frequently found and blooming in the lake. The R. raciborskii
presence is of particular concern due to its ability to expand its distribution rapidly (see [28]). Differences
in toxin production are known among the strains: South American strains produce STX, Australian
and Chinese strains produce CYN, and European and North American strains are considered to be
non-toxic [28]. Furthermore, non-toxic and toxic strains can co-exist, and even co-occurring strains
exhibit genomic variability [29]. Bearing in mind that this species is expanding its distribution in
Europe, and in Serbia as well, it is necessary to establish whether this species is a greater threat than
previously assumed, and how it succeeds in spreading so rapidly.
4.1.3. Presence of Cyanotoxin Genes and Cyanotoxins in Lake Ludoš
For the first time, Lake Ludoš was assessed for the presence of genes coding several frequently
occurring cyanotoxins. During investigated months, the MC-coding gene mcyE was amplified in all
the biomass samples. This is in accordance with the cyanobacterial species composition observed
in the lake, and confirms the uniform distribution of MC-producing species throughout the year.
Amplification of STX coding genes, sxtG and sxtS occurred in some of the samples. The sxtG gene was
observed in all sampling seasons, while sxtS gene was observed only in samples collected in August
and September. The STX sxtA coding gene was not amplified in this study. Since the specificity of sxtA,
sxtG and sxtS primers has been previously validated by Savela et al. [19,20], the lack of targeted genes
may be due to unexpected sequence dissimilarities between primers and target that can occur in natural
populations. Large-scale gene mutations such as deletions and insertions resulting in non-functional
gene clusters may also cause a lack of PCR amplification. Major deletions events in MC-coding gene
cluster were previously observed in non-toxic Planktothrix strains [30], suggesting that similar events
may occur in STX-producing strains. Similarly to this study, the lack of the some of the targeted STX
genes was previously observed by Savela et al. (2017) in Polish lakes. As STXs were not measured
directly, conclusions on correlation between gene presence/absence and toxin production cannot be
made. However, since STXs have been detected in the lake Ludoš before [5], and a potential STX
producer, R. raciborskii, was detected, additional studies are warranted to confirm potential production
of STXs in the lake.
There are several publications that show MC presence in various water bodies in Serbia [6,31].
However, only a few publications demonstrate presence of cyanotoxins in Lake Ludoš. MCs were first
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noted in 2006 by Simeunović [32,33], thereafter the presence of MCs and low concentrations of STXs in
the lake was observed during our previous investigation in 2011 and 2012 [5]. In 2018, analyses of
water and biomass samples for the presence of MCs and CYN were performed by LC–MS/MS and
several MC variants were detected in low concentrations. CYN was not detected, although some
investigations have shown that some of the present cyanobacterial species potentially could produce
this toxin (e.g., [34,35]).
4.2. Uptake of Cyanotoxins and Bloom Effects
Fish are directly influenced by water blooms, which can cause health impairments and
mortality [36]. Primary route of exposure is by ingestion, either directly or through the food web, and
indirectly via epithelial absorption [37]. Consequently, liver and gills are often the most affected organs
during cyanobacterial blooms [38,39]. Furthermore, there is evidence of cyanotoxin accumulation in
fish tissue, which ultimately endangers the health of animals and even humans that use them as a
food source (e.g. [40,41]). Multiple other stress factors co-occuring with the blooms can additionally
threaten fish, damaging tissues and impairing their development and survival [42].
A previous investigation of Lake Ludoš by the authors showed cyanotoxin uptake by macrophytes
and fish. Accumulation of MC-RR was detected in the rhizome of Phragmites australis, cattail
Typha latifolia and royal blue water lily Nymphaea elegans [5]. Furthermore, the same investigation
demonstrated accumulation of two MC variants (MC-LR and MC-RR) in the tissue samples of the
Prussian carp from Lake Ludoš. During 2011 and 2012, MCs were found in the intestine (MC-LR) and
muscle samples (MC-RR), however, no MCs were found in the liver samples. In 2011, the fish gills
were also positive for MC-RR, and in 2012, kidneys and gonads were found to accumulate MC-LR [5].
In 2011, histopathological changes were observed in liver, kidney, gills and intestine samples of the
tested individuals. Furthermore, DNA damage was detected in Prussian carp as revealed via comet
assay in 2012. Three tissues were selected and assessed: blood had the lowest level of DNA damage,
while liver and gills showed more damage [5]. In another study from fishponds in Serbia, MC-RR
accumulation in muscle tissues was recorded and histopathological changes were noted in liver,
kidneys, gills, intestines and muscles of the Cyprinus carpio tissues [41]. Many histological changes in
different fish species and tissues after exposure to cyanobacterial bloom or cyanotoxins were presented
in a review by Svirčev et al. [2].
In addition to histological changes and accumulation, cyanotoxins can affect fish growth,
development, reproduction, and survival. Embryos and larvae are especially sensitive to the effects of
MCs, and exposure to these cyanotoxins in the early life stages can disrupt embryos, reduce survival
and growth rate, and cause disorders such as: small head, curvature of the body and tail, enlarged
and opaque yolk sachet, hepatobiliary abnormalities and cardiac disturbances [43–45]. Furthermore,
cyanobacteria and their metabolites can have a wide range of negative effects on the adults of fish.
They affect locomotor activity and fish behavior, impair ingestion rate and growth, disrupt heart
function, ion regulation, cause changes in serum composition, trigger oxidative stress and disturb
the reproduction of fish. Alongside direct harmful effects caused by cyanotoxins, cyanobacteria can
adversely affect fish through the alteration of environmental conditions during blooming. Decreased
dissolved oxygen, increase in ammonia concentration, changes in pH value and water temperature, or
a combination of all of these factors can have detrimental changes on fish [46].
4.2.1. Cyanotoxin Accumulation in Fish Tissues from Lake Ludoš
Several fish tissues of Carassius gibelio were examined for the presence of MCs. As already
stated, in our previous study accumulation of two microcystin variants (MC-LR and MC-RR) was
noted in several fish tissues: muscle, intestines, kidneys, gonads and gills of Carassius gibelio [5],
however, accumulation in tissues was not found during this investigation. Although spiked samples
demonstrated that the method for the preparation of the samples is adequate, it is possible that
cyanotoxins remained covalently bound to protein phosphatases in the tissue [47–50] resulting in
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negative results. Furthermore, it is possible that cyanotoxins were excreted and concentrations
lowered by detoxification processes which vary between different species, organ, MC congener and
metabolism [40,51–53], or even that concentrations in water were not high enough to be accumulated
in high concentrations for detection.
4.2.2. Bloom Effects on Histopathology of Fish from Lake Ludoš
Histopathology has an important place as a biomarker of fish health status, as histological changes
often occur in response to acute or chronic exposure of an organism to a pollutant or a hazardous
chemical, as well as adverse conditions present in the water. Even though no accumulation of
cyanotoxins were detected during this investigation, histological observation of tissues from Prussian
carp taken from Lake Ludoš suggest serious health implications often attributed to water blooming and
cyanobacteria-rich aquatic environments. In general, most affected organs during both the spring and
autumn seasons were liver, kidneys and gills. Furthermore, presence of alterations in both sampling
periods (spring and autumn) suggests that chemical state of the lake was poor and that harmful blooms
probably occurred in the previous year.
Structural alterations of the liver observed in this study are similar to those found by other authors
after the exposure of fish to cyanotoxins or extracts of cyanobacterial strains and blooms [54–60].
Most prominent changes were loss of parenchymal structure, rounding of cells, glycogen depletion,
vacuolization and pyknosis, all of which were so far reported after exposure of fish to MCs [2].
These alterations, specifically vacuolization and increase of lipid content, were also observed in
mammalian livers in reaction to MC [61–63]. Hepatotoxicity of MC might be attributed to its affinity to
bind and inhibit eukaryotic serine-threonine protein phosphatases 1 and 2A (PP1 and PP2), enzymes
that are important in maintaining cell homeostasis and tumor suppression signaling pathways [64–66].
Studies in mammalian models have shown that inhibition of PP1 and PP2 can cause cytoskeletal
damage [67,68] and may lead to loss of cell-to-cell contact, rounding of hepatocytes, condensation of
chromatin and nuclear pyknosis.
Kidneys may be good indicators of environmental stress since they receive the majority of
postbranchial blood. Additionally, kidney tubule cells possess a transport mechanism similar to that
of hepatocytes (the multispecific bile acid transport system) which is responsible for MC uptake into
the cell [69]. A study undertaken by Fischer and Dietrich [56] has shown that due to this efficient
uptake of toxins in carp, MC-induced kidney pathologies in carp develop rapidly and at lower toxin
concentrations. Such a finding supports the results of this study, as the kidneys exhibited the strongest
histopathological changes, particularly in the fish that were taken during the spring when the levels of
cyanotoxins are lower. Histological changes observed in the present study supports previous research
on the effects of MCs on fish [39,55,56]. Glomerulopathy, with dilatations of the Bowman’s capsule,
and vacuolization of tubules are the most common alterations observed after exposure of fish to
MCs [70,71]. Necrosis and impairment of renal tubules can affect ion and water regulation in the
kidney, thus damaging the survival capabilities of fish [72].
Fish gills constitute over 50% of the total surface area of the animal and are in direct contact with
water, which makes them sensitive to pollutants and toxic chemicals. A number of histopathological
alterations were detected in fish from Lake Ludoš, which can be associated with conditions during
water blooms, mostly the presence of cyanotoxins [54,57,73]. Lifting of the lamellar epithelial cells
caused by the fluid penetration and epithelial hyperplasia were the most common lesions. Along with
epithelial hyperplasia, these are considered defensive mechanisms of gills, both of which reduce the
uptake of xenobiotics [74,75]. Other persistent alterations, such as oedema and telangiectasia from the
secondary lamellae could be attributed directly to MC toxicity. Gill ion pumps (Na+ and K+ ATPases)
could be inhibited by MCs [76,77], leading to a decline in blood Na+ and Cl− concentration and ion
exchange imbalance. This could result in swelling of secondary lamellae as well as proliferation of
interepithelial chloride cells. Intensive hyperplasia decreases the space between lamellae and causes
fusion, which increases the thickness of the water–blood barrier and decreases the oxygen uptake.
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These lesions can cause capillary hemorrhage and significantly hinder gill functions, such as respiration,
ion regulation, acid-base regulation and nitrogenous waste excretion [78]. The molecular actions of
cyanotoxins in fish liver and gills involve increased generation of reactive oxygen species (ROS) which
randomly attack all cell components, including proteins, lipids and nucleic acids [79,80]. An imbalance
between the generation and removal of ROS in these tissues results in oxidative stress and extensive
cellular tissue damage in these organs [81,82].
Previous research on fish from Lake Ludoš by the authors showed similar findings. The liver
showed a loss of cordlike parenchymal structure; presence of onion-shaped hepatocytes with clear
cytoplasm as well as pyknosis and fields of anucleated cells. Changes in the kidney were glomerulopathy
with intense dilatation of Bowman’s capsule as well as vacuolization of tubules and macrophage
infiltration. Furthermore, histopathological alterations observed in the gills showed fusions of lamellae;
oedema and epithelial lifting and intensive proliferations of chloride cells. Alterations were also found
in intestines where intensive oedematous alteration in the lamina propria; desquamation of enterocytes;
and hypertrophies of goblet cells was noted [5]. Although more than five years have passed since
the previous research, problems found in fish tissues remain present and could be a result from the
constant cyanobacterial blooming in this lake. The aforementioned alterations can severely impact the
life quality of fish and consequently disturb the whole food chain.
It should also be noted that fishing at Lake Ludoš by local fisherman is frequent, and therefore
Carassius gibelio is sometimes included in the human diet. It is necessary to monitor concentrations of
cyanotoxins in water and fish to make sure that ingested concentrations of MCs are below tolerable
daily intake of 0.04 μg MC-LR equiv./kg body weight/day [83], so that any health consequences could
be prevented.
4.3. Potential Health Risks Caused by Cyanobacterial Blooms
4.3.1. Transfer to Protected Water Birds
Cyanotoxins can be transmitted through the food web to different consumers, such as various
animals living in and around the lake, including birds. In the case of Lake Ludoš, this is particularly
important since one of the main reasons for protection of this wetland is because it is a habitat for
water birds. In addition to the contaminated food, birds can come into contact with cyanotoxins via
direct contact with the blooming water. There are few papers dealing with the effect of cyanotoxins
on birds. Early reports, such as that from Storm Lake in Iowa associated with Anabaena flos–aquae
blooms, include estimated deaths of 5–7000 gulls, 560 ducks, 400 coots, 200 pheasants, 50 squirrels,
18 muskrats, 15 dogs, 4 cats, 2 hogs, 2 hawks, 1 skunk, 1 mink, plus “numerous” songbirds. It seems
that neurotoxicity resulted in prostration and convulsions preceded death; milder cases displayed
restlessness, weakness, dyspnoea and tonic spasms. Furthermore, 57 weak and partially paralyzed
mallards were recovered following gastric lavage [84,85]. In Denmark in 1993, two grebes and a coot
died during cyanobacterial bloom and Anabaena lemmermannii was found in the stomach contents
all three birds together with low levels of anatoxin-a(S)-like compounds [86,87]. Death of 20 ducks
in Shin–ike pond (Japan) were described after evident M. aeruginosa bloom and presence of MC
was confirmed, indicating MC intoxication as a possible cause of death [88]. Cyanobacteria-related
mortalities have been reported in three flamingo species, both wild and captive [89]. Four MC congeners
and ATX found in cyanobacterial mats and stomach contents of dead lesser flamingos as well as faecal
pellets collected from shorelines of Lake Bogoria (Kenya) [90]. Similar Lesser Flamingo poisonings
have been reported from alkaline lakes in Tanzania, with toxic Arthrospira fusiformis implicated [91].
The presence of MCs in several organs was detected in the domestic duck (Anas platyrhynchos) and in the
black-crowned night heron (Nycticorax nycticoraxs) (alongside fish and turtle) from Lake Taihu (China)
during toxic Microcystis blooms [92]. After experimental exposure to Microcystis biomass containing
MCs, histopathological changes were observed in the form of cloudy swelling of hepatocytes (shrunken
nuclei with ring-like nucleoli, cristolysis within mitochondria and vacuoles with pseudomyelin
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structures), vacuolar dystrophy, steatosis, hyperplasia of lymphatic centers and vacuolar degeneration
of the testicular germinative epithelium in male Japanese quails (Coturnix coturnix japonica) [93].
4.3.2. Transfer to Humans as a Result of Fish Consumption
Humans at the top of the food chain may also be endangered. Lake Ludoš is regularly frequented
by the local fishermen, and year-long and day-long fishing permits are available for this protected
freshwater ecosystem. Based on the available data it was found that fishermen with prolonged and
cumulative exposure through contaminated water (direct contact, inhalation, oral) and food may
suffer a type of poisoning with a long-term complications. Such an outcome was demonstrated
through biochemical alterations of liver damage biomarkers in fishermen and children that consumed
(in addition to water) ducks, fish, shrimps, snails, and other aquatic organisms grown in blooming
lakes in China [94,95]. Serum analysis of 35 fishermen who worked and lived on fishing ships on
the blooming Lake Chaohu (China) for over 5 years, drank the lake water and ate fish, shrimps, and
snails, showed the presence of MC [94]. The values of serum enzymes were significantly higher in
the children that were exposed to MCs for over 5 years through drinking MC contaminated water
and food e.g., carp and duck in the Three Gorges Reservoir Region in China. Additionally, 0.9% of
parents of high-exposed children self-reported a cancer diagnosis (9 of 994, including four with hepatic
carcinoma) compared to 0.5% of parents of low-exposed children (1 of 183), and none of the parents of
children in the unexposed group [94]. To confirm this, in south-west China where MC-LR was detected
in water, fish, and ducks, people with abnormal indicators of renal function had a much higher mean
level of MC-LR exposure than those with normal indicators [96]. The foregoing indicates that the
blooming phenomenon should not be taken lightly, but rather should receive more scientific attention.
4.4. A Potential Resolution?
By some estimates, we lost 50% of the world’s wetlands in the 20th century [97]. So far an
effective and long-term solution to reduce cyanobacterial blooms worldwide has not been attained.
Cyanobacterial blooms have been recorded in the wetlands of the Perth region (Australia), with
Microcystis aeruginosa and M. flos-aquae being the most ubiquitous bloom-forming cyanobacteria.
Furthermore, for the first time Nodularia blooms have been recorded in such low salinity waters in
Australia, and hepatotoxins, microcystin and nodularin, were associated with the analysed blooms [98].
Lake Ludoš has been notoriously known for consistent cyanobacterial blooming. Wetland ecosystems
need help in dealing with this issue.
Mitigation of the global expansion of cyanobacterial harmful blooms, together with a variety
of traditional (e.g., nutrient load reduction) and experimental (e.g., artificial mixing and flushing,
omnivorous fish removal) approaches has been presented in a review by Pearl et al. [99]. Virtually all
mitigation strategies are influenced by climate change, which may require setting new nutrient input
reduction targets and establishing nutrient-bloom thresholds for impacted waters. Physical-forcing
mitigation techniques, such as flushing and artificial mixing, will need adjustments to deal with the
ramifications of climate change. Current mitigation strategies need to be examined and the potential
options for adapting and optimizing them in a world facing increasing human population pressure
and climate change [99]. A notable approach on large-scale wetland restoration has been proposed in
Ohio (USA). Through restoration of the Great Black Swamp, cyanobacterial blooming in Lake Erie
should be mitigated [97]. The goal would be to restore rare and declining plant communities and
species and to provide nutrient load reduction to Lake Erie, specifically total phosphorous. With the
creation of the 20,000 of wetlands in “hot spots” of the former Great Black Swamp, removal of 18%
of the 2617 metric tons/year of phosphorus loading by the Maumee River to Lake Erie would be
expected [100]. This would lead to a cleaner lake and a more sustainable landscape in that region [97].
In order to reduce cyanobacterial population in Lake Ludoš, the potential efficiency of hydrogen
peroxide treatment was examined in vitro. Although further research is needed, the initial laboratory
results showed that this method may not be readily applicable, since the dense cyanobacterial
84
Water 2020, 12, 129
population and the high load of organic matter (that consumes hydrogen peroxide) would require the
use of harmfully high doses of hydrogen peroxide in order to fight the cyanobacteria [5]. Another
recent study performed in Lake Ludoš demonstrated the use of H2O2 and the MC-degrading capacity
of the enzyme MlrA. Results showed that the treatment decreased the abundance of the dominant
cyanobacterial taxa and reduction of the intracellular concentration of MC by H2O2, but the reduction
of the extracellular MC was not accomplished in combination with MlrA. Since H2O2 was found to
induce the expression of mcyB and mcyE genes involved in MC biosynthesis, the use of H2O2 as a safe
cyanobacteriocide still requires further investigation [101]. Several other authors have also suggested
measures for water-quality improvement of this lake, including the identification of source water
with lower nutrient content for maintaining the volume of the lake, sediment removal [102,103], and
sediment phytoremediation [104]. Even if restoration of the endangered ecosystem were to be realized,
continuous monitoring would still be preferable. Such system (South Florida Wetland Monitoring
Network (SFWMN)) has been created in the Everglades (USA), with three real-time hydrologic,
water-quality, and meteorological field stations. Besides research, data from these monitoring stations
assist in a better understanding of wetlands dynamics and function [105].
Lake Ludoš, a significant ecosystem and a habitat for several endemic and relict plant species, is
preserved at the moment, however, the problematic ecological state of the lake is also perpetuated, so
justification for such action was questioned. Current research strongly supports the earlier findings
that the ecological balance of this Ramsar site is impaired. By preserving the lake and its cyanobacterial
problem the water birds and their habitat are not really protected and, quite the contrary, the lake and
nearby ecosystems are put at risk. There is a likely probability that the birds visiting the contaminated
lake during their migrations carry viable cyanobacterial cells on their feet, feathers, bills, gullets,
and faecal material, thus contributing to the spreading of cyanobacteria and hence expanding the
problem [5].
The future of Lake Ludoš is still unclear and a potential resolution is still not in sight. How long
will this vital ecosystem stay in a state of limbo? Based on this research, and as an extension and
confirmation of the previous investigations, it is possible to predict the continuation of cyanobacterial
blooms in Lake Ludoš, degradation of protected habitat and negative effects on aquatic organisms.
Food items derived from Lake Ludoš also present one path of human exposure to cyanotoxins, which
together with the direct contact and ingestion of contaminated water, as well as inhalation, signifies a
health risk. Therefore, it is necessary to continue the monitoring of this lake, and work on finding an
effective treatment that will help this ecosystem, but also many others that suffer from the same problem.
Recently, it was published that there are over 1000 recorded identifications of major cyanotoxins in
more than 800 aquatic ecosystems from over 60 countries worldwide [4].
It is time to solve this problem but most if not all the options being considered are limited and/or
inconsequential [97]. This paper should be seen as an invitation to scientists, engineers, competent
authorities, policy makers and anyone else who can contribute to solving the problems of Lake Ludoš
and finally ending the lake’s perpetual state of limbo. Potential solutions should be comprehensive
and holistic, and lead to a sustainable management of this marshland ecosystem and its services.
5. Conclusions
This investigation regarding the presence of cyanobacteria and cyanotoxins, together with
the observations of effects on aquatic organisms, in Lake Ludoš during 2018 has resulted in the
following findings:
• the poor chemical state of the lake based on the physical and chemical parameters;
• the presence of potentially toxic (genera Dolichospermum, Microcystis, Planktothrix, Chroococcus,
Oscillatoria, Woronichinia and dominant species L. redekei and Pseudanabaena limnetica) and invasive
cyanobacterial species R. raciborskii;
• the detection of MC and STX coding genes in biomass samples;
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• the detection of several MC variants MC-LR, MC-dmLR, MC-RR, MC-dmRR, MC-LF) in low
concentrations in water samples;
• histopathological alterations in fish liver, kidney and gills.
Additional emphasis has to be placed on the detection of MC and STX coding genes, which
was performed for the first time in Lake Ludoš indicating these toxins as the main threat, as well as
identification of demetylated forms of well-known toxins (MC-dmLR, MC-dmRR), and a more rare
variant MC-LF in the water. Although present MC variants have a different toxicity, nonetheless, they
contribute to possible adverse effects.
The results presented indicate that the potential threat to many organisms in the ecosystem,
including birds and humans, is real and present. The persistent alarming condition of Lake Ludoš poses
a great health risk and a “ticking (cyanobacterial) bomb” that could lead to the collapse of this special
nature reserve. Urgent remediation measures are needed to alleviate the incessant cyanobacterial
problem in Lake Ludoš and to break this ecosystem out of the perpetual state of limbo in which it has
been trapped for quite some time.
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Abstract: The Oregon Department of Environmental Quality (ODEQ) uses Total Maximum Daily
Load (TMDL) calculations, and the associated regulatory process, to manage harmful cyanobacterial
blooms (CyanoHABs) attributable to non-point source (NPS) pollution. TMDLs are based on
response (lagging) indicators (e.g., measurable quantities of NPS (nutrients: nitrogen {N} and
phosphorus {P}), and/or sediment), and highlight the negative outcomes (symptoms) of impaired
water quality. These response indicators belatedly address water quality issues, if the cause is
impaired riparian functions. Riparian functions assist in decreasing the impacts of droughts and
floods (through sequestration of nutrients and excess sediment), allow water to remain on the land
surface, improve aquatic habitats, improve water quality, and provide a focus for monitoring and
adaptive management. To manage water quality, the focus must be on the drivers (leading indicators)
of the causative mechanisms, such as loss of ecological functions. Success in NPS pollution control,
and maintaining healthy aquatic habitats, often depends on land management/land use approaches,
which facilitate the natural recovery of stream and wetland riparian functions. Focusing on the
drivers of ecosystem functions (e.g., vegetation, hydrology, soil, and landform), instead of individual
mandated response indicators, using the proper functioning condition (PFC) approach, as a best
management practice (BMP), in conjunction with other tools and management strategies, can lead to
pro-active policies and approaches, which support positive change in an ecosystem or watershed,
and in water quality improvement.
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1. Introduction
Watersheds are complex ecosystems [1]. Nature is not static, but adjusts and adapts to natural
climatic and anthropogenic stresses [2,3]. In aquatic environments, not all water pollution is from an
external input. Pollution can come from the materials stored in riparian areas, and wetlands, due to their
attributes, physical processes, and functions [4]. When an abundance of nutrients, increased warmth,
higher salinity, and light are available, harmful cyanobacterial blooms (CyanoHABs) can occur [5].
Regulating water pollution is a key U.S. Clean Water Act (CWA) tool [6]. Point source (PS) pollution
control strategies were very effective during the early decades of the United States Environmental
Protection Agency (USEPA), when success was attributed to regulatory control structures capable of
“breaking” the pathway of point source (PS) contamination to an endpoint cohort (i.e., humans, fish,
etc.), and attaining water quality standards [6].
As the emphasis for pollution control moved from point sources to non-point sources, success has
been sporadic [7], because a singular solution, or control structure(s), are not useful approaches
for stemming non-point source (NPS) pollution. The Water Resources Development Act of 2007
(Available online: https://www.govinfo.gov/content/pkg/PLAW-110publ114/html/PLAW-110publ114.
htm; accessed: 28 May 2019), specifies that federal water resources investments shall, “reflect national
priorities, protect the environment, maximize sustainable economic development, avoid excessive use
of floodplains and flood-prone areas, and protect and restore the functions of natural systems”. For PSs,
the CWA provided a framework (Sections 303(d), 305(b), 319) for identifying best management practices
(BMPs) needed to reach required water quality standards. Once a waterbody is designated as impaired,
per CWA Section 303(d), a total maximum daily load (TMDL) source assessment, load allocation, and in
most states an implementation plan document is required. Creating a non-point source TMDL is often
challenging, because a plan requires feasible, and accurate, accounting of allowable non-point source
pollutant loadings and regulatory control methods. Leading indicators measure the performance of
current and future ecological conditions that drive pollution [8,9]. The lack of success in addressing
NPS pollution is partly because water quality, and aquatic organism measures, are typically lagging
indicators [8–10].
A lagging indicator may eventually respond (e.g., excess sediment, nitrogen (N), and phosphorus
(P)), but not soon enough to guide decisions needed to ensure progress [10–12]. Land cover and
land use, in non-riparian watershed areas, can drive erosion or release and transport pollutants,
into an expanded network of ditches and drains. Watershed vegetation is critical for slowing
down hydraulic forces, which are magnified through peak hydrology, and efficient channel forms,
and greatly influences the movement of eutrophication nutrients, such as nitrogen and phosphorus.
Drivers (leading indicators) of physical function identify early interventions to prevent the loss of
assimilation processes, and water quality deterioration. The objective of this study was to show
that interdisciplinary, qualitative assessments of riparian and watershed function, and biophysical
alterations at a local scale, such as the proper functioning condition (PFC) approach, can assist resource
managers in prioritizing adaptive management practices (i.e., objective implementation, monitoring,
etc.) [13–15].
1.1. Ecosystem Function
Bernhardt et al. [16], noted that most of the billions of dollars [17,18] spent to enhance water quality
and improve in-stream habitat lacks the appropriate data and information to evaluate the ecological
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effectiveness of restoration activities. Therefore, it is essential to monitor vegetation, hydrology,
soils, landform, and water quality parameters, as part of an ecological restoration project, to collect
data/information essential for State and Tribal environmental managers to prioritize areas of focus and
concern [19]. Ecosystem function is defined as a state of resiliency, which allows a riparian wetland
system to remain intact during a 25 to 30-year flood event, and sustains an ecosystem’s ability to
produce ecosystem values related to physical and biological attributes [20,21]. Water quality and
biological communities are affected if a stream’s riparian function is impaired. A stream’s shape
evolves over time, in response to flow and sediment loads [22]. Increased volume and intensity of
runoff, or improper watershed or riparian management, often leads to accelerated stream erosion,
which may result in streams becoming straighter, steeper, and deeper through incision, or wider and
shallower, through bank erosion and aggradation [23]. These reduce pool habitat, and fish cover,
and destroy riparian vegetation [14,20].
Proper functioning condition (PFC) refers to how well the physical processes within a stream and
wetland riparian area can sustain a state of resiliency [14,15,20,21]. This resiliency allows an area to
provide desired and valued ecosystem services (e.g., fish habitat, livestock, and/or wildlife forage,
water purification, carbon storage, and nutrient cycling) over time [21]. Functional ecosystems are
resilient to disturbances (e.g., floods), in contrast to nonfunctional ecosystems, which fail to buffer
against surges in flow from upland and upstream inputs. This is because ecosystems are interconnected
communities of vegetation, hydrology, soils, landform, and micro-organisms linked by physical and
chemical interactions [14]. For example, a change in vegetation impacts a lentic (still, fresh water) or
lotic (rapidly-moving, fresh water) ecosystem’s physical functions (assimilative capacity and bank
stability). If vegetation deteriorates, and the system is not functioning properly, water quality will
degrade. When the ecosystem is functioning, and moving in a positive direction, water quality will
improve [9,10,20]. Therefore, it is important for a riparian system to have not only vegetation, but it
must have the right kind of obligate stabilizing vegetation, appropriate for the setting [24], to protect
banks [15,25,26].
1.2. Harmful Cyanobacterial Blooms
While cyanobacteria are one of the most primitive and pervasive forms of life in the aquatic
environment, the over stimulation, and proliferation in eutrophying fresh waters, of cyanobacterial
species capable of producing powerful toxins, can be detrimental to water bodies. Some of the
negative impacts are: economic—from the loss of income due to the loss of recreational use,
and loss of fishing resources; human health—from exposure to cyanobacterial toxins via drinking
water, and; ecological—from hypoxia and fish kills, cattle and other domestic animal poisonings,
from lakes and ponds that are afflicted with CyanoHABs [27]. Health-threatening cyanobacterial
toxins are caused by a variety of species of cyanobacteria, with a lot of attention being focused on
Microcystis species, which release the group of toxins known as microcystins [28]. Besides Microcystis,
other species of CyanoHABs are rising to predominance in both the US, and globally, for example,
the filamentous cyanobacteria Dolichospermum planctonicum (syn: Anabaena plactonica, [29]) and
Aphanizomenon flos-aquae [30–32].
1.3. Oregon Department of Environmental Quality’s Use of TMDLs to Manage CyanoHABs
The northwestern U.S. state of Oregon’s Department of Environmental Quality (ODEQ) uses the
TMDL process to manage CyanoHABs. A TMDL calculates the maximum amount of a pollutant that
a waterbody can receive and still safely meet water quality standards. Harmful cyanobacteria in Oregon
lakes are more strongly correlated with variation in total phosphorus, than whether the waterbody has
the right amount of nitrogen relative to the amount of phosphorus [33]. TMDLs were designed to reduce
sediment, nitrogen, and phosphorus. Because of the special nitrogen fixing properties of some species of
cyanobacteria (e.g., Dolichospermum planctonicum (syn: Anabaena plactonica) and Aphanizomenon [29,32]),
the reduction of phosphorus is the most effective means of reducing CyanoHABs [33–35]. TMDL levels
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were set individually for each targeted waterbody using information from the Atlas of Oregon Lakes [35],
and benchmark water quality parameters established by USEPA. ODEQ combined its TMDL based
strategy, with a solid surveillance and monitoring program for CyanoHABs [36], water quality and
drinking water quality standards, waste water permitting, and some targeted educational outreach,
including health advisories for CyanoHABs (Figure 1).
Figure 1. Oregon Department of Environmental Quality (ODEQ)’s number of harmful cyanobacterial
blooms (CyanoHAB) waterbody advisories (line), and number of cumulative days per year (bars) under
an advisory. (Available online: http://www.oregon.gov/oha/ph/HealthyEnvironments/Recreation/
HarmfulAlgaeBlooms/Pages/index.aspx; accessed: 28 May 2019). Note: There were no CyanoHAB
advisory days in Oregon for 2004.
As seen in Figure 1, ODEQ has had difficulty in reducing the number of advisories, and the
number of waterbody days under an advisory, to below 2005 levels (when warnings were initiated).
As a result, ODEQ used its regulatory authority to develop an early warning system to post health
advisories, informing the public of the danger of increased exposure to CyanoHABs, and to “break” the
exposure pathway (prevent contact with CyanoHABs in water and/or wildlife exposed to CyanoHABs).
ODEQ and the USEPA marked the early warning system as a sign of success in solving immediate
health problems. However, these existing protocols miss an opportunity to implement a long-term,
sustainable solution to reduce the number of advisories. A sustainable solution is outlined for the
Oregon Tenmile Lakes TMDL [37], which states that “improving watershed stream and wetland riparian
functions was important in curtailing sediment and nutrient loads”. This study recommends using the
ODEQ TMDL approach, in conjunction with, time-series photography, CyanoHAB advisories, and the
PFC methodology, as a preferred (best) practice, instead of using TMDLs without complementary
approaches. This study illustrates the use of the proper functioning condition (PFC) methodology in
assessing the state of the ecosystem of three Oregon lakes, and in developing a resource management
plan that can enhance those ecosystems.
2. Methods
Time-series, remote-sensing data from Google Earth was used to evaluate the impact of different
land use policies on the region, due to the consistency of coverage within the study area (the Tenmile
Lakes (natural lake), Lemolo Lake (impoundment), and Diamond Lake (natural lake)). ODEQ has
a well-developed surveillance and monitoring program [36], in coordination with educational outreach,
waste water permitting, water quality and drinking water quality standards, and health advisories
for CyanoHABs, linked with its TMDL approach. This was augmented with a proper functioning
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condition (PFC) stream and wetland riparian area assessment protocol [15,20], conforming to the
United States Department of Agriculture’s (USDA’s) United States Forest Service (USFS) process.
PFC is a qualitative assessment process, which is implemented by
a multidisciplinary/interdisciplinary team (ID team) [14,15,20,38]. The PFC assessment framework
is a consistent, qualitative, science-based approach for considering stream and wetland hydrologic,
vegetative, and geomorphic attributes and processes, at a point in time [15]. PFC is also an
appropriate starting point for determining, prioritizing, and collecting information about riparian
resources, developing monitoring needs [37], and providing context for quantitative data. An ID
team must understand stream dynamics and its potential natural condition (PNC: i.e., the highest
attainable ecological status of a riparian area without consideration of economic, political, or social
constraints), and use their professional experience and judgment to accurately complete a qualitative
assessment [38]. Use of quantitative data and techniques, i.e., field measurements [25,39] or remote
sensing [20], is encouraged for individual or team calibration, or where opinions may differ [15].
PFC is used to describe both “an assessment process, and a defined, on-the-ground, condition of
a riparian-wetland area”. A PFC rating, having 17 attributes for a lotic ecosystem [15], and 20 attributes
for a lentic ecosystem [20], relates how well the physical stream/riparian processes are functioning in
comparison to its PNC. By focusing on physical functioning (hydrology, vegetation, soil, and landform
attributes) the PFC protocol is designed to yield information about the biology of the plants and
animals dependent on the riparian-wetland area [14,20].
After a PFC assessment is completed, it provides a rating for the “riparian-wetland area” of
either “proper functioning condition”, “functional-at-risk”, “apparent trend”, or “non-functional”.
Stream and wetland riparian areas in “proper functioning condition” (PFC) status sustain a state of
resiliency appropriate for local ecological potential, and provide ecosystem services (e.g., wildlife and
fish habitats, diminished flood impacts, and improved water quality). PFC refers to how well stream
and wetland riparian physical processes can sustain a state of resiliency after a natural or anthropogenic
disturbance [14,15,20,21]. A resilient, properly functioning, ecosystem can assimilate stressors and
produce values related to both physical and biological attributes.
The “functional-at-risk” rating refers to a riparian area that is functioning, but with an existing
soil, water, or vegetation attribute making it susceptible to degradation. The “apparent trend” rating
is an assessment of the direction of change (e.g., upward or downward) in condition, either towards
or away from the PNC or the PFC [14,20]. The apparent trend is determined by comparing the
present condition with previous photos, trend studies, inventories, other documentation, or personal
knowledge. The “non-functional” rating indicates the stream and wetland riparian area are in
a degraded state.
2.1. Study Area
Streams differ in their potential to produce habitats, biota, and water quality for beneficial uses
(i.e., swimmable, fishable, drinkable, etc.). Water quality standards (WQS) determine the allowable
concentration of pollutant loads within the waterbody. The question is how to reduce pollutant loads,
when many streams are themselves the source of sediment and/or nutrients, and this points to the
importance of having a water quality management plan, as was developed for the Tenmile Lakes
watershed [40], and Diamond Lake and Lemolo Lake [41], to mitigate those pollutant sources. The three
lakes in Oregon that were studied are shown in Figure 2, and their general characteristics are provided
in Table 1.
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Figure 2. Map of the Lemolo Lake, Diamond Lake, and the Tenmile Lakes study areas. The larger
image is a Landsat image from 15 July 2014. The inset image is from Google Earth.
Table 1. General characteristics of Diamond Lake (North Umpqua Watershed), Lemolo Lake (North
Umpqua Watershed), and Tenmile Lakes (Tenmile Creek Watershed) in Oregon. Source: Reference [42].
Lake Area (Acres) Maximum Depth (Feet) Average Depth (Feet) Shoreline Length (Miles)
Diamond 3214 52 24 9
Lemolo 450 100 30 7.9
Tenmile 1627 22 10 22.9
2.1.1. Oregon Southwestern Coast and Range: Diamond Lake and Lemolo Lake
The North Umpqua River is a tributary to the Umpqua River, which headwaters are in the
low-relief province of the Cascade Mountains of southwestern Oregon (Figure 2). This portion of the
Cascades is underlain by highly permeable Pliocene and Quaternary lava flows, which have low rates
of surface-water runoff and sediment transport [43]. Forest management prior to 1970 predominantly
consisted of extensive “clear cutting” [44]. After 1970, the forest management approach changed to
smaller patchwork “clear cuts” (Figure 3). The United States Forest Service (USFS) ecosystem function
assessment indicates that stream channel stability in the managed areas of the North Umpqua River
watershed did not significantly differ from those in unmanaged drainages [45]. The USFS determined
these streams were relatively stable, and in proper functioning condition [45]. Around 2005, the forest
management strategy was changed to “forest thinning”, as seen around Lemolo Lake (Figure 3A,B).
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Figure 3. United States Department of Agriculture (USDA) black and white, and color aerial images, of
the Lemolo Lake area, Oregon. Images were taken: (A) 3 July 1994 (black and white), and (B) 6 July 2014
(color). Bright patches in image A indicate areas of clear cutting. The red boundary in image B is an
area currently being thinned. Source: Images obtained from Google Earth.
Phosphorus is associated with the decomposition of the volcanic rock of the Cascade Mountains,
which have been “clear cut” (Figure 3A) [42]. Remote sensing analysis indicated there was a change in
forest management from “clear cutting” (Figure 3A), prior to 2005, to “forest thinning” (Figure 3B).
Diamond Lake (Figure 4), a nitrogen-limited eutrophic lake, peaking at 0.5 mg/L total nitrogen
(N), and nearly 0.2 mg/L ammonium-N in 2007 [41], is an important source of water and nutrients
to the North Umpqua River [46]. Diamond Lake is listed as a “water-quality limited” waterbody
(pH, CyanoHABs). Diamond Lake is naturally high in phosphorus, as high as 0.060 mg/L [41].
CyanoHABs have occurred in Diamond Lake since 2001 [46], resulting in closures of recreational
water facilities. Increased CyanoHABs have been attributed to increased populations of the invasive,
zooplankton-eating, Tui Chub fish [47]. Tui Chub feed on zooplankton that would otherwise control
phytoplankton and CyanoHABs. The Final Environmental Impact Statement (FEIS) for the Diamond
Lake Restoration Project advocated reducing Tui Chub fish biomass in Diamond Lake (natural lake) as
the preferred restoration alternative (Available online: http://www.dfw.state.or.us/fish/local_fisheries/
diamond_lake/restoration-update.asp; accessed: 28 May 2019). However, dam releases from Diamond
Lake, beginning in 2006 resulted in nutrients impacting the summer trophic status of the downstream
portion of the North Umpqua River, and Lemolo Lake (impoundment) (Figure 5).
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Figure 4. Satellite image of Diamond Lake, Oregon. Image taken 6 July 2014. Source: Image obtained
from Google Earth.
Figure 5. USDA color aerial images of Lemolo Lake, Oregon. Images were taken: (A) 11 August 2012
and, (B) July 2014. Bright green areas within Lemolo Lake (image B) indicates an extensive cyanobacterial
bloom occurring at the time the image was taken. Source: Images obtained from Google Earth.
Lemolo Lake, which is the upper-most impoundment on the North Umpqua River, is downstream
from Diamond Lake (Figure 5). Hydrodynamic modeling [46,48] of the reservoir indicated an unusual
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mixing pattern, created by two stream inlets, (Diamond Lake and North Umpqua River), with greatly
differing summer temperatures and nutrient loads (i.e., warmer waters from Diamond Lake, and colder
phosphorus-enriched water from the North Umpqua River [48]). As seen in Figure 6, the number of
days Lemolo Lake was under a CyanoHAB health advisory increased from 2006 to 2008, during and
after the implementation of the USFS Diamond Lake restoration plan to eradicate the Tui Chub in
2006 [47].
Figure 6. Oregon Department of Environmental Quality’s (ODEQ) harmful cyanobacterial bloom
(CyanoHAB) advisories for Lemolo Lake, and the number of days under an advisory. Current (post-2014)
data has not been posted on the website: (Available online: http://www.oregon.gov/oha/ph/
HealthyEnvironments/Recreation/HarmfulAlgaeBlooms/Pages/index.aspx; accessed on 28 May 2019).
Note: There were no CyanoHAB advisory days for Lemolo Lake in 2004, 2005, 2013, and 2014.
2.1.2. The Tenmile Lakes
The cause of the CyanoHABs in the Tenmile Lakes is similar to Lemolo Lake. The dominant
species of cyanobacteria in the Tenmile Lakes are Microcystis aeruginosa, Aphanizomenon flos-aquae,
and Dolichospermum planctonicum (syn: Anabaena planctonica) [29]. The Tenmile Lakes, consisting of
North Tenmile and Tenmile Lake, are located on the south-central Oregon Coast (Figure 2). The lakes
are highly productive coastal fisheries. However, salmonid populations have been declining [40].
Land use in the Tenmile Lakes watershed is predominantly urban along the shoreline of the lakes,
agriculture (hay and grazing) in the flood plains of low gradient stream reaches, and logging in the
upper watershed. The urban water management approach for the Tenmile Lakes is outlined in [49],
which is accomplished through developing improvements to existing urban runoff control structures,
and through the restriction of higher-density urban development. The Tenmile Lakes serve as the
primary drinking water supply for lakeshore residents. Since the mid-1980s, the drinking water supply
has been infused with high populations of cyanobacteria, Microcystis aeruginosa, and listed on the
Oregon 303(d) list of impaired surface waters [40]. In 1997, Tenmile Lake was temporarily closed
as a source of potable water. From 1997 to 2006, the cyanobacteria and toxin levels triggered five
health advisories (Figure 7) related to lake water consumption (drinking water) and/or recreational
contact with lake waters [40]. Oregon has continued to maintain a CyanoHAB Surveillance Program,
and issues CyanoHAB health advisory guidelines on a regular basis [36].
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Figure 7. Oregon Department of Environmental Quality’s (ODEQ) harmful cyanobacterial bloom
(CyanoHAB) advisories for Tenmile Lakes and the number of days under an advisory. Note: There were
no CyanoHAB advisory days for Tenmile Lakes in 2004, 2005, 2006, 2007, 2008, and 2012.
ODEQ [40] points out that water quality factors affecting weed and cyanobacterial growth occur
in the presence of excessive nutrients and sediment. ODEQ [40] describes sediment lake core samples
as having increased sediment accrual rates (above natural conditions). The continued water quality
and fisheries problems in the Tenmile Lakes have prompted resource management agencies and the
City of Lakeside to address the issues.
ODEQ maintains a list of total maximum daily loads (TMDLs) in Oregon approved by The
United States Environmental Protection Agency ((EPA)—Available online: https://www.oregon.gov/
deq/wq/tmdls/Pages/TMDLs-Approved-by-EPA.aspx; accessed: 28 May 2019). Sediment load is
also linked to CyanoHABs, as phosphorus has an affinity for binding with fine particulate matter.
Therefore, reducing nitrogen and phosphorus (i.e., sediment) delivery to the Tenmile Lakes is essential.
The Tenmile Lakes sediment core samples [42] indicate increased sediment accrual rates began
shortly after homesteading began in the area in the mid-to-late 1800s. ODEQ [42] describes sediment
accumulation rate increases, with logging and clearing of farm and ranch land, in the 1800s. Logging,
railroad, and road construction, occurred from 1910–1920, prior to riparian and water protection
measures [42]. From the 1920s into the early 1940s, there was continued wetland-to-agriculture
conversion, and timber harvesting. Post-World War II, 1945–1955, saw a surplus of wood products,
resulting in a slowdown of timber harvesting. During this period, the ecosystem had a chance to recover.
From 1955 to 1999, favorable economics increased timber harvesting activity, and accelerated urban
and residential lakeshore development around the Tenmile Lakes, with the drainage of wetlands [42].
A plausible outcome of this increased engineered activity would be increased runoff and sediment load
from the logged areas and roads. Adding to this scenario, as seen in Figures 8 and 9, Roberts Creek
was moved to the south side of the valley from its original position in the center (Note: the dark
spectral signature in center of the valley). Stream channel instability, and incision, could have occurred
from altering the channel on the downslope side (south) of the flood plain to capture flood irrigation
tail-water. The internal (sediment) loading of nutrients in the three lakes in the study area is greater than
the nutrient loading received from watershed inputs [48]. Meeting the required internal loading levels
led to the decision to eliminate 90–100% of the Tui Chub population, along with increased monitoring
of the trout population to determine if a reduction in the trout population was warranted. The internal
loading associated with the Tui Chub was estimated as being four times that of external loading.
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Figure 8. US Geological Survey aerial images of Tenmile Lake, Templeton Arm, and Roberts Creek.
(A): The May 1994, black and white aerial image shows the Roberts Creek channel is incised, and the
delta is expanding. (B): The August 2000, black and white aerial image shows the Roberts Creek channel
has expanded (Note: the white area indicates stream bank slumping), and the delta has extended
into the lake approximately 30 m farther than the May 1994 image. It also shows increased clear cuts
on the slopes in three areas north of (above) the lake. Source: Images obtained from Google Earth.
Note: Red arrows show the extent of delta growth.
Figure 9. US Geological Survey color aerial images of Tenmile Lake, Templeton Arm, and Roberts
Creek. (C): The August 2007, aerial image shows the Roberts Creek channel is incised, and the delta is
expanding. (D): The July 2012, aerial image shows the Roberts Creek channel is unchanged, and the
delta has been reduced by approximately 10 m from the August 2007 image. The August 2007 image
also shows increased clear cuts on the slopes in three areas south of (below) the lake. Source: Images
obtained from Google Earth. Note: Red arrows show the extent of delta growth.
Flood irrigation of the meadow required building a diversion dam, and a channel, to flood the
upslope side of the field (Figures 8 and 9—north side), consequently incising Roberts Creek, for the
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irrigation tail-water to run into (Figures 8 and 9—south side). Lowering the base of the channel caused
incision, with a nick point or nick zone, to migrate up the river and tributaries, thus disconnecting the
stream from its flood plain. Channelization, and the incising of Roberts Creek, funnels the flow within
the channel, resulting in an increased peak flow, causing further incision and bank erosion. Incision,
with decreased floodplain access, greatly diminishes sediment and nutrient capture during floods,
and greatly diminishes nutrient uptake by riparian vegetation, and the denitrification process [10].
The increased sediment load and dominance of invasive fish species (e.g., Tui Chub, bass) in the
Tenmile Lakes have vastly altered the historic condition of the coastal lake ecosystem [42]. These factors
indicate changes in the functional condition (i.e., physical processes) of the lakes and watershed,
resulting in decreased water quality, loss of salmonid habitat, altered aquatic food chain dynamics,
and associated increased CyanoHABs (Figures 8 and 9).
The nutrient report [50], and the TMDL study [37], discusses the importance of restoring and
improving stream and wetland riparian functions. Nevertheless, there is no mention of improvement
in ecosystem functions. To improve stream and wetland riparian functions, the focus should be on
restoring the hydrological connection of the wetlands, to filter and store sediment, prior to entering
the lake. The proper ecological, hydrological, and geomorphological functioning of lake and river
catchments is important, and including this in the total catchment management activities to protect
water quality and reduce CyanoHABs is essential.
3. Results: Ecosystem Function and Best Management Practices (BMPs)
Maintaining viable, economically sustainable, forest or agricultural land, is a key element in any
federal, state, or local water quality protection program. Implementing a forest, or grazing management
plan, and measures to minimize water quality impairment due to forest harvesting and associated
activities, is the responsibility of the owners of the land [51]. Therefore, land management measures to
reduce upland (i.e., forest, agricultural) NPS runoff should focus on restoration of ecosystem physical
functions [9]. As noted in Reference [12], determining the physical processes driving upland and
stream and wetland riparian ecological functions enables stakeholders to identify sources and severity
of impairment to predict, and avoid, a decline in water quality.
Ecosystem function is notably distinct from other water quality management tools [51]. As seen
in Figure 9D, it is difficult to determine which best management practices (BMPs) were applied to the
logged area (e.g., replanting, road removal). Because of this, other land managers (private, public)
require extra steps to determine if the BMPs used could be replicated on their site. To improve
BMP sharing, the USEPA maintains a database that tracks restoration projects using the Clean Water
Act Section 319 (CWA 319) NPS project tracking system called the Grants Reporting and Tracking
System (GRTS—Available online: https://iaspub.epa.gov/apex/grts/f?p=grts:95; accessed: 28 May 2019).
GRTS is the central oversight, management, and data-sharing tool for the Clean Water Act’s Section 319
Program. All data in GRTS is entered by state, territory, or tribal agencies receiving Section 319 grants.
Unfortunately, for the Tenmile Lakes, the GRTS CWA 319 tracking system did not have information on
the BMPs used.
After implementation of the Tui Chub eradication program, the number of days Lemolo Lake
was under an advisory were increased in 2007, peaking in 2008 and 2009. In 2010, the number of
days under a health advisory was reduced by almost two-thirds (Figure 6). When Diamond Lake
was drained, to lower the volume of the lake, and apply less Rotenone pesticide, to eradicate the
Tui Chub [45], it had a downstream impact on Lemolo Lake [46,47]. Increased nutrient load into
Lemolo Lake overwhelmed the aquatic ecosystem, causing eutrophication, and creating a large area of
CyanoHAB (Figure 5), originating from the phosphorus-rich Upper Umpqua River.
In Diamond Lake, during the second year of the Tui Chub eradication program (2007),
dramatic improvements were noted in water clarity and aquatic community populations [52]. In 2009,
the cyanobacterial level had further reduced to a point that Diamond Lake could meet its water quality
standards [52]. As seen in Figure 5, Lemolo Lake would take a few more years to meet that goal.
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Ecosystem resiliency is the ability of the local ecology to respond in a positive manner to an
acute and/or chronic stressor. Maintaining healthy aquatic and riparian habitats depends on adaptive
“management” strategies, allowing for, or facilitating, natural recovery of lentic and lotic functions.
In the case of Diamond Lake, the Oregon Department of Fish and Wildlife (ODFW) and the USFS
implemented a management plan to eradicate the Tui Chub and save the lake. For the rest of the North
Umpqua watershed, changes in the USFS management plan, from 1955 to the present, had the impact
of restoring upland, and riparian ecological functions, in the other parts of the watershed. By 1998 [45],
lotic ecosystems were close to, or in, proper functioning condition (PFC). As seen in Figure 6, the net
result is that the number of days under a CyanoHAB health advisory were reduced to zero by 2013.
The added impact was the decrease in sediment, and phosphorus, into the North Umpqua River and
Lemolo Lake, as the logging scars healed [44]. As seen in Figure 3B, Lemolo Lake was eutrophic,
and had CyanoHABs in the late summer, but CyanoHABs were not reaching a level where there was
harm to humans, and therefore requiring CyanoHAB health advisories.
As displayed in a May 1994 black and white (BW) aerial image (Figure 8A), the physical condition
of Roberts Creek had an incised stream channel, with an increasing delta, into the Templeton Arm of
Tenmile Lake. Delta building indicates two potential sources of sediment: stream channel incision
and subsequent channel evolution [14], and other potential land management impacts (e.g., grazing,
timber harvesting, and road construction in the harvested areas). In an August 2000 image (Figure 8B),
the delta extended approximately 30 m further than in May 1994. The stream channel had widened,
and matted CyanoHABs were present, and extending out from the shore. The increase in the delta
from 1994 to 2000 matched the sediment increase in the Tenmile Lake core during the same period [37].
As shown in the August 2007 USGS color aerial images of Roberts Creek (Figure 9C), the delta
extended approximately 70 m further into the lake than in 1994. In Figure 8B, logging occurred
along the north side, and west end, of the Templeton Arm of Tenmile Lake. In 2007 (Figure 9C),
logging extended along the length of the Templeton Arm, and into the lower Roberts Creek catchment.
The spatial area of the CyanoHAB was larger, and extended further along the shoreline than in August
2000 (Table 2). The July 2012 color aerial image (Figure 9D) shows that the Roberts Creek channel was
unchanged, and the delta had decreased in length, by approximately 10 m, from the August 2007 image
(Table 2). However, CyanoHABs were much more intensive, and occupy large portions of the shoreline.
By 2012, the logged areas were revegetating, and showing some recovery of upland vegetation.
Table 2. Measured distance (m) of United States Geological Survey (USGS) aerial images, using Google
Earth, for the Roberts Creek delta, approximate stream channel width, and extent of cyanobacterial
growth into Tenmile Lake.
Feature May 1994 August 2000 August 2007 July 2012
Delta 50 m 80 m 120 m 110 m
Stream Channel Width 4 m 5 m 4 m <4 m
Cyanobacterial Extent N/A 30 m 41 m 57 m
The aerial image, time-series analysis of the upper Roberts Creek shows a reach undergoing
a management change (Figure 10). As seen in Figure 10, the potential of this narrow meandering stream
is to have hydric soils, stabilizing herbaceous riparian vegetation (sedges, rushes), and to be connected
to a broad floodplain. The presence of woody plants indicates that the soils are more oxygenated for
this setting, which points to a degraded riparian ecosystem. In 2005, the stream channel was incised,
wide, and with woody vegetation (Figure 10A). The floodplain, now a terrace, experienced incursion of
upland woody plants and/or willows (Figure 10A). This indicates that the floodplain has been drying
out, allowing for the migration of upland plants into the former floodplain. As seen in Figure 10B,
the rancher implemented a management plan (building fences) to protect the stream. It appears the
rancher removed the woody plants to promote the appropriate herbaceous plant community for hay
and forage production.
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Figure 10. (A): August 2005 color image of the middle Roberts Creek watershed. Image shows that
channel incision has migrated up into the sub-watersheds. The stream riparian area shown on the
ranchland was prior to implementation of the management plan. The sub-watershed is dominated
by woody plants. (B): USDA July 2012 color image after implementation of a natural resources
management plan (fencing) for the riparian area. Some woody material has been removed. Source:
State of Oregon, DigitalGlobe (2015).
4. Discussion
In aquatic environments, not all water pollution is from an external input, which makes attribution
of pollution to its source/cause difficult, and managing aquatic ecosystems, and their pollution,
problematic. The state of Oregon provides guidance for: classification and profiling of wetland and
riparian locations [53], wetland monitoring and assessment [54], and a wetland assessment protocol [55],
which provides considerable assistance to those tasked with managing aquatic ecosystems in the state
of Oregon. Lewis and Wurtsbaugh [33] indicate reducing phosphorus is essential in curtailing the
formation of CyanoHABs. Because of the unique relationship between phosphorus and sediment [56],
the best method for reducing phosphorus loads is to reduce sediment from entering the lentic or
lotic ecosystem. Sediment is a major pollutant across the United States [7], and frequently surges,
in conjunction with functional ecosystem decline. The internal (sediment) loading of nutrients in the
three lakes in the study area is greater than the nutrient loading received from watershed inputs [44],
and was mitigated by the reduction of the Tui Chub population.
Vegetation provides roughness that slows water velocity. Dissipated energy is less likely, at any
one spot, to exceed the critical shear stress of stream bank soils and stream substrate and cause
erosion [57]. Similarly, when water slows, it deepens and spreads across accessible floodplain areas,
where it slows further from friction with floodplain vegetation, and no longer has the velocity and
turbulence to keep particles suspended. Reduced erosion and sediment deposition have a direct impact
on water quality [10]. With the loss of ecological functions, stream and wetland riparian areas, and the
aquatic environment, converts from a sink to a source of water pollution [58]. Ecological function
potential is based on a concept of dynamic equilibrium in an ecosystem, that corresponds to measures
of the physical setting [22,59–64]. Leading indicators are capable of measuring alterations to stream
and wetland riparian functions [10], which provide essential ecosystem services [9].
A management response to CyanoHABs has three levels: Immediate—breaking the pathway of
exposure by providing clean drinking water—this cannot be sustained indefinitely due to limited
funding and uncontrollable water demand; Short-Term—breaking the pathway of exposure by initiating
a warning system—this publicizes information on (lagging) indicators (CyanoHABs caused by excess
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nutrients) after they are detected; Long-Term—managing ecological functions to reduce transport of
excess nutrients, thus preventing potential CyanoHABs. The immediate and short-term responses are
unsustainable. However, keeping the flood channel narrow inhibits the processes of “self-healing”
needed to restore sediment deposition and nutrient sequestration, and the assimilation processes that
are important in improving water quality [10].
The goal of a successful resource management plan is to assist an ecosystem to respond in
ways that enhance natural remediation [26,51,65,66], or quicken its pace to a particular level of
functionality, or desired condition [9,12,15]. The first step is to assess the potential functioning
condition, then determine the primary sources of nutrients. If NPSs are predominant, then it is
essential to improve watershed, stream, and wetland riparian functions as part of any watershed
management plan for long-term water quality improvement [11,12]. Properly functioning streams
and wetland riparian ecosystems provide a steadying influence on water quality and aquatic habitat
attributes. Restoring riparian functions will result in slowing the nutrient spiral, with flooding and
floodplain deposition, and allow nutrient uptake, aquifer recharge, and reconstruction of quality
habitat, and complex niches/food webs that interrelate riparian and aquatic ecosystems [10,67].
This research project illustrates that success in pollution control and in maintaining healthy aquatic
habitats often depends on managing land to facilitate natural recovery of riparian functions [15].
Using best management practices throughout the watershed by using a combination of tools
and resources, such as: time-series aerial photos (to display changes in overall ecosystem state,
and in specific details, due to land use changes), TMDLs (to monitor the amount of nutrients,
sediment, and CyanoHABs), CyanoHAB advisories (to inform the public and reduce their exposure to
toxins), PFC (to characterize how well physical processes in a stream and wetland riparian area can
sustain resiliency), and by addressing upland sources of accelerated nutrient supply to the stream,
through appropriate forestry management approaches and road network design, can be applied to
positively affect ecological function.
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Abstract: The proliferation of cyanobacteria and, consequently, the production of cyanotoxins is a
serious public health concern; for their control, several alternatives have been proposed, including
physical, chemical, and biological methods. In the search for new alternatives and a greater
understanding of the biochemical process involved in the blooms’ formation, we report here the
effect of eight phenyl-acyl compounds in the growth of Microcystis aeruginosa Kützing (assesed
as cell density/count and Chl a fluorescence concentration) morphology, and production of the
toxin microcystin-LR (MC-LR). Caffeic acid and eugenol decreased the growth of M. aeruginosa
Kützing and the levels of Chl a. However, 3,5-dimethoxybenzoic acid and syringic acid caused the
opposite effect in the growth; 2′and 4′only affected the Chl a. A reduction in the concentration of the
MC-LR toxin was detected after treatment with syringic acid, caffeic acid, and eugenol. According
to HPLC/MS (High Performance Liquid Chromatography coupled to Mass Spectrometry), a redox
process possibly occurs between caffeic acid and MC-LR. The optical microscopy and Scanning
Electron Microscopy analyses revealed morphological changes that had been exposed to caffeic acid
and vanillin, specifically in the cell division and presence of mucilage. Finally, assays in Daphnia
pulex De Geer neonates indicated that caffeic acid had a non-toxic effect at concentrations as high as
100 mg/L at 48 h.
Keywords: blooms; cyanobacteria; control; toxins; phenyl-acyl compounds; caffeic acid; non-toxic;
redox microcystin LR
1. Introduction
Currently, water bodies are threatened with eutrophication, which leads to an increased risk
of blooms of potentially toxic cyanobacteria. The recognition of its impacts on ecosystems, and the
implementation of sustainability programs in water management and bloom prevention, requires new
alternatives to, and knowledge of, water treatment to avoid health risks [1]. In particular, the effects
of cyanotoxins on human health are well-known. For example, 53 patients died due to intravenous
exposure to several microcystins (MCs) during a hemodialysis treatment in Caruaru, Brazil [2].
To eliminate intact cyanobacteria and prevent the release of intracellular toxins, different
approaches to water treatment have been used, such as flocculation, filtration, and coagulation.
However, these methodologies sometimes do not remove all these compounds.
Some algicides, such as copper sulfate, potassium permanganate, and chlorine, are widely used.
However, they are highly contaminating and lack specificity, as they cause the death of other organisms
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present in the same environment [3]. Copper sulfate is the most commonly used algicide because of
its cost, ease of application, and effectiveness [4]. Nevertheless, its intensive application in lakes and
reservoirs is a great problem due to copper accumulation and the consequent toxicity [5]. Therefore,
new substances and organisms have been sought to control these blooms. For example, vitamin C
has been applied to inhibit Microcystis aeruginosa Kützing [6]. Besides this, aquatic macrophytes affect
photosynthesis and the antioxidant system of this cyanobacteria [7]. Other methods include adsorbent
sediments [8], chitosan as a coagulant [9], and coagulation-flotation methods with pre-oxidation
assistance [10].
It has been proposed that toxins, such as MCs, stimulate the formation of colonies of M. aeruginosa
Kützing; thus, they may play a role in their persistence and dominance [11]. Therefore, the inhibition
of the production of these toxins could be an alternative to control bloom formation as well avoid
harmful effects in animals.
In this study, we assessed the effect of eight phenyl-acyl compounds, derived from natural sources
(Figure 1), on the growth and morphology of M. aeruginosa Kützing blooms, as well as on the levels of
the microcystin-LR (MC-LR) toxin. We also analyzed the toxicity of these compounds to Daphnia pulex
De Geer.
Figure 1. The phenyl-acyl compounds that were assayed in this work: 3,5-dimethoxybenzoic acid
(A1, the code in this text), syringic acid (A2), caffeic acid (A3), 3-methoxyphenylacetic acid (A4),
2′-hydroxycinnamic acid (A5), 4′-hydroxyphenylacetic acid (A6), vanillin (A7), eugenol (A8), and, for
copper sulfate, Cu(SO)4 was assigned code A9.
2. Materials and Methods
2.1. Sampling and Culturing of M. aeruginosa
A cyanobacteria sample was collected from the Riogrande II reservoir (Antioquia, Colombia) in
May 2016. M. aeruginosa Kützing was the most abundant cell in the blooms, accordingly microscopically
analysis. For isolation, samples of 10 mL of bloom were incubated in 250 mL of Blue Green medium
BG11 (SIGMA-ALDRICH, St. Louis, MO, USA) [12] in 1 L Erlenmeyer flasks with a photoperiod of
20 h/4 h light 930 lux/dark at 25 ◦C under continuous aeration using an air pump (Resum Air pump
AC 9904, Cranbury, NJ, USA), for seven days. Then, 100 mL of culture were centrifuged at 6000 rpm
for 5 min, and the supernatant was transferred to 300 mL of BG11 medium for another seven days to
reduce contamination. Finally, 10 mL of the new culture were taken and incubated again in the same
culture medium. For culture maintenance, the same initial conditions were followed and every 72 h
the medium was replaced.
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2.2. Substances
The following substances were obtained from SIGMA-ALDRICH (St. Louis, MO, USA):
3,5-dimethoxybenzoic acid (A1, the code in this text), syringic acid (A2), caffeic acid (A3),
3-methoxyphenylacetic acid (A4), 2′-hydroxycinnamic acid (A5), 4′-hydroxyphenylacetic acid (A6),
vanillin (A7), eugenol (A8), and, for copper sulfate, Cu(SO)4 was assigned code A9 (Figure 1). The
MC-LR standard was obtained from MP Biomedicals, LLC (Illkirch, France).
2.3. The Growth Inhibition Test
The inoculants for the inhibition tests were prepared from eight-day cultures of M. aeruginosa
Kützing in the exponential phase. For this purpose, 20 mL of the culture was taken, and then 200 mL of
culture medium (BG11) containing each substance at different concentrations (100 mg/L (C3), 50 mg/L
(C2), and 25 mg/L (C1)) were added; the cultures were maintained under the same initial conditions for
72 h. After that, samples were taken for growth measurements through cell counts and the Chl a level
at 0 h and after 72 h of culture. The percentage of inhibition was calculated using the following formula:
% cyanobacterial inhibition = (1 − treatment/control) × 100, where the treatment and control are the
cell densities of M. aeruginosa Kützing exposed and not exposed to different substances, respectively.
Finally, the samples were refrigerated for 12 h before lyophilization and then extracted with methanol
for the detection of MCs by HPLC/DAD (Diode Array Detector) and HPLC/MS. Each treatment was
performed in triplicate, and two growth controls were prepared, one of them with copper sulfate, and
the other without substances.
2.3.1. Cell Counts
For the cell counts, 200 μL of M. aeruginosa Kützing cultures treated with substances were
collected and diluted in distilled water to the desired concentration. The counts were performed using
a Neubauer chamber under an optical microscope (Nikon, YS2-H, Tokyo, Japan). To calculate the
number of cells per mL, the chamber dilution factor was considered. To determine the total number
of cells after exposure to each substance, the number of final cells was subtracted from the initial cell
number. The cell counts were evaluated by two independent observers and performed in triplicate
and repeated four times.
2.3.2. The Chl a Measurement
Chl a fluorescence was used as a proxy for the estimation of M. aeruginosa Kützing biomass (μg Chl
a/L) [13]. Chl a was measured using a Fluorometer (FluoroProbe III, bbe-Moldaenke, Schwentinental,
Germany) with an integrated correction factor for colored dissolved organic matter (CDOM) to
compensate for UV-LED radiation interference. This instrument measures the fluorescence of Chl a in
the photosystem II after excitation with five light diodes (370, 470, 525, 570, 590, and 610 nm) with a
resolution of 0.01 μg Chl a/L.
2.4. Morphological Observations under the Optical Microscope and the Scanning Electron Microscope (SEM)
Each culture that had been exposed to the different substances was observed under optical
microscope to identify changes in cell morphology, colony appearance, and the presence of mucilage.
For this purpose, acid staining using China ink was performed [14], and M. aeruginosa Kützing
cells were placed on 1 cm2 plates and fixed with 2.5% glutaraldehyde for 12 h for a SEM (JEOL,
JEOL JSM 6490 LV, Tokyo, Japan) analysis. Then, cells were washed three times consecutively with
Sorensen’s phosphate buffer at neutral pH, followed by distilled water, and subsequently dehydrated
by washing with 50%, 75%, 95%, and 100% ethanol. After that, the samples were fixed onto a
graphite tape and a thin gold coating (Au) was applied (Denton Vacuum, Denton Vacuum Desk IV
equipment, Moorestown, NJ, USA). Finally, they were analyzed by scanning electron microscopy to
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obtain high-resolution images. A secondary electron detector was used to evaluate the morphology
and topography of the samples.
2.5. The Effect of Phenyl-Acyl Compounds on Toxin Concentration
The MCs were analyzed in a Gilson 305 and 306 HPLC with a diode array detector (DAD) using
a Luna C-18 column (4.6 x 150 mm, 5 μm, Phenomenex, Torrance, CA, USA) with a mobile phase
containing water acidified with 0.05% of TFA (trifluoroacetic acid) in pump A, and acetonitrile that
had been acidified in the same way in pump B. The gradient was increased from 10% to 60% of B for
25 min, followed by 10 min at 100% of B, and, finally, returning to the initial conditions (10% of B) [15].
A 1 min flow was used, and each run lasted for 40 min. The absorbance was monitored at 238 nm,
and the injection volumes were 20 μL. Each sample was injected in triplicate, and the analyses were
performed using the Gilson UniPoint software v1.8 (UniPoint, Winnipeg, MB, Canada).
2.6. The Analysis of the Redox Effect of Caffeic Acid on MC-LR by LC/Q-TOF (Liquid
Chromatography/Quadrupole-Time of Flight)
To establish the mechanism of action of caffeic acid, 50 mg of pure caffeic acid was added to
200 mL of Milli-Q water containing 50 mL of a MC-LR toxin sample that had been extracted from
the culture of M. aeruginosa Kützing; the mixture was maintained for 72 h with constant agitation.
Then, a 30 mL sample was taken at 0, 24, and 72 h. The samples were adsorbed in to solid phase
extraction C18 cartridges, eluted with methanol, concentrated under reduced pressure, and injected
into an HPLC/HR-MS using a UHR-QTOF Impact II-Bruker (Ultrahigh Resolution Quadrupole
Time-of-Flight, Bruker Corporatio, Billerica, MA, USA). The extracts were separated using a Chromolith
High Resolution C18 column, Germany (50 × 4.6 mm), which was maintained at 40 ◦C. The mobile
phase comprised Milli-Q water plus 0.1% formic acid (A) and acetonitrile plus formic acid 0.1% (B).
The separation was performed using a gradient that increased from 5% B to 10% B for 1 min, followed
by 50% (B) up to 4 min and up to 95% (B) at 6 min, and that finally returned to the initial conditions
at 8 min. The auto-sampler was maintained at 10 ◦C always. Data were acquired in positive ion
electrospray scanning mode from 50 to 2000 m/z with a 2 s/scan and a 0.1 s inter-scan delay. The
ion source capillary and sampling cone parameters were 2.9 and 25 V, respectively. The desolvation
temperature was 220 ◦C, and the source temperature was 80 ◦C. The cone gas and desolvation gas
flows were 8 L h−1. A tuning mix solution was used as a calibrant. Instrument control and data
acquisition (centroid) and processing were performed using the Bruker Compass DataAnalysis 4.3
software (Bruker Corporation, Billerica, MA, USA).
2.7. The Acute Toxicity Tests with D. pulex
Assays were carried out by exposing five neonates of D. pulex, aged <24 h old, to phenyl acyl
compounds and copper sulfate. A total of 30 mL of growth medium, mixed with the substances, was
added to each container containing D. pulex to a final concentration of 25, 50, and 100 mg/L. After 24,
48, and 72 h of exposure, the number of survivors in each test vessel was counted to identify the lethal
concentration 50 (LC50). Analyses were done in triplicate for a total of 15 neonates; in addition, water
was used as a negative control.
2.8. Data Analysis
Initially, a goodness-of-fit test (the Kolmogorov–Smirnov test) was performed to establish
statistically significant differences in the cell density measurements that were obtained from the tests
using different substances. A parametric variance analysis with a significance level of 0.05 was applied.
In cases wherein statistically significant differences were found, a comparison analysis of multiple
ranges was performed to determine which samples were different from each other. To establish
correlations between different cell density measurements, a Spearman correlation analysis with
116
Water 2019, 11, 236
a significance level of 0.05 was applied using the statistical package Statgraphics Centurion XVI
(Statgraphics.Net, Madrid, Spain).
The LC50 was determined from the acute toxicity results, and the IBM SPSS Statistics 21 software
(IBM, Armonk, NY, USA) was used as an analytical tool.
3. Results
3.1. Growth Inhibition of M. aeruginosa Kützing
The effects of the substances on the cultures of M. aeruginosa Kützing were assessed in two ways
(Figure 2): cell density measurements and Chl a quantities. Caffeic acid and eugenol were powerful
inhibitors in both parameters at 50–100 mg/L; vanillin exhibited a medium inhibitory effect at both
50 mg/L and 100 mg/L.
However, a differential response was noticed when Chl a levels were considered. Syringic acid,
2′-hydroxycinnamic acid, and 4′-hydroxyphenylacetic acid were strong inhibitors of Chl a at the highest
concentration. This seems to indicate a specific action in the levels of Chl a. Strangely, at a lower
concentration, 3,5-dimethoxybenzoic acid, and especially syringic acid, were powerful promotors
of M. aeruginosa Kützing growth. As might be expected, copper sulfate caused 100% inhibition; this
compound has been conventionally used to control blooms in reservoirs for several years [16].
Figure 2. The effects of phenyl-acyl compounds on the growth of Microcystis aeruginosa Kützing
at 72 h of growth according to cell density measurements and chlorophyll a concentration.
3,5-dimethoxybenzoic acid (A1), syringic acid (A2), caffeic acid (A3), 3-methoxyphenylacetic acid
(A4), 2′-hydroxycinnamic acid (A5), 4-hydroxyphenylacetic acid (A6), vanillin (A7), eugenol (A8), and,
for copper sulfate, a Cu(SO)4 control (A9). The concentrations assayed were: 100 mg/L (C3), 50 mg/L
(C2), and 25 mg/L (C1). The letters and numbers refer to the structures shown in Figure 1.
3.2. The Analysis of Morphology of M. aeruginosa Kützing by Microscopy
The effect of the more active compounds (caffeic acid, eugenol, and vanillin) on M. aeruginosa
Kützing was identified through a microscopy analysis. Several changes in the structure of the
M. aeruginosa Kützing cells were observed under optical microscopy. A delayed cell division behavior
was noticed 72 h after treatments with vanillin (Figure 3A) and eugenol (Figure 3B) at 100 mg/L.
Moreover, optical microscopy evidenced changes in the cellular division of M. aeruginosa Kützing,
since normal conditions produce symmetrical sister cells, but environmental perturbations increase
the asymmetry between sister cells; when cells of M. aeruginosa Kützing were exposed to vanillin and
eugenol, this effect was noticed as shown in Figure 3.
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Figure 3. Aspects of M. aeruginosa Kützing cells under an optical microscope (40x) after treatment with
vanillin (A) and eugenol (B) for 72 h. Scale bar: 25 μm.
In the SEM images, M. aeruginosa Kützing cultures treated with vanillin and caffeic acid showed
significant changes in their morphology. In the first instance the control sample (Figure 4A) displayed
well-formed and homogeneous cells embedded in a mucilage. In samples treated with vanillin
(Figure 4B), the colony had partially lost its integrity and scattered cells can be seen in small groupings
on a disintegrated mucilage. In cultures treated with caffeic acid (Figure 4C), the effects were more
severe because mucilage was not appreciated, and the cells seem to have been lysed.
Figure 4. Scanning Electron Microscope (SEM) images showing M. aeruginosa Kützing colonies without
treatment (A) and exposed to vanillin (B) and caffeic acid (C).
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3.3. The Effect of Phenyl-Acyl Compounds on MC-LR Production
Through an HPLC-DAD analysis, the main toxin in M. aeruginosa Kützing was found to be MC-LR.
To establish the effect of the compounds on the MC-LR level, we chose three compounds: syringic
acid at non-growth inhibitory concentrations and caffeic acid and eugenol, which are powerful growth
inhibitors and were found to reduce the levels of Chl a.
MC-LR concentrations were reduced after exposure to syringic acid by up to 77% at 50 mg/L
and 84% at 100 mg/L, to caffeic acid by up to 89% at 50 mg/L and 100% at 100 mg/L, and after
exposure to eugenol by up to 27% at 25 mg/L and 85% and 93% at 50 and 100 mg/L, respectively





Figure 5. The effect of syringic acid (A), caffeic acid (B), and eugenol (C) on the concentration of
microcystin-LR (MC-LR) in cultures of M. aeruginosa Kützing. The concentrations assayed were
100 mg/L (C3), 50 mg/L (C2), and 25 mg/L (C1).
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3.4. The Analysis of the Redox Effect of Caffeic Acid on MC-LR by LC/Q-TOF
It is widely known that phenols possess a high redox capability, and because of that are tested like
antioxidants. Several hours after mixing caffeic acid with MC-LR toxin, a grayish color had developed
in the solution, which intensified over time, and changes in both compounds were observed through
HPLC/MS. After 72 h, the presence of caffeic acid was detected by a peak at m/z 181.1; however,
another substance with a peak at m/z 179.1 was also observed that corresponded to the quinone of
caffeic acid by oxidation of the orto-dihydroxy system. Similarly, a peak at m/z 995.6 was assigned to
the MC-LR toxin, and a peak at m/z 1001.5 to a new compound formed by reduction of the quinone of
caffeic acid (Figure 6).
In addition, other molecules formed by degradation of the original toxin were identified, such
as the peaks at m/z 88.05 and 135.1, which were assignable to an alanine and a part of the side chain
ADDA, respectively. Besides this, the peaks at m/z 792.6 and 232.2 seem to indicate an oxidative
breaking of ADDA.
Figure 6. A proposed oxide-reductive pathway of the decomposition of MC-LR with caffeic acid.
3.5. Toxicological Effects
To establish the toxicity of the phenyl-acyl compounds, D. pulex neonates were used.
3,5-dimethoxybenzoic acid, syringic acid, caffeic acid, 3-methoxyphenylacetic acid, 2′-hydroxycinnamic
acid, and 4′-hydroxyphenylacetic acid caused less than 10% mortality in the first 24 h. After 48 h,
4′-hydroxyphenylacetic acid caused close to 40% mortality, and the other compounds caused less than
20% mortality (Figure 7). However, eugenol and copper sulfate exhibited high neonate mortality: 80%
to 100% at 24 h and 100% at 48 h at the concentrations of 25, 50, and 100 mg/L. For vanillin, mortality
was 100% at 48 h at 100 mg/L. Table 1 shows the LC50 results; some data were not estimated statistically
because, under the treatment, all neonates either died (eugenol) or survived in the control (water).
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Figure 7. The toxicity of phenyl-acyl compounds and copper sulfate on Daphnia pulex De Geer neonates.
Control = the culture medium without a compound.
Table 1. LC50 values for D. pulex De Geer neonates exposed to different phenyl-acyl compounds at 24,
48, and 72 h. The confidence intervals (95%) are given in parenthesis.
Phenyl-Acyl LC50 24 h LC50 48 h LC50 72 h
A1 NE 251.854 71.8 (52.98–108.68)
A2 760.41 (NE) 146.26 (101.15–436.72) 87.49 (66,86–132.07)
A3 131.62 (NE) 228.62 (NE) 84.30 (53.52–241.42)
A4 NE 179.88 (112.21–7471.96) 125.42 (88.37–261.20)
A5 131.62 (NE) 177.83 (112.21–7471.96) 125.63 (79.01–554.19)
A6 131.62 (NE) 126.25 (93.90–242.85) 69.37 (52.58–99.22)
A7 80.42 (67.26–98.41) 40.43 (32.73–51.42) 26.62 (22.,41–39.5)
A8 20.885 (NE) 13.23 (9.05–19.26) 7.1
A9 NE NE NE
NM, no mortality; NE, not estimated. 3,5-dimethoxybenzoic acid (A1), syringic acid (A2), caffeic acid (A3),
3-methoxyphenylacetic acid (A4), 2′-hydroxycinnamic acid (A5), 4′-hydroxyphenylacetic acid (A6), vanillin (A7),
eugenol (A8), and, as a control, copper sulfate (A9).
4. Discussion
Currently, several strategies are used to control Microcystis blooms and toxins, ranging from the
application of dangerous copper salts to ultrasound and adsorption on materials such as activated
carbon [17]. In this research, eight phenyl-acyl compounds were assayed as inhibitors of M. aeruginosa
Kützing growth and toxin production. Eugenol, caffeic acid, and vanillin showed inhibition activities
of 100%, 75%, and 50%, respectively, at 50 mg/L. The effects on the growth of M. aeruginosa Kützing
were assessed through cell count and Chl a analysis; however, these results were not comparable.
Therefore, there was a lack of correlation between cell counts and Chl a levels, which was possibly due
to the different mechanisms of action in M. aeruginosa Kützing.
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The production of Chl a was completely inhibited by syringic acid, 2′-hydroxycinnamic acid,
and 4′-hydroxyphenylacetic at 100 mg/L, while, according to the cell count, there was close to 45%
inhibition. A probable mechanism of action of these compounds could involve oxidative damage to
Chl a through the inhibition of antioxidant enzymes [18]. The other substances, 3,5-dimethoxybenzoic
acid and 3-methoxyphenylacetic acid, were weak growth promotors; however, there are no data on the
effect of these substances as inductors of cyanobacteria growth or their role in the formation of blooms.
In the same way, some phenols, such as those that originate from the decomposition of organic matter,
have also shown an effect on the development of cyanobacterial blooms [11,19].
According to these results, caffeic acid was the best M. aeruginosa Kützing growth inhibitor. It
reduced the level of MC-LR and was practically a non-toxic substance, since overall survival was
observed in D. pulex neonates, which survived when exposed to all concentrations; the effects that
were noticed after 48 h may be caused by starvation. This harmless effect has been previously reported
for this type of compound in Danio rerio [20]. However copper sulfate, which is recommended as an
algicide, is toxic to many other species in aquatic environments [16,21].
Regarding the mechanism of action of these compounds, caffeic acid seems to involve a redox
mechanism to degrade MC-LR, which was detected by means of direct observation of the color of
the solution and HPLC/MS. Some authors have already proposed the use of phenolic acids to inhibit
M. aeruginosa growth [20,22,23]. It has been suggested that the autoxidation of phenols induces
inhibitory effects by the production of free radicals [24] with the generation of radical superoxide
anions. In this way, they can induce a lipid peroxidation that affects cell membrane permeability and
causes the death of M. aeruginosa Kützing [20]. Similarly, rice straw extracts that contain this same
type of phenolic acid were shown to provoke changes in the antioxidant enzyme system in the cells of
results cyanobacteria, such as M. aeruginosa Kützing, thereby suspending their growth and causing cell
death [25].
In addition, several of the assayed molecules also seem to act at the stage of formation of
the mucilage, which is mainly composed of exopolysaccharides, and whose main function is the
agglutination and protection of the colonies [26,27]. These results are in accordance with the SEM
images (Figure 4C) because damage to the membrane and changes in the mucilage’s stability were also
observed under caffeic acid treatment. In addition, vanillin and eugenol caused delays in cell division,
since dividing cells were detected after 72 h of treatment (Figure 3A,B). These same substances also
caused asymmetry between sister cells, an effect that has already been reported for M. aeruginosa
Kützing under treatment of copper sulfate and the herbicide diuron, and could be an indicator of
environmental disturbance [28].
About the effect of caffeic acid, the fragmentation patterns of MC-LR toxin agree with previous
reports [29]. However, the exact mechanism of the MC-LR toxin’s transformation needs to be
elucidated, including the residues in the molecule that are reduced by caffeic acid and the kinetics
of the process. These findings open new perspectives on the elimination of MC-LR toxins in potable
reservoirs contaminated with cyanobacterial blooms, based on a chemical or physical redox process.
Cyanobacteria blooms develop quickly in large areas that contain millions of hectoliters of water;
therefore, the application of substances for their control could be related to an early detection method.
Otherwise, the amounts of required inhibitory substances would be too large and possibly affect the
water’s quality and increase costs. Therefore, knowledge about the effects and the mechanism of
action of these types of substances can generate information about new control methods as well as
provide additional data about the chemical, biological, and physical agents that trigger the blooms.
Thus, exogenous substances and products from industrial activity or vegetal biomass decomposition
in reservoirs could also elicit these blooms.
5. Conclusions
In this work, several effects were detected in M. aeruginosa Kützing after the application of several
phenyl-acyl compounds. Some of them, such as caffeic acid, were inhibitory, while others were found
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to act as growth promotors. The activity of caffeic acid included changes in cell morphology and
division and the formation of mucilage, while its mechanism of action on the MC-LR toxin seems to
involve a degradative redox process. Molecules with promotor effects indicate the existence of other
biochemical mechanisms in the blooms’ formation that are different from those that have traditionally
been considered, such as edaphic factors and nutrient availability.
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Abstract: Freshwater phytoplankton communities can be classified into a variety of functional groups
that are based on physiological, morphological, and ecological characteristics. This classification
method was used to study the temporal and spatial changes in the phytoplankton communities
of Gaozhou Reservoir, which is a large municipal water source in South China. Between January
2015 and December 2017, a total of 155 taxa of phytoplankton that belong to seven phyla were
identified. The phytoplankton communities were classified into 28 functional groups, nine of which
were considered to be representative functional groups (relative biomass > 10%). Phytoplankton
species richness was greater in the summer and autumn than in the winter and spring; cyanobacterial
blooms occurred in the spring. The seasonal succession of phytoplankton functional groups was
characterized by the occurrence of functional groups P (Staurastrum sp. and Closterium acerosum) and
Y (Cryptomonas ovata and Cryptomonas erosa) in the winter and spring, and functional groups NA
(Cosmarium sp. and Staurodesmus sp.) and P (Staurastrum sp. and Closterium acerosum) in the summer
and autumn. The temperature, nitrogen, and phosphorus levels were the main factors driving
seasonal changes in the phytoplankton communities of Gaozhou Reservoir. The functional group M
(Microcystis aeruginosa) dominated the community during the cyanobacterial blooms in spring 2016,
with the maximum algal cell density of 3.12 × 108 cells L−1. Relatively low temperature (20.8 ◦C),
high concentrations of phosphorus (0.080–0.110 mg L−1), suitable hydrological and hydrodynamic
conditions (e.g., relatively long retention time), and relatively closed geographic location in the
reservoir were the key factors that stimulated the cyanobacterial blooms during the early stages.
Keywords: subtropical reservoir; functional groups; phytoplankton; seasonal succession;
environmental factors; cyanobacterial bloom
1. Introduction
Phytoplankton, as primary producers in aquatic ecosystems, are important for the maintenance
of a stable aquatic environment [1,2], and they strongly affect the total productivity of aquatic
ecosystems [3]. Phytoplankton are particularly sensitive to physical, chemical, and biological changes
in the aquatic environment [4], and increases in nutrient availability often lead to severe phytoplankton
proliferation [5]. Once blooms form, aquatic ecosystem services, such as drinking water quality,
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fisheries, and landscape, become damaged [6]. The process of bloom formation has a destructive effect
on phytoplankton community structure, due to the dominance of certain phytoplankton species [7].
Changes in the composition and structure of the phytoplankton community (e.g., species composition,
diversity index, community structure, and quantitative distribution) can be used to evaluate the
eutrophication status of reservoirs [8]. Thus, these metrics represent important indicators of the
environmental quality of aquatic ecosystems [9].
Reynolds et al. [10] and Padisák et al. 2009 [11] proposed functional groups to describe both
phytoplankton community structure and the changes to that structure. The species of phytoplankton
from specific habitats with similar sensitivities are classified into the same functional group; in total
31 functional groups were devised for freshwater phytoplankton [12]. Phytoplankton functional
groups have been used to study the effects of changes in aquatic ecology on the physiological,
morphological, and ecological characteristics of phytoplankton in various rivers, lakes, and reservoirs
worldwide [13–16]. Studies have shown that phytoplankton functional groups H, X1, LO, and S1
are the most representative during the rainy and dry seasons in semi-arid reservoirs in Brazil [17],
while phytoplankton functional groups LM, P, T, and Y exhibit strong seasonal variation in Erhai Lake,
Yunnan, China [18]. The application of phytoplankton functional group classification methods in
aquatic ecosystems provides key data that reflect the dynamics of phytoplankton communities [19,20].
There are many methods for assessing the nutritional status of aquatic environments.
The assessment of eutrophication in aquatic ecosystems is essentially a multivariate comprehensive
decision-making process for aquatic ecosystems [21–23]. Based on the EU Water Framework
Directive [19], Padisák et al. developed the Q index method, based on the taxonomy of the
phytoplankton functional groups, to evaluate the ecological status of different types of water
bodies [24]. Phytoplankton functional groups and Q index evaluation methods have been widely
used in phytoplankton related research studies [17,25]. In addition, the comprehensive trophic level
index (TLI (Σ)) has been widely used for evaluating eutrophication in reservoirs [26,27]. TLI (Σ) index,
which is based on water quality parameters, provides a continuous value that represents the trophic
state of a reservoir. Continuous numerical changes provide a basis that can be used to investigate the
mechanisms underlying eutrophication [26]. In this study, two evaluation methods, Q index and TLI
(Σ) index, were used to study phytoplankton community succession and the factors driving succession
in a reservoir in southern China (i.e., Gaozhou Reservoir).
Gaozhou Reservoir is a large artificial reservoir in western Guangdong, China, with an annual
water supply of 50 billion cubic meters. This reservoir is located in the monsoon region of China,
between the northern tropics and southern subtropics. The climate in this region is warm, with abundant
sunshine and rainfall. However, rainfall is unevenly distributed and it changes substantially with
season. The rainfall in the spring and summer is usually twice that in autumn and winter [28,29].
In recent years, pollution originating from domestic sewage and agricultural non-point sources
has increased in the catchment areas of Gaozhou Reservoir, resulting in serious eutrophication and
cyanobacterial blooms [30,31]. Cyanobacterial blooms have been recorded four times since 2009
(in 2010, 2011, 2013, and 2016) [32,33], threatening the water quality security of the reservoir. Although
many studies have investigated the seasonal succession of phytoplankton functional groups in rivers
and lakes, the seasonal succession of phytoplankton functional groups in drinking water reservoirs,
as well as the associated cyanobacterial blooms, remain largely unstudied.
The objectives of this study were (1) to identify the phytoplankton composition in the reservoir;
(2) to determine the phytoplankton functional groups and their seasonal succession; (3) to analyze
the driving factors for the occurrence of cyanobacterial blooms; and, (4) to understand and assess the
status of the aquatic environment in the reservoir, while using the phytoplankton functional group
classification method, as well as the Q index and the TLI (Σ) index. The study provides basic and useful
data regarding seasonal succession of phytoplankton communities and environmental determinants of
algal species and abundance, which can be effectively used to develop strategies for the management
of cyanobacterial blooms in the reservoir.
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2. Materials and Methods
2.1. Study Period and Site Description
The Gaozhou Reservoir is located in Maoming City, Guangdong Province, China. This region has a
subtropical climate. The reservoir has a canyon shape, with a storage capacity of 1.15 × 109 cubic meters
and a catchment area of 1022 km2 [34]. The water retention time (WRT) in the Gaozhou reservoir was
about 451 days [34]. Three rivers (the Shenzhen River, the Pengqing River, and the Guding River)
feed into the rain collection area of the two sub-areas of the reservoir: the Liangde and Shigu areas
(Figure 1).
 
Figure 1. of the Gaozhou Reservoir and of the sampling sites in the reservoir.
The water samples were collected at seven sites in the Gaozhou Reservoir (Figure 1) in January,
April, July, and November of 2015, 2016 and 2017 (12 sampling events with 84 samples in total). Sites S1
and S2 were located in the Liangde reservoir district; sites S3 and S4 were located in the Shigu reservoir
district; and, sites S5, S6, and S7 were located at the entrances of the Shenzhen River, the Guding River,
and the Pengqing River, respectively.
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2.2. Sample Analysis
A portable Professional Plus Multiparameter Instrument (Pro Plus, YSI, USA) was used to measure
the water temperature (WT), pH, dissolved oxygen (DO), and electrical conductivity (EC). Samples (5 L
each) were taken at 0.5 m water depth at each site. The measurements of water quality parameters were
performed according to the Chinese National Standard Method [35] (similar to those of the American
Public Health Association [36]). The total nitrogen (TN), total phosphorus (TP), permanganate index
(CODMn), and suspended solids (SS) were measured with unfiltered water, while nitrate (NO3-N)
and ammonium (NH4-N) were measured with filtered water. The chlorophyll-a concentrations were
determined after extraction with acetone [35,37].
At each site, a phytoplankton net (No.25, Beijing Purity Instrument) was dragged at 0.5 m water
depth for five minutes. Subsequently, a 25-mL filtered water sample was collected, fixed by adding
1 mL of formalin solution, and then inspected using the eyepiece visual field counting method under
a microscope. At each site, an additional 1 L water sample was collected at 0.5 m water depth and
10 mL of Lugol’s solution was added on site in order to fix the sample. After sedimentation for 24 h,
the water sample was concentrated to 30 mL, and then examined under a microscope to quantify cell
densities [38]. Phytoplankton biomass was calculated according to the method that was described by
Hillebrand et al. [39], while assuming that 1 mm3 equals 1 mg [40].
2.3. Data Analysis
The European Water Framework Directive (European Parliament and Council, 2000) developed
a Q index evaluation method that is based on the interactions between functional groups and
environmental characteristics [41]. The Q index primarily uses the composition of functional groups
and phytoplankton biomass to characterize the eutrophic state of the water body, and it reflects aquatic









where N is the total biomass; n is the number of functional groups; ni is the biomass of the i-th
functional group; and, Fi is the value of the i-th functional group [24].
We assigned an F value that ranges from 0 to 5, with higher values for the more-pristine assemblages
in the reservoir, and lower values for assemblages that are typical of less-pristine conditions. Following
Reynolds et al. [10], species representing> 10% of the total biomass were considered to be representative
functional groups (i.e., the functional groups that made a substantial contribution to total biomass).
The Q index was divided into five levels: the values 0–1, 1–2, 2–3, 3–4, and 4–5 correspond to bad,
tolerable, medium, good, and excellent, respectively [24]. Smaller Q values indicated a higher degree
of eutrophication.
We used chlorophyll a (Chla), TP, TN, transparency (SD), and the CODMn to calculate the





Wj × TLI (j), (2)
where TLI (Σ) is the comprehensive trophic level index; TLI (j) is the nutrition status index representing
the jth parameter; and, Wj is the relevant weight of the nutrition status index of the jth parameter.
In order to calculate the nutritional status index of each individual item, we used the
following formulas:
TLI (Chl a) = 10 × (2.5 + 1.086 ln (Chl-a)), (3)
TLI (TP) = 10 × (9.436 + 1.624 ln (TP)), (4)
TLI (TN) = 10 × (5.453 + 1.694 ln (TN)), (5)
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TLI (SD) = 10 × (5.118 − 1.940 ln (SD)), (6)
TLI (CODMn) = 10 × (0.109 + 2.661 ln (CODMn)). (7)
Here, Chla is expressed in mg m-3; SD is expressed in m; and, all other variables are expressed in
mg L−1.
The values of the TLI (Σ) index were divided into six levels: oligotrophic (0–30), mesotrophic
(30–50), light-eutrophic (50–60), mid-eutrophic (60–70), high-eutrophic (70–80), and hyper-eutrophic
(>80) [23,43].
One-way analysis of variance (one-way ANOVA) was used to compare the difference of
environmental factors among seasons. We took three samplings of each sampling site as three
replicates for each season. Redundancy analysis (RDA) was used to reveal the contribution of
13 environmental factors to variations of nine representative functional groups of phytoplankton for
each season. Statistical analysis was performed while using the SPSS 19.0 statistical package software
(IBM, Armonk, NY, USA), and RDA analysis was analyzed using the Canoco 5.04 software.
3. Results
3.1. Phytoplankton Dynamics
In total, 155 phytoplankton taxa were identified across all of the samples collected from the
Gaozhou Reservoir between January 2015 and December 2017. These taxa included cyanobacteria,
diatoms, chlorophytes, dinoflagellates, cryptophytes, euglenophytes, and chrysophytes. There were
103, 109, 126, and 120 taxa in samples collected in the winter, spring, summer, and autumn, respectively;
species richness in the summer and autumn was greater than that in the winter and spring (Table 1).
Table 1. Species of phytoplankton and their respective proportion (%) in different seasons in the
Gaozhou Reservoir.
Winter Spring Summer Autumn All seasons
Taxa Proportion Taxa Proportion Taxa Proportion Taxa Proportion Taxa Proportion
Cyanobacteria 10 9.71% 15 13.76% 19 15.08% 15 12.50% 20 12.90%
Cryptophytes 4 3.88% 4 3.67% 4 3.17% 4 3.33% 4 2.58%
Dinoflagellates 4 3.88% 5 4.59% 5 3.97% 5 4.17% 5 3.23%
Chrysophytes 1 0.97% 1 0.92% 1 0.79% 1 0.83% 1 0.65%
Diatoms 26 25.24% 26 23.85% 29 23.02% 28 23.33% 30 19.35%
Euglenophytes 2 1.94% 3 2.75% 3 2.38% 3 2.50% 3 1.94%
Chlorophytes 56 54.37% 55 50.46% 65 51.59% 64 53.33% 92 59.35%
Total taxa 103 100% 109 100% 126 100% 120 100% 155 100%
The phytoplankton taxa in the reservoir fell into 28 of the 31 groups previously described: M, S1,
SN, H1, H2, X1, X2, X3, Y, LM, LO, K, TC, E, D, C, B, A, MP, W1, W2, WO, G, J, F, T, NA, and P (Table 2).
Here, nine groups were considered to be representative functional groups (marked with "a" in Table 2).
During the study period, the average densities of algal cells in the winter, spring, summer,
and autumn were 5.42 × 106 cells L−1, 29.7 × 106 cells L−1, 13.2 × 106 cells L−1, and 11.3 × 106 cells L−1,
respectively. The density of algal cells was highest in the spring, followed by the summer, autumn,
and winter (Figure 2). In the spring of 2016, cyanobacterial blooms occurred at S3 and S4, where S3 is
near the water supply outlet of the reservoir. The algal cell densities at S3 and S4 reached a maximum
of 3.12 × 108 cells L−1 and 1.51 × 108 cells L−1, respectively.
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Table 2. Main phytoplankton taxa, functional groups, and respective F factors in the samples collected
from the Gaozhou Reservoir from 2015 to 2017.
Functional Groups Phytoplankton Species Taxonomic Group F Factor
M Microcystis aeruginosa a Cyanobacteria 0
S1 Pseudanabaena sp. Cyanobacteria 0
SN Cylindrospermopsis raciborskii Cyanobacteria 0
H1 Aphanizomenon flos-aquae Cyanobacteria 0
H2 Dolichospermum circinale Cyanobacteria 2.0
X1 Ankistrodesmus falcatus, Monoraphidium sp. Chlorophytes 3.5
X2 Chroomonas acutaa Cryptophytes 5.0
X3 Schroederia sp. Chlorophytes 5.0
Y
Cryptomonas ovataa, Cryptomonas erosaa, Cryptophytes
3.0Gymnodinium aeruginosuma Dinoflagellates
LM Ceratium hirundinella Dinoflagellates 4.0
LO
Peridiniopsis borgei a Dinoflagellates
4.0Chroococcus sp., Merismopedia glauca Cyanobacteria
K Aphanocapsa sp. Cyanobacteria 0
TC Gloeocapsa punctata Cyanobacteria 4.0
E Dinobryon divergens Chrysophytes 5.0
D Synedra acus, Nitzschia sublinearis Diatoms 2.0
C Cyclotella meneghiniana, Cymbella perpusilla, Naviculasp., Diploneis sp. Diatoms 3.0
B Cyclotella bodanica Diatoms 4.0
A Rhizosolenia sp., Attheya zachariasi Diatoms 4.0
MP Achnanthes exigua, Cocconeis placentula Diatoms 4.0
W1 Euglena sp., Phacus sp. Euglenophytes 0
W2 Trachelomonas sp. Euglenophytes 1.0
WO Chlamydomonas globosa Chlorophytes 0
G Eudorina elegans, Pandorina morum Chlorophytes 2.0
J
Tetraëdron trigonum a, Pediastrum duplex var.
gracillimum,




Haematococcus pluvialis, Planktosphaeria gelotinosa,
Quadrigula chodatii, Elakatothrix gelatinosa a,
Selenastrum dibraianum, Kirchneriella lunaris,
Oocystis lacustis
Chlorophytes 5.0
T Mougeotia gracillima a Chlorophytes 5.0
NA Cosmarium sp. a, Staurodesmus sp. a, Euastrum sp., Chlorophytes 3.0
P
Staurastrum sp. a, Closterium acerosum a Chlorophytes
2.0Melosira varians a, Fragilaria sp. a Diatoms
a Descriptor species (>10% of the total biomass).
In total, 18 representative functional groups were identified in the winter and spring, and 20
were identified in the summer and autumn (Figure 2). The functional groups P (Staurastrum sp. and
Closterium acerosum) and Y (Cryptomonas ovata and Cryptomonas erosa) were the dominant phytoplankton
taxa in the winter and spring. Functional group X2 (Chroomonas acuta) was more abundant in the
winter, while functional group M (Microcystis aeruginosa) grew faster in the spring. Functional groups
NA (Cosmarium sp. and Staurodesmus sp.) and P (Staurastrum sp. and Closterium acerosum) dominated
the communities in the summer and autumn. In spring 2016, the community at site S3 was dominated
by functional group M (Microcystis aeruginosa), comprising 98.5% of the total biomass, while the
community at site S4 was dominated by both functional group M (Microcystis aeruginosa) and functional
group P (Melosira varians), comprising, respectively, 86.4% and 12.1% of the total biomass.
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Figure 2. Composition and abundance of the representative functional groups of phytoplankton
in Gaozhou Reservoir from 2015 to 2017. (a) abundance in winter; (b) relative biomass in winter;
(c) abundance in spring; (d) relative biomass in spring; (e) abundance in summer; (f) relative biomass
in summer; (g) abundance in autumn; and (h) relative biomass in autumn.
3.2. Variations in Environmental Factors
The average WTs in the winter, spring, summer, and autumn were 20.8 ◦C, 28.0 ◦C, 31.2 ◦C,
and 26.5 ◦C, respectively. The pH was 8.63 in the summer, which was significantly higher than that in
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all other seasons (p < 0.05). However, there were no significant differences in pH among the samples
that were collected during the other seasons. DO and EC were highest in the spring, measuring
10.03 mg L−1 and 66.1 μs cm−1, respectively. These values were significantly higher than those that
were measured during the other three seasons (p < 0.05). Across all samples, the TN concentrations
ranged from 0.20 mg L−1 to 2.60 mg L−1, with an average of 0.66 mg L−1. The TN concentrations of
the spring samples (average: 0.94 mg L−1; maximum: 1.15 mg L−1) were significantly higher than
those of the other three seasons (p < 0.05). Across all of the samples, the TP concentrations ranged
from 0.008 mg L−1 to 0.110 mg L−1, with an average of 0.025 mg L−1. The average TP concentration
was the highest in the spring of 2016 (0.056 mg L−1), but there was no significant difference in TP
concentration between spring and each of the other three seasons. Throughout the survey period,
the ratio of nitrogen concentration to phosphorus concentration at each sampling site was greater
than 16, and this value did not differ significantly among seasons. Seasonal rainfall was 50–1116 mm,
with the most rain falling in the summer, followed by the spring, autumn, and winter (Table 3).
Table 3. Mean and range (Min–Max) of environmental factors in the Gaozhou Reservoir for each season
from 2015 to 2017.
Winter Sping Summer Autumn
Mean Range Mean Range Mean Range Mean Range
WT (◦C) 20.8 17.8–23.9 28.0 22.9–32.2 31.2 28.8–33.3 26.5 24.8–27.8
pH 7.33 6.73–8.36 7.32 6.29–8.33 8.63 8.10–9.28 7.61 6.84–8.93
DO (mg L−1) 8.11 6.12–10.71 10.03 8.14–14.38 8.78 7.74–9.90 7.40 5.54–9.25
EC (μs cm−1) 58.7 54.4–67.0 66.1 59.8–88.3 58.8 53.1–64.7 56.9 53.8–60.9
SS (mg L−1) 2.1 0.3–5.2 9.0 2.0–59.0 3.5 1.4–8.0 2.5 1.4–5.0
TN (mg L−1) 0.58 0.37–0.95 0.94 0.36–2.60 0.58 0.20–1.06 0.56 0.38–0.85
NH4–N (mg L−1) 0.064 0.028–0.154 0.069 0.013–0.135 0.060 0.027–0.178 0.055 0.029–0.097
NO3–N (mg L−1) 0.35 0.19–0.68 0.38 0.08–0.85 0.22 0.08–0.62 0.25 0.12–0.49
TP (mg L−1) 0.023 0.008–0.071 0.035 0.010–0.110 0.022 0.009–0.040 0.022 0.009–0.048
CODMn (mg L−1) 1.9 0.8–4.2 3.3 0.6–12.2 2.2 1.4–3.5 1.9 1.2–2.8
Chla (mg m−3) 8.9 3.1–36.3 25.8 5.2–193.3 16.8 4.4–53.8 14.8 6.8–32.4
WL (m) 60.6 60.3–61.3 61.0 60.4–61.8 60.7 60.4–61.2 60.7 60.2–61.2
Rainfall (mm) 239 50–428 504 428–684 888 633–1116 337 210–517
WT: water temperature; DO: dissolved oxygen; EC: electrical conductivity; SS: suspended solid; TN: total nitrogen;
NH4-N: ammonium nitrogen; NO3-N: nitrate nitrogen; TP: total phosphorus; CODMn: permanganate index; Chla:
chlorophyll a concentration; WL: water level.
Among all of the environmental factors, measured during the survey period, TP was most strongly
affected by season. The average TP in spring of 2016 was 0.056 mg L−1. TP values at S3 and S4 were
higher (0.080 mg L−1 and 0.110 mg L−1) than those at other sites, and these values were 4–5 times
greater than those in spring 2015 and 2017 (Figure 3).
3.3. Changes in Q and TLI (Σ)
The average Q index across all of samples from 2015 to 2017 was 1.87–3.48 (Figure 4), indicating
that the water quality of the reservoir was primarily good and medium. However, water quality in
spring of 2016 was obviously bad. The average TLI (Σ) index for all samples from 2015 to 2017 was
34.4–52.6 (Figure 4), implying that water quality was lightly eutrophic. The average TLI (Σ) index
was substantially lower in the samples that were collected in the spring of 2016, as compared to those
collected in other seasons.
The Q index and the TLI (Σ) index were especially abnormal in the spring of 2016, coinciding with
local cyanobacterial blooms. The TLI (Σ) indexes of the samples from sites S3 and S4 were 63.7 and
71.6, respectively, while the Q indexes were 0.21 and 0.24, respectively. The degree of eutrophication in
the water of the reservoir was abnormally high.
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Figure 3. Seasonal changes in total phosphorus (TP) at different sampling sites in Gaozhou Reservoir












































































Figure 4. Evaluation of the ecological status of Gaozhou Reservoir from 2015 to 2017 based on the Q
and TLI(Σ) indexes.
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3.4. Redundancy Analysis
In this study, the functional groups with greater than 10% relative biomass were defined as the
dominant functional groups. Nine groups were identified in Gaozhou Reservoir: M, X2, Y, LO, J, F, T,






Figure 5. Redundancy analysis of the representative functional groups of phytoplankton and the
environmental factors in Gaozhou Reservoir. (a) winter; (b) spring; (c) summer; and, (d) autumn.
WT, nitrogen, and phosphorus were the most important environmental factors affecting the
phytoplankton functional groups (Figure 5). However, the influencing factors were different in different
seasons. In the winter, WT and CODMn were positively associated with groups X2 and Y, but they were
negatively associated with group M (Figure 5a). In the spring, WT was the main environmental factor
affecting group M (Figure 5b). In the summer, TP, TN, and NH4-N were the main environmental factors
affecting groups Y and NA (Figure 5c). In the autumn, WT, pH, and TP were the main environmental
factors affecting groups X2 and NA (Figure 5d). The redundant environmental factors differed among
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seasons. The redundant environmental factors were TP and rainfall in the winter; CODMn, DO, and TN
in the spring; WT, CODMn, and EC in the summer; and, TN, rainfall, and EC in the autumn.
4. Discussion
4.1. Phytoplankton Seasonal Dynamics
We found that phytoplankton species richness in Gaozhou Reservoir was greater in the summer
and autumn than in the winter and spring. Generally, the mechanisms regulating the changes in
phytoplankton communities are complex [44,45]. For example, the nutrient resources of aquatic
ecosystems strongly affect ecosystem diversity [46]. Species are season-specific, which is a basic
manifestation of phytoplankton adaptations to natural environments [10,47].
Functional groups P (Staurastrum sp. and Closterium acerosum) and Y (Cryptomonas ovata and
Cryptomonas erosa) prefer weaker light intensity [10,11]. Light intensity is greater in the summer
and autumn, but weaker in the winter and spring, as the Gaozhou Reservoir is located in the
subtropics. Therefore, functional groups P and Y dominated the communities during the winter and
spring [16,48,49]. Similarly, functional group X2 (Chroomonas acuta), which tolerates low
temperatures [50], grew faster in the winter and spring.
The functional groups NA and P were dominant in the summer and autumn, when the nitrogen
concentrations in Gaozhou Reservoir were lower than in the winter and spring. Cosmarium sp. and
Staurodesmus sp. were the dominant taxa in the aquatic environment when the nutrient levels were
low to moderate [11].
Functional group M had clear advantages at sites S3 and S4 in spring 2016, when cyanobacterial
blooms were occurring at these two sites. Functional group P had strong advantages at most of the
sampling sites in the winter and autumn of 2015, and functional group H2 dominated the community
in the summer and autumn of 2016.
4.2. Environmental Driving Factors
Our results were consistent with previous studies that reported that temperature and nutrient
availability strongly influenced phytoplankton species and biomass in aquatic ecosystems [51,52].
For example, the RDA results showed that WT was highly correlated with different functional groups
in the winter as compared to the spring. WT was correlated with functional groups Y and X2 in
the winter; with functional group M in the spring; and, with functional groups F, LO, X2, and NA
in the autumn. In the winter and spring, NO3-N was highly correlated with the functional group
F, and NH4-N was highly correlated with the functional groups T and NA. In the summer, NH4-N
and TP affected additional functional groups, including Y, NA, X2, P, and J. TP affected the functional
groups NA and X2 in the summer and autumn.
In winter, environmental parameters, including TP, rainfall, and SS, were located in the first
quadrant (Figure 5a), but no functional groups were located in this quadrant, which indicated that these
parameters had no direct impact on the functional groups. In the spring, quadrant II had no functional
groups (Figure 5b), but several parameters, including TP, TN, and DO, were observed in this quadrant.
There were no functional groups in quadrant III in the summer, and the environmental factors in this
quadrant were WT, CODMn, and EC (Figure 5c). There were no functional groups in quadrant IV in
the autumn, and the environmental factors in this quadrant were TN, DO, rainfall, and EC (Figure 5d).
This seasonal difference in environmental factors among quadrants indicated that the redundancy of
environmental factors differed among seasons, and the relationship between environmental factors
and functional groups also fluctuated seasonally. For example, the environmental factors that were
positively affected in the winter were redundant variables, which included TP. This suggested that the
constraints associated with other factors (such as WT) would limit the occurrence and development of
functional groups, even if TP were suitable. In the summer, the negatively affected environmental
factors were also redundant variables, including WT. Obviously, water temperature is the highest in the
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summer and, thus, WT no longer acts as a restrictive environmental condition to limit the development
of functional groups. Under these conditions, the environmental factors affecting the phytoplankton
community structure are nitrogen and phosphorus nutrient levels.
4.3. Analysis of Cyanobacterial Blooms
Phytoplankton blooms are a comprehensive manifestation of the long-term aquatic ecological
risks that are associated with a regional water environment [5,53]. The cyanobacterium Microcystis
aeruginosa is induced at low temperatures and is dormant at high temperatures [54,55]. Guo et al.
(2016) found that M. aeruginosa was induced at 15 ◦C, grew well at 19 ◦C, and entered dormancy at
31 ◦C in Dianchi Lake, China [55]. In Gaozhou Reservoir, the M. aeruginosa bloom occurred after the
WT increased from 20.8 ◦C in winter 2016 to 28.0 ◦C in spring 2016; M. aeruginosa entered dormancy in
the summer of 2016 at 31.2 ◦C. In addition, the reservoir also experienced blooms in the spring seasons
of 2009, 2010, and 2013. The environmental conditions before the blooms had several similarities,
such as low temperatures in the winter and increasing temperatures in the spring [32]. The Gaozhou
Reservoir is rainy in the spring and, thus, nutrient concentrations in the reservoir increase due to the
input of rainwater runoff. Previous studies recorded high concentrations of phosphorus at sampling
sites S3 and S4 in the spring of 2016; these high levels of phosphorus were associated with the rainfall
and the hydrodynamic conditions at these two sites. Sampling sites S3 and S4 are located in the bay of
the Reservoir. The Gaozhou reservoir has a relatively long hydraulic retention time (approximately
451 days). In this study, S3 and S4 were two sites with serious cyanobacterial bloom. S4 site was
around by the shoreside of the reservoir and closer to the dam, while S3 site might be affected by
S4 site, due to the short distance between the two sites. Hence, the areas with cyanobacterial bloom
were relatively closed, with lower flow velocity and less water exchange when compared to other
areas of the reservoir [34]. These conditions may result in higher concentrations of phosphorus at
these sites, which may induce cyanobacterial blooms. In addition, the prevailing winds blew many
phytoplankton cells into the reservoir bay, resulting in a higher density of phytoplankton cells in this
area when compared to surrounding locations. Therefore, environmental conditions and changes
increased the aggregation of cyanobacterial cells at sites S3 and S4.
4.4. Environmental Implications
Here, data and analysis suggested that the low temperatures in Gaozhou Reservoir in the winter
and spring, coupled with the dramatic difference in temperature between the winter and spring, resulted
in the rapid growth of Microcystis aeruginosa. In addition, the high concentrations of phosphorus in
the reservoir in the spring might have provided sufficient nutrients in order support the explosive
proliferation of cyanobacteria. Finally, the specific hydrodynamic conditions of the water body might
have inhibited dispersion, allowing for the growing cyanobacterial cells to further aggregate.
5. Conclusions
This study demonstrated that there was seasonal succession of phytoplankton species and
functional groups in the Gaozhou Reservoir. The phytoplankton diversity was higher in the summer
and autumn than in the winter and spring. Functional groups P (Staurastrum sp. and Closterium
acerosum) and Y (Cryptomonas ovata and Cryptomonas erosa) were dominant in the winter and spring,
while functional groups NA (Cosmarium sp. and Staurodesmus sp.) and P (Staurastrum sp. and Closterium
acerosum) were dominant in summer and autumn. The temperature, nitrogen, and phosphorus
levels were the important factors that were associated with the seasonal changes in phytoplankton
community structure in the reservoir. The key factors leading to the blooms of Microcystis aeruginosa
were temperature and phosphorus levels. The low temperatures in the winter of 2016 and the
high concentrations of phosphorus in the spring of 2016, together with the favorable rainfall and
hydrodynamic conditions in the reservoir, were the major factors triggering the phytoplankton blooms.
136
Water 2020, 12, 1167
Author Contributions: Conceptualization, L.Y., X.Z. and B.X.; data curation, L.Y., R.L. and T.G.; investigation,
L.Y., R.L. and T.G.; methodology, L.Y., X.Z. and T.G.; validation, B.X., G.-J.Z., S.L. and C.L.; writing—Original
draft, L.Y., X.Z., G.-J.Z., B.X. and S.L.; writing—Review and editing, L.Y., B.X., G.-J.Z. and X.Z. All authors have
read and agreed to the published version of the manuscript.
Funding: This work was funded by the Key-Area Research and Development Program of Guangdong Province
(2019B110205004), National Natural Science Foundation of China (41977353, 41401115), the International Science
& Technology Cooperation Program of Guangzhou (201704030110) and the Special Fund of Chinese Central
Government for Basic Scientific Research Operations in Commonweal Research Institutes (PM-zx703-201602-048,
PM-zx097-201904-131).
Acknowledgments: We thank Kunying Li and Yanhui Feng for water sample collection and analysis.
Conflicts of Interest: The authors declare no conflict of interest.
References
1. Wilken, S.; Soares, M.; Urrutia-Cordero, P.; Ratcovich, J.; Ekvall, M.K.; Donk, E.V.; Hansson, L.A. Primary
producers or consumers? Increasing phytoplankton bacterivory along a gradient of lake warming and
browning: Increasing phytoplankton bacterivory. Limnol. Oceanogr. 2018, 63, S142–S155. [CrossRef]
2. Zhao, X.; Drakare, S.; Johnson, R.K. Use of taxon-specific models of phytoplankton assemblage composition
and biomass for detecting impact. Ecol. Indic. 2019, 97, 447–456. [CrossRef]
3. Santana, R.M.D.C.; Dolbeth, M.; de Lucena Barbosa, J.E.; Patrício, J. Narrowing the gap: Phytoplankton
functional diversity in two disturbed tropical estuaries. Ecol. Indic. 2018, 86, 81–93. [CrossRef]
4. Dong, X.; Li, B.; He, F.; Gu, Y.; Sun, M.; Zhang, H.; Tan, L.; Xiao, W.; Liu, S.; Cai, Q. Flow directionality,
mountain barriers and functional traits determine diatom metacommunity structuring of high mountain
streams. Sci. Rep. 2016, 6, 24711. [CrossRef] [PubMed]
5. Chirico, N.; António, D.C.; Pozzoli, L.; Marinov, D.; Malagó, A.; Sanseverino, I.; Beghi, A.; Genoni, P.;
Dobricic, S.; Lettieri, T. Cyanobacterial Blooms in Lake Varese: Analysis and Characterization over Ten Years
of Observations. Water 2020, 12, 675. [CrossRef]
6. Michalak, A.M. Study role of climate change in extreme threats to water quality. Nature 2016, 535, 349–350.
[CrossRef] [PubMed]
7. Kozak, A.; Budzyńska, A.; Dondajewska-Pielka, R.; Kowalczewska-Madura, K.; Gołdyn, R. Functional
Groups of Phytoplankton and Their Relationship with Environmental Factors in the Restored Uzarzewskie
Lake. Water 2020, 12, 313. [CrossRef]
8. Liu, X.; Qian, K.; Chen, Y.; Gao, J. A comparison of factors influencing the summer phytoplankton biomass
in China’s three largest freshwater lakes: Poyang, Dongting, and Taihu. Hydrobiologia 2017, 792, 283–302.
[CrossRef]
9. Biggs, J.; von Fumetti, S.; Kelly-Quinn, M. The importance of small waterbodies for biodiversity and
ecosystem services: Implications for policy makers. Hydrobiologia 2017, 793, 3–39. [CrossRef]
10. Reynolds, C.S.; Huszar, V.; Kruk, C.; Naselliflores, L.; Melo, S. Towards a functional classification of the
freshwater phytoplankton. J. Plankton Res. 2002, 24, 417–428. [CrossRef]
11. Padisák, J.; Crossetti, L.O.; Naselli-Flores, L. Use and misuse in the application of the phytoplankton
functional classification: A critical review with updates. Hydrobiologia 2009, 621, 1–19. [CrossRef]
12. Costa, L.S.; Huszar, V.L.M.; Ovalle, A.R. Phytoplankton Functional Groups in a Tropical Estuary: Hydrological
Control and Nutrient Limitation. Estuar. Coast. 2009, 32, 508–521. [CrossRef]
13. Kruk, C.; Devercelli, M.; Huszar, V.L.M.; Hernández, E.; Beamud, G.; Diaz, M.; Silva, L.H.S.; Segura, A.M.
Classification of Reynolds phytoplankton functional groups using individual traits and machine learning
techniques. Freshw. Biol. 2017, 62, 1681–1692. [CrossRef]
14. Rodrigues, L.C.; Pivato, B.M.; Vieira, L.C.G.; Bovo-Scomparin, V.M.; Bortolini, J.C.; Pineda, A.; Train, S.
Use of phytoplankton functional groups as a model of spatial and temporal patterns in reservoirs: A case
study in a reservoir of central Brazil. Hydrobiologia 2018, 805, 147–161. [CrossRef]
15. Becker, V.; Huszar, V.L.M.; Crossetti, L.O. Responses of phytoplankton functional groups to the mixing
regime in a deep subtropical reservoir. Hydrobiologia 2009, 628, 137–151. [CrossRef]
16. Becker, V.; Caputo, L.; Ordóñez, J.; Marcé, R.; Armengol, J.; Crossetti, L.O.; Huszar, V.L.M. Driving factors of
the phytoplankton functional groups in a deep Mediterranean reservoir. Water Res. 2010, 44, 3345–3354.
[CrossRef]
137
Water 2020, 12, 1167
17. Souza, M.D.C.D.; Crossetti, L.O.; Becker, V. Effects of temperature increase and nutrient enrichment on
phytoplankton functional groups in a Brazilian semi-arid reservoir. Acta Limnol. Bras. 2018, 30, e215.
[CrossRef]
18. Cao, J.; Hou, Z.; Li, Z.; Chu, Z.; Yang, P.; Zheng, B. Succession of phytoplankton functional groups and their
driving factors in a subtropical plateau lake. Sci. Total Environ. 2018, 631, 1127–1137. [CrossRef]
19. Santana, L.M.; Crossetti, L.O.; Ferragut, C. Ecological status assessment of tropical reservoirs through the
assemblage index of phytoplankton functional groups. Braz. J. Bot. 2017, 40, 695–704. [CrossRef]
20. Cupertino, A.; Gücker, B.; Von Rückert, G.; Figueredo, C.C. Phytoplankton assemblage composition as an
environmental indicator in routine lentic monitoring: Taxonomic versus functional groups. Ecol. Indic. 2019,
101, 522–532. [CrossRef]
21. Cai, Q.; Liu, J.; King, L. A comprehensive model for assessing lake eutrophication. Chin. J. Appl. Ecol. 2002,
13, 1674–1678.
22. Trolle, D.; Spigel, B.; Hamilton, D.P.; Norton, N.; Sutherland, D.; Plew, D.; Allan, M.G. Application of a
Three-Dimensional Water Quality Model as a Decision Support Tool for the Management of Land-Use
Changes in the Catchment of an Oligotrophic Lake. Environ. Manag. 2014, 54, 479–493. [CrossRef] [PubMed]
23. Huo, S.; Ma, C.; Xi, B.; Su, J.; Zan, F.; Ji, D.; He, Z. Establishing eutrophication assessment standards for four
lake regions, China. J. Environ. Sci. China 2013, 25, 2014–2022. [CrossRef]
24. Padisák, J.; Borics, G.; Grigorszky, I.; Soróczki-Pintér, É. Use of Phytoplankton Assemblages for Monitoring
Ecological Status of Lakes within the Water Framework Directive: The Assemblage Index. Hydrobiologia
2006, 553, 1–14. [CrossRef]
25. Yang, C.; Nan, J.; Li, J. Driving Factors and Dynamics of Phytoplankton Community and Functional Groups
in an Estuary Reservoir in the Yangtze River, China. Water 2019, 11, 1184. [CrossRef]
26. Lu, X.; Song, S.; Lu, Y.; Wang, T.; Liu, Z.; Li, Q.; Zhang, M.; Suriyanarayanan, S.; Jenkins, A. Response of the
phytoplankton community to water quality in a local alpine glacial lake of Xinjiang Tianchi, China: Potential
drivers and management implications. Environ. Sci. Process. Impacts 2017, 19, 1300–1311. [CrossRef]
27. Zhang, J.; Ni, W.; Luo, Y.; Jan Stevenson, R.; Qi, J. Response of freshwater algae to water quality in Qinshan
Lake within Taihu Watershed, China. Phys. Chem. Earth Parts A/B/C 2011, 36, 360–365. [CrossRef]
28. Yao, L.; Zhao, X.; Ma, Q.; Liang, R.; Xia, B.; Zhuo, Q. Nitrogen and Phosphorous Adsorption Characteristics
of Suspended Solids Input into a Drinking Water Reservoir via Typhoon Heavy Rainfall. Environ. Sci. 2018,
39, 3622–3630.
29. Yao, L.; Zhao, X.; Ma, Q.; Liang, R.; Xia, B.; Gou, T. Simulation of the impact of typhoon-induced suspended
solids precipitation on water quality in a reservoir for drinking water. Ecol. Environ. Sci. 2018, 27, 1900–1907.
30. Xu, Y.; Gu, J.; Yang, Y.; Xiao, L. Seasonal dynamics of phytoplankton morphological characters and driving
factors in tropical reservoirs: A case study from Gaozhou Reservoir. J. Lake Sci. 2019, 31, 825–836.
31. Li, S.; Han, Z.; Xu, Z.; Zhao, X.; Yao, L.; Wei, D.; Zhang, J.; Hu, F. Study on the Structure of Phytoplankton
Community and Its Relationships with Environmental Factors in Gaozhou reservoir. J. Hydroecology 2013, 34,
16–24.
32. Yao, L.; Zhao, X.; Zhou, G.; Wanyan, H.; Cai, L.; Hu, G.; Xu, Z. Preliminary regulating factors of spring
cyanobacterial bloom in Gaozhou Reservoir, Guangdong Province. J. Lake Sci. 2011, 23, 534–540.
33. Ma, T.; Huang, Y. Characteristics change of nitrogen and phosphorus nutrients and water strategies in
Gaozhou Reservoir. Ecol. Sci. 2015, 34, 31–37.
34. Xiao, L.; Hu, R.; Peng, L.; Lei, L.; Feng, Y.; Han, B. Dissimilarity of phytoplankton assemblages in two
connected tropical reservoirs: Effects of water transportation and environmental filtering. Hydrobiologia 2016,
764, 127–138. [CrossRef]
35. The State Environmental Protection Administration. Water and Wastewater Monitoring and Analysis Method,
4th ed.; China Environmental Science Press: Beijing, China, 2002.
36. Rice, E.W.; Baird, R.B.; Eaton, A.D.; Clesceri, L.S. Standard Methods for the Examination of Water and Wastewater;
American Public Health Association: Washington, DC, USA, 2012; Volume 10.
37. Zeng, Q.; Qin, L.; Bao, L.; Li, Y.; Li, X. Critical nutrient thresholds needed to control eutrophication and
synergistic interactions between phosphorus and different nitrogen sources. Environ. Sci. Pollut. Res. 2016,
23, 21008–21019. [CrossRef]
38. Lund, J.W.G.; Kipling, C.; Cren, E.D.L. The inverted microscope method of estimating algal numbers and the
statistical basis of estimations by counting. Hydrobiol 1958, 11, 143–170. [CrossRef]
138
Water 2020, 12, 1167
39. Hillebrand, H.; Du Rselen, C.; Kirschtel, D.; Zohary, U.P.A.T. Biovolume calculation for pelagic and benthic
microalgae. J. Phycol. 1999, 35, 403–424. [CrossRef]
40. Wetzel, R.G.; Likens, G.E. Limnological Analyses, 3rd ed.; Springer: Berlin/Heidelberg, Germany, 2000.
41. Nixdorf, B.; Rektins, A.; Mischke, U. Standards and Thresholds of the EU Water Framework Directive
(WFD)—Phytoplankton and Lakes. In Standards and Thresholds for Impact Assessment; Springer:
Berlin/Heidelberg, Germany, 2008; pp. 301–314.
42. Tu, Q.; Jin, X. The Standard Methods in Lake Eutrophication Investigation, 2nd ed.; China Environmental Science
Press: Beijing, China, 1990.
43. Zheng, B.; Xu, Q.; Zhu, Y. Primary study on enacting the lake nutrient control standard. Environ.Sci. 2009, 30,
2497–2501. [CrossRef]
44. Lenard, T.; Ejankowski, W.; Poniewozik, M. Responses of Phytoplankton Communities in Selected Eutrophic
Lakes to Variable Weather Conditions. Water 2019, 11, 1207. [CrossRef]
45. Dai, J.; Wu, S.; Wu, X.; Xue, W.; Yang, Q.; Zhu, S.; Wang, F.; Chen, D. Effects of Water Diversion from
Yangtze River to Lake Taihu on the Phytoplankton Habitat of the Wangyu River Channel. Water 2018, 10,
759. [CrossRef]
46. Hardikar, R.; Haridevi, C.K.; Chowdhury, M.; Shinde, N.; Ram, A.; Rokade, M.A.; Rakesh, P.S. Seasonal
distribution of phytoplankton and its association with physico-chemical parameters in coastal waters of
Malvan, west coast of India. Environ. Monit. Assess. 2017, 189, 151. [CrossRef] [PubMed]
47. Huang, G.; Wang, X.; Chen, Y.; Xu, L.; Xu, D. Seasonal succession of phytoplankton functional groups in a
reservoir in central China. Fundam. Appl. Limnol. /Arch. Für Hydrobiol. 2018, 192, 1–14. [CrossRef]
48. Yu, H.; Wu, J.; Ma, C.; Qin, X. Seasonal dynamics of phytoplankton functional groups and its relationship
with the environment in river: A case study in northeast China. J. Freshw. Ecol. 2012, 27, 429–441. [CrossRef]
49. Lv, J.; Wu, H.; Chen, M. Effects of nitrogen and phosphorus on phytoplankton composition and biomass in
15 subtropical, urban shallow lakes in Wuhan, China. Limnologica 2011, 41, 48–56. [CrossRef]
50. Tian, C.; Hao, D.; Pei, H.; Doblin, M.A.; Ren, Y.; Wei, J.; Feng, Y. Phytoplankton Functional Groups Variation
and Influencing Factors in a Shallow Temperate Lake. Water Environ. Res. 2018, 90, 510–519. [CrossRef]
[PubMed]
51. Xiao, L.; Wang, T.; Hu, R.; Han, B.; Wang, S.; Qian, X.; Padisák, J. Succession of phytoplankton functional
groups regulated by monsoonal hydrology in a large canyon-shaped reservoir. Water Res. 2011, 45, 5099–5109.
[CrossRef]
52. Yang, J.; Wang, F.; Lv, J.; Liu, Q.; Nan, F.; Liu, X.; Xu, L.; Xie, S.; Feng, J. Interactive effects of temperature and
nutrients on the phytoplankton community in an urban river in China. Environ. Monit. Assess. 2019, 191,
688. [CrossRef]
53. Jiang, Z.; Du, P.; Liao, Y.; Liu, Q.; Chen, Q.; Shou, L.; Zeng, J.; Chen, J. Oyster farming control on phytoplankton
bloom promoted by thermal discharge from a power plant in a eutrophic, semi-enclosed bay. Water Res.
2019, 159, 1–9. [CrossRef]
54. Shang, L.; Feng, M.; Liu, F.; Xu, X.; Ke, F.; Chen, X.; Li, W. The establishment of preliminary safety threshold
values for cyanobacteria based on periodic variations in different microcystin congeners in Lake Chaohu,
China. Environ. Sci. Proc. Imp. 2015, 17, 728–739. [CrossRef]
55. Guo, W.; Liu, Q.; Peng, X.; Liu, C. Principle of Vernalization in Microcystis aeruginosa in Dianchi Lake and
Improvement of Gene Model on Controlling the Vernalization. Ecol. Environ. Sci. 2016, 25, 2028–2034.
© 2020 by the authors. Licensee MDPI, Basel, Switzerland. This article is an open access
article distributed under the terms and conditions of the Creative Commons Attribution





Ecological Connectivity in Two Ancient Lakes: Impact
Upon Planktonic Cyanobacteria and Water Quality
Matina Katsiapi 1,2,*, Savvas Genitsaris 3, Natassa Stefanidou 1, Anastasia Tsavdaridou 4,
Irakleia Giannopoulou 5, Georgia Stamou 5, Evangelia Michaloudi 5, Antonios D. Mazaris 4 and
Maria Moustaka-Gouni 1,*
1 Department of Botany, School of Biology, Aristotle University of Thessaloniki, 54124 Thessaloniki, Greece;
natasa.stefanidou@gmail.com
2 EYATH SA, Water Supply Division/Drinking Water Treatment Facility, 57008 Nea Ionia, Greece
3 School of Science and Technology, International Hellenic University, 57001 Thermi, Greece;
s.genitsaris@ihu.edu.gr
4 Department of Ecology, School of Biology, Aristotle University of Thessaloniki, 54124 Thessaloniki, Greece;
atsavda@bio.auth.gr (A.T.); amazaris@bio.auth.gr (A.D.M.)
5 Department of Zoology, School of Biology, Aristotle University of Thessaloniki, 54124 Thessaloniki, Greece;
giannopoulou.ira@gmail.com (I.G.); gstamouc@bio.auth.gr (G.S.); tholi@bio.auth.gr (E.M.)
* Correspondence: matinakatsiapi@gmail.com (M.K.); mmustaka@bio.auth.gr (M.M.-G.)
Received: 29 November 2019; Accepted: 16 December 2019; Published: 19 December 2019
Abstract: The ancient lakes Mikri Prespa and Megali Prespa are located in SE Europe at the
transnational triangle and are globally recognized for their ecological significance. They host hundreds
of flora and fauna species, and numerous types of habitat of conservational interest. They also provide
a variety of ecosystem services. Over the last few decades, the two lakes have been interconnected
through a surface water channel. In an attempt to explore whether such a management practice
might alter the ecological properties of the two lakes, we investigated a series of community metrics
for phytoplankton by emphasizing cyanobacteria. Our results demonstrate that the cyanobacterial
metacommunity structure was affected by directional hydrological connectivity and high dispersal
rates, and to a lesser extent, by cyanobacterial species sorting. Cyanobacterial alpha diversity was
twofold in the shallow upstream Lake Mikri Prespa (Simpson index average value: 0.70) in comparison
to downstream Lake Megali Prespa (Simpson index average value: 0.37). The cyanobacterial
assemblage of the latter was only a strict subset of that in Mikri Prespa. Similarly, beta diversity
components clearly showed a homogenization of cyanobacteria, supporting the hypothesis that water
flow enhances fluvial translocation of potentially toxic and bloom-forming cyanobacteria. Degrading
of the water quality in the Lake Megali Prespa in anticipation of improving that of the Lake Mikri
Prespa is an issue of great concern for the Prespa lakes’ protection and conservation.
Keywords: man-made surface water channel; transboundary; nestedness; Balkan; Dolichospermum
lemmermannii; Microcystis aeruginosa
1. Introduction
One can view lakes as islands in a terrestrial world. In lakes connected to each other by direct water
flow, the physical transport through water is unidirectional, resulting in a dominance of colonization
from the upstream lake [1]. This way, the drift of phytoplankton, and particularly of cyanobacteria
(both the resting stages and the individuals of active populations), are very effective means of dispersal
and are not accidental episodes [2]. For cyanobacteria, high dispersal levels and global warming
are emergent drivers of their community assembly in lakes [3]. In a lake that is already populated
by a given phytoplankton species, competition and predation by zooplankton makes it difficult for
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a new invader to establish. However, this “priority effect” sensu De Meester et al. [4] does not hold
in cases where local communities are not saturated [5]. Recent invasions and proliferation of toxic
cyanobacteria in diverse aquatic habitats, a well-known worldwide phenomenon [6], shows that new
invaders can establish in a populated lake. Studying the species’ dispersal patterns, recognising
species’ replacements (i.e., turnover) and recognising losses/additions of species in an ecosystem
(nestedness) [7], could serve as critical steps towards implementing management practices [8].
The increase and dominance of cyanobacteria in a water body is indicative of water quality
degradation, since cyanobacteria are implicated in food-web disturbances, oxygen depletion and
animal mortality; and they have adverse effects on human health and on ecosystem services
in general [9]. Furthermore, cyanobacterial species with allelopathic characteristics can alter
phytoplankton composition and biodiversity [10]. It is, therefore, globally acknowledged that
the management of lakes should aim at maintaining environmental heterogeneity while preventing
further eutrophication and expansion of toxic and allelopathic cyanobacteria. This management
practice could favour the maintenance of high phytoplankton beta and gamma diversity [11].
The ancient neighboring lakes Megali Prespa and Mikri Prespa, SE Europe, are connected by
a man-made surface water channel with temporal flow. Over the period of 1984–2011, the two lakes had
an almost identical range in water isotope composition, reflecting their hydrological connection [12].
The inflow from Lake Mikri Prespa is about 9% of the water inflows into the Lake Megali Prespa [13].
Thus, the community properties and water quality of both lakes could be driven by the plankton
species of the Lake Mikri Prespa [14]. Still, no study exists on the impacts of the inflows from the
Lake Mikri Prespa on the cyanobacteria and phytoplankton assemblages and the water quality of the
Lake Megali Prespa. Notwithstanding, the Lake Mikri Prespa has a history of cyanobacterial blooms
formed by potentially toxic species [15,16]. In 2014, microcystins were measured in lake water at
a concentration that posed a high risk of adverse human health effects [17].
In the present work, we examined past hydrological connectivity’s cumulative effect on the Prespa
lakes’ cyanobacteria assemblages and the lake’s water quality. Towards those ends, we studied the
two lakes’ phytoplankton communities over a year without water transfer, focusing on cyanobacteria.
We examined temporal variation in composition, biomass, alpha diversity, total beta diversity and
the species’ turnover and nestedness as the means to delineate the potential role of hydrological
connectivity upon the phytoplankton assemblages. Species network interactions within each lake were
also explored as the means to identify co-occurrence patterns and negative interactions, while the
multimetric index PhyCoIGP [18] was applied to compare water quality of the two lakes.
2. Materials and Methods
2.1. Study Site
The lakes Mikri Prespa and Megali Prespa are of two the oldest lakes on earth, both with
an estimated age of 2–5 million years [19]. These two lakes are European endangered monuments
hosting high richness of endemic and internationally important endangered species. The two lakes are
also included in the Natura 2000 network that constitutes the cornerstone of the conservation policy of
the European Union. Since 1975, Lake Mikri Prespa was also designated as a Ramsar Site. Both lakes
are situated at the northwestern part of Greece, SE Europe (Megali Prespa: 40◦45′ N, 21◦01′ E, Mikri
Prespa: 40◦46′ N, 21◦05′ E) at an altitude of ≈850 m above sea level (Figure 1). The Lake Mikri Prespa
is also a transboundary lake between Greece and Albania. The Lake Megali Prespa is located at the
southernmost tip of the Alpine biogeographical region of Europe [20], and is shared by three countries:
Greece, Albania and North Macedonia.
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Figure 1. Study area and sampling sites, the lakes Mikri and Megali Prespa, indicated with red circles.
Lake Mikri Prespa is a shallow (maximum depth: 9 m), moderately large (surface: 46.7 km2)
polymictic, eutrophic lake experiencing toxic cyanobacterial blooms [17,21]. Lake Megali Prespa is
a large (surface 256 km2), deep (maximum depth 55 m), warm momomicitc lake, less impacted by
humans [22,23]. The two lakes (Figure 1) are connected by a man-made channel which used to be
narrow and quite shallow until the 1950s, but was re-constructed in 1969. Since 2005, the Prespa Park
Management Body controls the water level by regulating the outflow discharge to the Lake Megali
Prespa in order to sustain the Lake Mikri Prespa’s good ecological status and the local economy [24].
During the twelve years of controlled discharge (2005–2016), a total of 212.6 × 106 m3 of surface lake
water of the Lake Mikri Prespa was discharged to the Lake Megali Prespa based on the water level
adjustments [25].
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2.2. Field Work—Microscopy Analysis
Phytoplankton samplings were conducted in the lakes Mikri and Megali Prespa, from September
2015 to August 2016, on a monthly basis. Water samples were collected at the deeper parts of the
lakes in the vicinity of the connection points of the lakes to the water channel (Mikri Prespa outlet,
Megali Prespa inlet; Figure 1) using a Niskin sampler. The samples were taken at discrete depths
every one meter from the surface of the lakes to the bottom of the euphotic zone (defined as 2.5×
Secchi Depth). The set of these samples in each sampling site were mixed in a plastic container,
and an integrated sample from the euphotic zone was thus obtained. Subsamples of 500 mL for
phytoplankton analysis were preserved immediately after sampling with Lugol’s solution and were
kept in the dark till microscopy analysis. Also, fresh (non-preserved) sub-samples were kept in the
dark in a portable refrigerator. The fresh samples were transported immediately at the laboratory
and checked (within 4–6 h from sampling) for the microscopic identification of species with limited
diagnostic features.
The phytoplankton data were based on the microscopic analysis of the preserved samples. For this,
sub-samples were placed in sedimentation chambers of Hydrobios of different volumes (3, 5, 10
and 25 mL) based on phytoplankton density according to the inverted microscope method. These
were examined using an inverted microscope (Nikon Eclipse TE 2000-S, Melville, NY, USA). Species
identification was carried using appropriate taxonomic keys [26]. Phytoplankton counting was
performed using Utermöhl’s sedimentation method. At least 400 individuals were counted in each
sample. For biomass estimation, the dimensions of 30 individuals of dominant species were measured
using the relevant tools of a digital microscope camera (Nikon DS-L1, Melville, NY, USA). Mean cell or
filament volume estimates were calculated using appropriate geometric formulae [27].
2.3. Data Analysis
Alpha diversity estimators (i.e., species richness and the Simpson index) for the whole
phytoplankton community and for cyanobacteria were calculated with the PAST3 software [28].
To compute beta diversity of the whole phytoplankton community and of the cyanobacteria assemblages
in each sampling, we used the “betapart” R package, version 1.5.1 [29]. Beta diversity was portioned into
its spatial turnover and nestedness components, following Baselga’s approach [30]. This approach [7,30]
suggests that Sorensen pair-wise dissimilarity (bSOR) should be partitioned into two components:
spatial turnover in species composition, measured as Simpson pair-wise dissimilarity index (bSIM);
and variation in species composition due to nestedness (bNES) measured as the nestedness-fraction
of Sorensen pair-wise dissimilarity. The above analyses were run in the R 3.5.3 environment
(R core team 2018).
We performed network analysis for each lake to explore significant relationships (positive,
which indicate co-occurrence patterns; or negative, which provide evidence of exclusion) among
cyanobacterial and other phytoplankton species. The relationships were characterized through
Maximal Information-based Nonparametric Exploration (MINE) statistics by computing the Maximal
Information Coefficient (MIC), based on the species biomass per sample, in species pairwise comparisons
(see Supplementary Table S1 for the species included) [31]. The matrix of MIC values corresponding to
a p-value < 0.01, based on pre-computed p-values of various MIC scores at different sample sizes, was
used (MIC > 0.68 in this case) in order to visualize networks of species’ associations with Cytoscape
3.5.1 [32]. We identified the negative or positive type of relationship between each pair of species
included in the network according to Hernández-Ruiz et al. [33].
2.4. Water Quality Assessment
The phytoplankton modified PhyCoIGP index [18] was used to assess ecological water quality of
each lake. For the index calculation, we combined six metrics/sub-indices; i.e., the total phytoplankton
biomass, the cyanobacterial biomass (according to World Health Organization Guidelines), the modified
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Nygaard sub-index based on the biomass of indicator taxonomic groups, the modified Nygaard
sub-index based on species richness of indicator taxonomic groups, the quality group species Index
and the grazing potential of zooplankton. The ecological water quality assessment was based on the
data of the sampling period June–September. This period is used for the lake ecological water quality
assessments based on phytoplankton in the Greece/Mediterranean region [18].
3. Results
In total, 119 species were identified in the phytoplankton communities of the Prespa lakes;
111 species were found in Lake Mikri Prespa and 75 phytoplankton species were identified in Lake
Megali Prespa. Sixty-seven (67) phytoplankton species were found in both lakes (Supplementary
Figure S1). Chlorophytes were the richest phytoplankton taxonomic group (47 species). A total of
30 species of Cyanobacteria were detected in both lakes (20 species in Lake Megali Prespa and 30 in
Lake Mikri Prespa) (Supplementary Table S1). The cyanobacterial assemblage in Lake Megali Prespa
was a strict subset of the cyanobacterial assemblage of Lake Mikri Prespa. All nostocalean species
(Dolichospermum cf. flos-aquae, D. lemmermannii, D. viguieri, Aphanizomenon gracile) were found in both
lakes. Most of the cyanobacteria that were not observed in the Lake Megali Prespa (eight out of 10) were
chroococcalean; two of them were Microcystis species (M. flos-aquae and M. wesenbergii). The maximum
cyanobacteria richness was detected in September and the minimum in February (Table 1).
Table 1. Total phytoplankton biomass (TB), cyanobacterial assemblage biomass (CB), species richness
of phytoplankton community (SR-ph), species richness of cyanobacterial assemblage (SR-cy), Simpson
index of phytoplankton community (SI-ph), Simpson index of cyanobacterial assemblage (SI-cy) and
the modified phytoplankton water quality index (PhyCoIGP) in the lakes Mikri and Megali Prespa
during the period from September 2015 to August 2016. Values for Lake Megali Prespa are in bold.
Date TB (mg L−1) CB (mg L−1) SR-ph SR-cy SI-ph SI-cy PhyCoIGP
September 2015 3.07 1.18 2.47 0.29 64 36 26 12 0.80 0.69 0.70 0.73 2.7 3.1
October 2015 2.37 1.72 1.93 0.07 57 28 19 9 0.84 0.65 0.77 0.55 2.7 2.7
November 2015 1.18 1.46 0.86 0.03 56 28 20 9 0.81 0.54 0.67 0.26 3.0 3.1
December 2015 0.92 0.89 0.67 0.003 43 19 15 2 0.78 0.18 - - 3.3 3.6
January 2016 0.23 0.10 0.08 0.001 36 17 11 3 0.90 0.69 - - 3.5 4.2
February 2016 0.72 0.12 0.17 0.001 33 19 9 2 0.57 0.45 - - 3.5 3.8
March 2016 0.70 0.58 0.11 0.002 51 18 17 3 0.78 0.20 - - 3.6 4.3
April 2016 1.54 0.41 0.38 0.05 46 18 17 4 0.63 0.75 0.72 0.19 3.3 3.9
June 2016 0.87 4.10 0.54 2.63 66 27 22 5 0.86 0.53 0.71 0.004 3.7 2.6
July 2016 1.07 0.72 0.43 0.10 54 15 19 6 0.85 0.72 0.77 0.43 3.5 2.9
August 2016 1.93 0.76 0.91 0.23 54 20 19 8 0.81 0.75 0.57 0.43 3.4 3.2
During the study period, the phytoplankton biomass ranged from 0.10 to 4.1 mg L−1 in the
two lakes (Figure 2). The highest value was recorded in Megali Prespa in June 2016, whereas in Lake
Mikri Prespa the maximum biomass reached 3.07 mg L−1 in September 2015. The cyanobacterial
biomass reached 2.47 mg L−1 in Lake Mikri Prespa and 2.63 mg L−1 in Lake Megali Prespa. The highest
annual contribution of cyanobacteria to phytoplankton biomass was observed in Lake Mikri Prespa
(58.6%). We found that the cyanobacterium Dolichospermum lemmermannii was forming water blooms in
both lakes, but in different periods, and contributed up to 23.1% of the annual cyanobacterial biomass
in Lake Megali Prespa (Figure 2). The cyanobacterium Microcystis aeruginosa, was rarely detected in
Lake Megali Prespa, but dominated the cyanobacterial biomass in Lake Mikri Prespa (34.6% annual
contribution, which was followed by D. lemmermannii (14.0%) and Microcystis panniformis (5.4%),
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another rarely recorded species in Lake Megali Prespa where the second species in terms of biomass
was Aphanizomenon gracile (2.4% annual contribution).
Figure 2. Total phytoplankton biomass, cyanobacterial assemblage biomass and Dolichospermum
lemmermannii and Microcystis aeruginosa biomasses in the lakes Mikri and Megali Prespa during the
period from September 2015 to August 2016. M. aeruginosa biomass was counted only in the samples of
Lake Mikri Prespa.
Phytoplankton alpha diversity (Simpson index) varied between 0.18 and 0.90 in both lakes, and
the cyanobacterial assemblage alpha diversity during their growth period (September–November 2015
and April–August 2016) varied between 0.004 and 0.73 in Lake Megali Prespa (average 0.37) and 0.57
and 0.77 (average 0.7) in Lake Mikri Prespa. Phytoplankton beta diversity (bSOR) ranged from 0.43 to
0.63 (Figure 3) and cyanobacterial beta diversity ranged from 0.38 to 0.7. Phytoplankton community
compositional variation was attributed equally to the species turnover (50.1%) and nestedness (49.9%)
while cyanobacterial variation during their growth period was mostly attributed to nestedness (77.4%)
rather than species turnover (22.6%). For total phytoplankton, both components had substantial
monthly fluctuations, while for cyanobacteria, nestedness was always higher (Figure 3).
Figure 3. Phytoplankton and cyanobacterial assemblage beta diversity (bSOR), and their turnover and
(bSIM) and nestedness (bNES) components values in the lakes Mikri and Megali Prespa.
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The strong connections between cyanobacterial/phytoplankton species according to MIC
correlation coefficients (MIC values corresponding to p-values < 0.01) are visualized in networks
(Figure 4). Several negative and positive connections between cyanobacteria and other phytoplankton
taxa were observed. The observed links were attributed to Cyanobacteria and Chlorophyta. In particular,
the dominant cyanobacteria in Lake Mikri Prespa, M. aeruginosa and D. lemmermannii were negatively
connected. In Lake Megali Prespa, D. lemmermannii had negative connections both with the other
nostocalean species Dolichospermum viguieri and Aphanizomenon gracile and the oscillatorealean
Planktolyngbya limnetica.
Figure 4. Network diagrams of the phytoplankton species (nodes) showing correlations (edges) with
highly significant connections (p-values < 0.01) based on the maximal information coefficient (MIC)
scores in the lakes Mikri and Megali Prespa. A positive relationship between each pair of phytoplankton
species is depicted with grey edges while negative with red edges. Different node colors represent
different taxonomic groups according to the color key.
The values of the water quality index PhyCoIGP ranged from 2.6 to 4.3 in Lake Megali Prespa and
from 2.7 to 3.7 in Lake Mikri Prespa (Table 1). Ecological water quality assessment indicated a similar
level for both lakes; i.e., around the good–moderate boundary. In particular, Lake Megali Prespa was
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classified in moderate water quality (average index value 2.9) and Lake Mikri Prespa was classified in
the good class (average index value 3.3).
4. Discussion
Our focus on cyanobacterial species spatial distribution and community properties in
two hydrologically connected ancient European lakes was motivated by the scarce information
on hydrological connectivity as an emergent driver for cyanobacterial species homogenization in global
expansion studies of toxic and non-toxic species [3,34]. The species pool of phytoplankton communities
was found different in the two lakes with the average value of Simpson index almost double in the
shallow, eutrophic Lake Mikri Prespa [21]. This result was rather expected because of the different
typology (i.e., depth, surface area, stratification type) of the two lakes as well as their different trophic
states, all significant determinants of phytoplankton alpha diversity [22,35]. However, we detected
a high similarity in cyanobacterial diversity between these two different lakes: the cyanobacterial
species of Lake Megali Prespa were a strict subset of the species pool inhabiting the shallow Lake Mikri
Prespa. The increased similarity in cyanobacterial composition could be explained, to some extent,
by the high occurrence of nostocalean species, bearing akinetes, cyanobacteria. These dormant cells
survive long and extreme dispersion routes, assuring perennial germination and proliferation of toxic
and non-toxic blooms [36].
The spread of nostocalean species from Lake Mikri Prespa to Lake Megali Prespa can be supported
by the fluvial immense seeds of their cells (dormant and vegetative). Planktic nostocalean cyanobacteria
have the ability to produce most types of cyanotoxins [37] and are frequently referred to as successful
invaders [6]. Dolichospermum lemmermannii, the dominant nostocalean species in both lakes in
terms of biomass, is known for its ability to produce various toxins (e.g., microcystins, anatoxins,
saxitoxin) [38]. Also, D. lemmermannii has widened its geographic distribution across temperate lakes.
Moreover, its ability to fix nitrogen underlies its competitive advantages in a lake with low inorganic
nitrogen [39]. It has been reported to flourish in Lake Mikri Prespa since 1990 [15]. In this lake, in 2014,
when D. lemmermannii and Microcystis aeruginosa formed a bloom, microcystins were measured at
a concentration that posed a high risk of adverse human health effects [17]. Successful dispersal of
nostocaleans could be favoured by their large population sizes reaching bloom densities [40].
However, all cyanobacteria species were not nostocalean nor identical in both lakes. The differences
in cyanobacterial composition could be explained to some extent by the lakes’ environmental filtering
and species traits. For example, the other bloom-forming toxic cyanobacterium in Lake Mikri Prespa,
M. aeruginosa, was found in low numbers in Lake Megali Prespa, whereas other Microcystis species
(M. flos-aquae and M. wesenbergii) were not detected. M. aeruginosa is differentiated from the co-existing
nostocalean species by its preference for higher phosphorus concentrations and for higher mixing
depth/euphotic depth and nitrogen/light conditions ratios in the neighboring Lake Kastoria [41].
It seems that the lower trophic state and different lake typology characteristics are the environmental
barriers for the Microcystis population increase in Lake Megali Prespa. The negative connection
between M. aeruginosa and D. lemmermannii, shown in the network of Lake Mikri Prespa, may
suggest that these species have temporally separated niches, indicating different species traits and
preferences [1]. Lake environmental filtering and cyanobacterial species traits (dispersal abilities
and competitive advantages), as described above, may play an important role in determining the
Prespa lakes’ metacommunity structure [42]. Geographic expansion of chroococcalean cyanobacteria
has been frequently reported, as intensive blooms of toxic Microcystis have been attributed to global
warming and regional eutrophication [6]. In addition, the influence of hydrological connectivity on
toxic Microcystis spreading between two drowned river mouth lakes resulted in Microcystis dominance
in both lakes [43]. Nevertheless, local conditions in each lake were important in determining which
cyanobacterial species could maintain a viable population. The other chroococcalean species did not
co-occur in the Prespa lakes. This might indicate different environmental preferences and habitat
checkboards [44].
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Phytoplankton, and particularly, cyanobacteria, are subjected to directional dispersal (water
flow), a regional factor leading different habitat communities to be highly connected [45]. Thus,
habitat connectivity and dispersal interact to structure metacommunity. The cyanobacterial dispersal
because of the directional water flow could potentially override habitat control leading to species
occupying unfavourable habitats [46]. Our analyses demonstrated a moderate to low dissimilarity
in phytoplankton and cyanobacteria in the Prespa lakes. This is in contrast with results from other
lakes and reservoirs of the world with strong environmental heterogeneity [11,47]. High beta diversity
in these freshwaters was mainly explained by species turnover. In the Prespa lakes, beta diversity
was explained equally by the species turnover and nestedness, while cyanobacterial assemblage beta
diversity was mainly attributed to nestedness. In an analysis of freshwater plankton, bacteria were
found to have a higher degree of nestedness than phytoplankton did, whereas the degree of nestedness
was related mainly to habitat quality [44]. A meta-analysis of nestedness and turnover components of
beta diversity across organisms and ecosystems by Soininen et al. [48] showed that passively dispersed
organisms (e.g., phytoplankton) had lower turnover and total beta diversity than flying organisms but
still much higher values than in the Prespa lakes.
In the Prespa lakes, different typologies and trophic states would initially lead to an assumption
of low cyanobacterial nestedness. However, long-term hydrological connectivity of the two lakes
appears to override habitat control through source-sink dynamics, leading to cyanobacterial species
also occupying unfavourable habitats [46]. Furthermore, the higher cyanobacteria nestedness in
relation to other phytoplankton taxa found in our study might also show the cyanobacteria’s
ability to adapt to unfavourable conditions. Kraus et al. [49] studying hydrological variations
and ecological phytoplankton patterns in Amazonian floodplain lakes, explained the absence
of phytoplankton dissimilarities to the ability of cyanobacteria to adapt to contrasted ecological
conditions. No dispersal limitation and high levels of stochastic cyanobacterial establishment with
a weak influence of phosphorus has been found in peri-Alpine lakes [3]. Cyanobacterial biodiversity
patterns over one century of eutrophication and climate change showed clear signs of beta diversity
loss with homogenization across sites in recent decades. This suggests that potentially toxic and
bloom-forming cyanobacteria can widen their geographic distribution in the European temperate
region [3]. Monchamp et al. [3] also found that Dolichospermum species were able to colonize a wide
range of lakes. Dolichospermum species’ distribution in the Prespa lakes agrees with these findings.
The expansion of the bloom-forming, potentially toxic D. lemmermannii in several deep southern
subalpine lakes has also been recently reported [40]. The species is considered as one of the most
problematic algae in the subalpine Lake District, raising serious concerns because of the impacts on
the tourist economy and the potential toxigenic effects. There is also an interesting expansion of this
species between the 40th parallel and the Arctic Circle, which is in contrast to the prevailing south to
north dispersion paths typical of other Nostocales [40]. In this case, our study provides important
information about D. lemmermannii’s southernmost distribution in a deep and large lake (i.e., Lake
Megali Prespa).
Based on the results of the application of the PhyCoIGP index for Mediterranean lakes, the water
quality of Lake Megali Prespa cannot be considered good. The water quality of Lake Mikri
Prespa showed considerable improvement characterized by much lower total phytoplankton and
cyanobacterial biomas than during the period of 1990–2010 [15,22]. Moreover, based on phytoplankton
biomass data of the period 2012–2014 and using the Alpine classification system for lake types L-AL3
and L-AL4, Lake Megali Prespa was also classified at lower than good ecological class [22]. The use of
Alpine classification system was based on the location of Lake Megali Prespa at the southernmost tip
of the Alpine biogeographical region of Europe [20].
We conclude that the Prespa lakes’ cyanobacterial metacommunity structure was mainly affected
by directional hydrological connectivity and high dispersal rates (Mikri Prespa source—Megali
Prespa sink), a mass effect paradigm. Furthermore, it was affected to a less extent by species
sorting (mostly for chroococcalean species) reflected by low beta diversity and high nestedness.
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The hydrological connectivity is an emergent driver for cyanobacterial species homogenization, water
quality homogenization and potentially toxic bloom expansion. The degrading of the water quality in
Lake Megali Prespa in anticipation of improving that of Lake Mikri Prespa is an issue of great concern
for lakes management. Our study supports the fact that the management of the Prespa lakes should
aim at maintaining environmental heterogeneity while preventing the species of Lake Mikri Prespa,
which include potentially toxic cyanobacteria, flooding into Lake Megali Prespa.
Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/12/1/18/s1.
Figure S1: Venn diagram showing the number of unique and common phytoplankton and cyanobacterial species
between the lakes Mikri and Megali Prespa. Table S1: Phytoplankton species list that was recorded from the lakes
Mikri and Megali Prespa during the period September 2015 to August 2016. X indicates presence; $ indicates
participation in the networks.
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Abstract: Cyanobacteria blooms are a worldwide concern for water bodies and may be promoted by
eutrophication and climate change. The prediction of cyanobacterial blooms and identification of the
main triggering factors are of paramount importance for water management. In this study, we analyzed
a comprehensive dataset including ten-years measurements collected at Lake Varese, an eutrophic
lake in Northern Italy. Microscopic analysis of the water samples was performed to characterize the
community distribution and dynamics along the years. We observed that cyanobacteria represented
a significant fraction of the phytoplankton community, up to 60% as biovolume, and a shift in the
phytoplankton community distribution towards cyanobacteria dominance onwards 2010 was detected.
The relationships between cyanobacteria biovolume, nutrients, and environmental parameters were
investigated through simple and multiple linear regressions. We found that 14-days average air
temperature together with total phosphorus may only partly explain the cyanobacteria biovolume
variance at Lake Varese. However, weather forecasts can be used to predict an algal outbreak two
weeks in advance and, eventually, to adopt management actions. The prediction of cyanobacteria
algal blooms remains challenging and more frequent samplings, combined with the microscopy
analysis and the metagenomics technique, would allow a more conclusive analysis.
Keywords: freshwater; cyanobacteria; bloom; air temperature; nutrients; model
1. Introduction
Cyanobacteria are photosynthetic bacteria that occur naturally in fresh, brackish, marine waters,
and terrestrial environments [1]. Cyanobacteria are a worldwide problem [2] for their ability to form
massive blooms that can produce a wide range of harmful toxins [3]. Bloom events are likely to
be promoted by eutrophication and climate change, and the number and intensity of these blooms
increased globally over the last decades [4]. Cyanobacteria can cause a whole range of problems for
human health and the environment. Fish killed by anoxia caused by the decay of the cyanobacteria
biomass is a notorious effect of cyanobacteria blooms [5]. Moreover, in some conditions, cyanobacteria
can produce cyanotoxins (that includes hepatotoxins, neurotoxins, cytotoxins, and dermotoxins)
negatively impacting the survival of aquatic organisms [6]. In addition to wild animals, intoxication
can also occur for domestic animals and humans, either by direct ingestion of cyanobacteria cells
and/or through consumption of drinking water containing cyanotoxins [7], leading to public health
concerns [3]. Cyanobacteria blooms also generate bad-smelling mucilaginous scum that both impact
the recreational use of water bodies and prevent their use for drinking water. Considering the negative
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impacts of cyanobacterial blooms on ecological, economical, and human health, their monitoring
and forecast is of paramount importance for lake management [8]. Several monitoring approaches
and predictive models were developed to provide accurate and timely information regarding the
development of cyanobacterial bloom in the waterbodies.
Different modeling techniques are known and used for algal bloom prediction, the most common
being multiple linear regression (MLR) and artificial neural networks (ANNs). MLR is the simplest
technique used to develop linear models and used, for example, to predict cyanobacteria [9,10] or
chlorophyll-a [11–13] abundance, while ANNs are complex machine learning techniques, which mimic
the neural adaptation behavior in order to “learn” how to solve a problem.
Eutrophication has been cited as a major cause of increasing harmful cyanobacterial/algal blooms,
in particular in the Mediterranean area [14], and factors including light, temperature, quiescent water
and nutrients, mainly total nitrogen (TN) and total phosphorus (TP), are considered among the
main drivers of cyanobacterial blooms [15,16]. Albeit, it is well known that important predictors
for cyanobacteria dominance and biomass are TP and TN [17,18], there are increasing evidences
that water temperature (WT) is an important factor [9,19–24]. Warming waters intensify the vertical
stratification and lengthen the period of seasonal stratification, which is one of the main physical
variables determining the occurrence of algal bloom outbreaks [25]. The most evident effect of
stratification is the changing availability of nutrients, which may be accumulated in surface layers or
mixed in the entire water column. The increasing global air temperature may increase the strength
and depth of stratification, with possible influences on the seasonal timing and changes in the
phytoplankton phenology and community succession. Stratification leads cyanobacteria to outcompete
other phytoplankton groups, both because of their buoyancy regulation ability [26,27] and because
cyanobacteria are positively affected by the increase of water temperature [22]. In addition, it has been
shown that the meteorological variables as air temperature, wind speed, and relative humidity, could
be drivers of hypolimnetic anoxia, which is an indirect consequence of thermal stratification [28].
Previous studies found conflicting results on the response of cyanobacteria to climate and
nutrients [23,29]. Here, we aim to identify the most important and efficient predictor for cyanobacteria
blooms in Lake Varese, an eutrophic lake in northern Italy and one of the first and most glaring
examples of eutrophication in Europe [30]. Initially classified as hypertrophic lake, following remedial
actions aimed at reduction of the P loading, the lake is now in eutrophic status with bloom events
occurring every year during the summer and early autumn. Lake Varese is “naturally productive” due
to its morphometric characteristics and the geology of its drainage basin [31]. However, the further
increase of human activities in the area accelerated the degradation of its water quality. The analysis
of carotenoid stratigraphy of the sediments showed also that some phytoplanktonic groups are
particularly well adapted in environments with high organic content.
The first signals of summer anoxia in the Lake were documented in 1957 and the fishery activities
ended in 1975 [32]. Albeit, many studies testified the deterioration of the water quality, phytoplankton
studies in Lake Varese were carried out only occasionally [33]. The first detailed analysis dates back
to 1979 [34] and ten years later a further comprehensive study [35] showed that the eutrophication
process was not showing any sign of reversion, and that the P release from sediments is a major factor
constraining the recovery of lake ecosystems [36].
In this study, we firstly analyzed the cyanobacteria community with a detailed ten-year picture of
the dynamic composition. We further explored the possible role of chemical and physical parameters
triggering cyanobacteria blooms, introducing a novel approach to find possible relationships between
meteorological data, lake stratification, and cyanobacteria abundance. We developed a simple approach
that can be applied to other lakes using relatively few data and weather forecast data to put in place an
early warning system for cyanobacteria blooms.
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2. Materials and Methods
2.1. Sites Description
The selected study area is Lake Varese (45◦ 49’ N 8◦ 44’ E), which is located in northern Italy
at the feet of the Alps mountain range at a mean altitude of 236 m above sea level (Figure 1). Lake
Varese is a monomictic and eutrophic shallow lake, with a mean depth of 11 m, a maximum depth
of 26 m, a surface area of 14.8 km2, a volume of 153 × 106 m3, and a theoretical renewal time of
1.7–1.9 years [37,38]. Its catchment, with a surface area of 115.5 km2, hosts an average population density
of 700 inhabitant/km2 and is associated with many industrial and commercial activities. The lake
has two tributaries: The Brabbia channel and the Tinella stream, with annual average discharges of
23 × 106 and 10 × 106 m3 yr−1, respectively, and one effluent, the Bardello stream, with annual average
discharge of 80.4 × 106 m3 yr−1 [30]. Information related to watershed characteristics of Lake Varese
can be retrieved at the following link: https://www.regione.lombardia.it/wps/portal/istituzionale/HP/
aqst-lago-di-varese/documenti-e-atti-istitutivi.
 
Figure 1. Location of Lake Varese (red). The positions of the available meteorological stations in the
region are indicated by the light blue dots (Regional Environmental Protection Agency Lombardia,
ARPA), and the dark blue dot (the Joint Research Center). The red polygon in the lower right corner
map indicates the location of the model grid-cell from the ERA-Interim atmospheric reanalysis, where
Lake Varese is located.
2.2. Sampling and Analysis
Physical, chemical, and phytoplankton measurements of Lake Varese were provided by the
department of the Regional Environmental Protection Agency of Lombardia (ARPA). The samplings
were performed at least six times a year, as foreseen in the national reference methods [39], by using
the multiprobe (Ocean Seven 316 plus, IDRONAUT) to measure pH, conductivity, redox potential,
photosynthetically active radiation (PAR), oxygen, depth, and temperature. Water transparency was
determined using a Secchi disk. The euphotic region was determined as 2.5 times the Secchi disk depth
or the region where PAR was larger than 1% of the radiation determined immediately below the water
surface, and applied for the collection of integrated samples used for phytoplankton analysis.
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The complete dataset is composed of 90 sampling campaigns distributed over ten years, from 2004
to 2014, including measures of chemical and physical parameters of lake water sampled at different
depths in the euphotic zone. Measurements of nutrients and other chemical parameters were reported
at only three depths (surface, 13 m and bottom) until 2011, while from 2012 they were also reported at 4/5
of the epilimnium. This vertical resolution is rather coarse to analyze the vertical stratification of these
parameters and for this reason we only provide an overview of these data by reporting mean values and
their ranges (minimum and maximum). In general, the concentrations of nutrients (phosphorus and
nitrogen) and oxygen are related to the presence of cyanobacteria blooms (i.e., nitrogen compounds and
phosphorus are consumed/depleted from the surface while oxygen is enriched due to photosynthesis).
Table 1 summarizes the physical–chemical parameters with a sufficient number of valid measurements
used for this study. All parameters with missing values or below the limit of quantification (LOQ) for
more than 20% of the samples were excluded. For the remaining variables, values below LOQ were
arbitrarily halved, resulting in a preliminary list of nine potential variables for modeling cyanobacteria
abundance. The variables may be all related, directly or indirectly, to the abundance of cyanobacteria
and include both nutrient concentrations (such as: Total phosphorus, TP; ammonium nitrogen, AN;
and reactive silicates, RS) and physical parameters (such as: Water temperature, WT; pH; conductivity,
CD; dissolved oxygen, DO; oxygen saturation, OS; and Secchi disk depth, SD). Total nitrogen (TN) was
not calculated, therefore this parameter is not available in the dataset.
Table 1. List of water surface physical–chemical variables and total cyanobacteria biovolume/density
measured at Lake Varese during the period 2004–2014. The mean, median, and range
(minimum–maximum) values are reported for each variable. The number of samples above and
below the level of quantification (LOQ), and missing values are reported. The number of cyanobacteria
(present/absent) over the total sampling campaigns is shown.






Total phosphorous (μg/L) (TP) 42.3 28 2.5–110 80 9 1
Ammonium nitrogen (mg/L) (AN) 0.12 0.048 0.0075–0.69 75 14 1
Reactive silicates (SiO2) (mg/L) (RS) 1.16 0.92 0.05–3.9 82 6 2
pH (pH) 8.18 8.2 7.5–9.6 90 0 0
Conductivity (μS/cm 20 ◦C) (CD) 257 258 175–310 90 0 0
Dissolved oxygen (mg/L) (DO) 9.64 9.8 3.7–14.8 87 0 3
Oxygen saturation (%) (OS) 101 100 50–173 88 0 2
Water temperature (◦C) (WT) 16.3 18 3.6–30 89 0 1
Secchi disk depth (m) (SD) 4.1 3.6 1.1–9.6 90 0 0
Mean Median Range Present Absent
Cyanobacteria biovolume (mm3/m3) (CyanoBV) 1.62 × 103 3.05 × 102 0–3.94 × 104 83 7
Cyanobacteria density (cells/L) (CyanoD) 9.69 × 106 3.62 × 105 0–1.26 × 108 84 6
Phytoplakton Analysis
Collected samples were fixed with a Lugol Acid solution and stored in the dark until analysis
was performed. Phytoplankton community was evaluated according to Utermöhl’s method [40].
Shortly, a fixed sample was placed on a sedimentation tower during 24 h before microscopy analysis
(Olympus model IX71 with 200X and 400X magnification). For each sample a minimum of 200 cells
were identified to the genus or species level and enumerated to determine cell density. Biovolume was
calculated using geometric similar models for each identified cell [41].
Cyanobacteria were measured at the level of genera/species as cell densities (cells/L) and
biovolumes (mm3/m3), measured as integrated samples from the surface to 2.5 times the SD (considered
as the limit of the euphotic zone). The total cyanobacteria cell density (CyanoD) and biovolume
(CyanoBV) was calculated as the sum of all reported genera/species for each sampling date. Due to the
large range of measured total biovolumes, spanning over several order of magnitudes, we applied
the log based 10 transformation to predict the cyanobacteria biovolume (LOG CyanoBV). Variability
associated with multiple cell counters could be present, however, a Phytoplankton Proficiency Test
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organized by EQAT Phytoplankton (External Quality Assessment Trials) was successfully completed
in 2013 and 2016.
2.3. Meteorological Data
The meteorological data were obtained from the European Centre Medium-Range Weather
Forecast (ECMWF) ERA-Interim atmospheric reanalysis product [42]. The reanalysis is a global
model simulation of the atmosphere with a data assimilation system which includes a 4-dimensional
variational analysis (4D-var). A large number of atmospheric observations, ground-based and from
satellites, are included in the model variational analysis every 12 h, constraining the atmospheric
weather simulation towards real observational data. ERA-Interim data are available starting from
year 1989 and continuously updated once a month, with a delay of two months to allow for quality
assurance. A large variety of atmospheric variables are available at three hourly time intervals, and with
horizontal spatial resolution of about 80 × 80 km. Data for Lake Varese were extracted from the model
grid cell containing its latitude/longitude coordinates (red polygon on the map in the lower right corner
of Figure 1). We initially considered atmospheric variables which may have an impact on the physical,
hydrological, and biogeochemical properties of the lake according to literature studies [22,25,43–45],
such as surface air temperature, wind speed, photosynthetically active radiation (PAR), and total
precipitation. Statistics of ERA-Interim variables from 2004 to 2014 at the Lake Varese grid cell are
reported in Table 2.
Table 2. List of meteorological variables extracted from the grid cell of the ERA-Interim reanalysis
where Lake Varese is located. The mean, median, and range (minimum and maximum value) calculated
over the period 2004–2014 are reported for each variable.
Variable and Unit of Measures Mean Median Range
Surface air temperature (◦C) 9 8.97 −11.6–24.1
Photosynthetically active radiation (W/m2) 126 122 2.17–273
Wind speed (m/s) 1.96 1.76 0.46–6.37
Total precipitation (mm/day) 6.07 0.84 0–163
The ERA-Interim reanalysis provides a series of advantages, including continuous data for a long
period and representativeness of the region of interest around Lake Varese compared to scattered
measurements not always directly located at the lake, which may reflect specific local conditions
not representative of the lake conditions. Eight meteorological stations are available in a distance
range of maximum 15 km from lake Varese from ARPA (light blue dots in Figure 1), and one station
is located at the Joint Research Center, about 8 km far from Lake Varese (dark blue dot in Figure 1).
Generally, the simulated atmospheric variables are in good agreement with the observations in the
region, as shown for example in Figure A1 in Appendix A, where the ERA-Interim data are compared
to available meteorological stations for the period April 2014–October 2014. A further advantage of
using ERA-Interim is given by the continuous update of the simulations, which may be useful to
further evaluate the model in the future and to use weather forecast data to define an early warning
system for algal blooms.
Using this dataset, we calculated the stratification strength (i.e., the maximum slope of the
thermocline ◦C/m) from the vertical temperature profiles measured at Lake Varese by probes from
2004 to 2014 (see Figure A2 in Appendix A). The averages of the air temperature and wind speed were
calculated from 1 to 28 days (named from T1 to T28 for simplicity) preceding every water sampling
campaign date included in the dataset.
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2.4. Statistical Analysis
The relationships between cyanobacteria biovolume and the selected environmental parameters
(physical and chemical water properties, Table 1, and meteorological data, Table 2) were analyzed
through an exploratory stepwise regression (SLR) approach followed by a multiple linear regression
(MLR) method. In particular, the SLR models were applied for investigating the correlation with
environmental parameters. We looked for correlations with air temperature and wind speed
near the surface from the ERA-Interim reanalysis data. We also studied the standard deviation
in water temperature vertical profiles as a proxy of water stratification with similar results [46].
The Pearson correlation coefficient was calculated between the thermocline slopes and the average
surface temperatures and separately between the thermocline slopes and the average wind speeds.
After that, the MLR model was used as a forecasting approach for predicting the cyanobacteria
growth. In particular, we used physical–chemical parameters of lake surface water as predictors with
potential influence on cyanobacteria growth and we chose cyanobacteria biovolume as a measure
of cyanobacteria growth and as response variable, expressed in ten-based logarithm value (LOG
CyanoBV). MLR was selected for its simplicity and because the parameters were not enough for
properly training the ANNs method without incurring in overfitting problems.
MLR calculations and statistical analysis were performed using the software environment for
statistical computing and graphics R v.3.3.2 (R Core Team 2019). The performance of the MLR models
was assessed using the coefficient of determination (R2), adjusted coefficient of determination (R2 adj),
and root mean square error (RMSE). The best relationship was finally validated using an independent
dataset from the European Commission Joint Research Centre (JRC) (see Section 3.2.).
3. Results
3.1. Occurrence, Magnitude, and Timing of Cyanobacteria
Microscopic analysis of the samples collected from 2004 to 2014 were analyzed to characterize the
community distribution and dynamics along the years. Lake Varese is stratified for most of the year
and it happens to be vertically mixed only in the period between November and February when the
surface water temperature decreases below 10 ◦C.
Cyanobacteria were detected at Lake Varese in 84 of the 90 sampling campaign (93%), with a median
density of 362,000 cells/L and median biovolume of 305 mm3/m3, with maximum of 126 million of cells/L
and 39,000 mm3/m3, respectively (Table 1). As expected in eutrophic environments, cyanobacteria
were over represented in the lake phytoplanktonic community, accounting for more than 50% of the
total cell abundance, in average. Over those 10 years, Oscillatoriales and Chroococcales accounted for
50% of the total CyanoBV, while among Nostocales (43%), Aphanizomenon accounted for 38% (data
not shown).
The cell number and biovolume were analyzed as relative annual abundance per phylum, as shown
in Figure 2. Considering the community abundance based on biovolume, cyanobacteria abundance
may not appear so representative, although the ultraplankton could contribute significantly to the
cyanobacteria community (see Figure 2b).
The occurrence of Oscillatoriales had visibly increased since 2010 while Chroococcales showed
an inverted trend (Figure 3). The peaks of cyanobacteria abundance were mainly seen during
Summer-Spring seasons (Figure 3a, see ss2007, ss2008 and from 2011 to 2013), although a Winter-Autumn
peak was reported in 2011 (Figure 3a, see wa2011). This episode occurred during the last four years of
the considered period, where Oscillatoriales were dominant.
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(a) 
(b) 
Figure 2. Distribution of the total phytoplankton community expressed in percentage (Y-axis) of the
average of the annual campaign from 2004 to 2014. (a) On the top plot, the distribution is reported
as percentage of cell density (cells/L); (b) on the bottom the distribution is shown as percentage of
biovolume (mm3/m3). The total cell density and biovolume values for each year are reported in Table A1
in Appendix A.
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Figure 3. (a) The top graph shows a representation of total cyanobacteria community distribution as
percentage, based on biovolume (mm3/m3). Community distribution is presented as the average of the
annual campaigns data, grouped as Summer-Spring (ss) and Autumn-Winter (aw) seasons, and by
order. The red line reports the total cyanobacteria number per data set; (b) bottom graph represents the
Secchi disk depth (continuous line in orange) at each sampling campaign and the six-month cumulative
precipitations, Autumn-Winter (aw, blue circles) and Spring-Summer (ss, blue squares).
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Considering that cyanobacteria abundance is generally favored by the thermocline stability and the
increasing of the temperature, the dynamic of the cyanobacteria community was evaluated compared
to the available physical and meteorological parameters, such as air and water temperature, photic
region maximum depth or precipitation. Air and water temperature revealed a repetitive seasonal
pattern (data not shown), although the euphotic region showed an overall decrease since 2008 (Secchi
disk depths in Figure 3b). The cumulative seasonal precipitations on the other hand showed a slight
increase over time. In the present study, SD was found to be directly correlated with cyanobacteria
abundance. Water turbidity can vary according to the abundance of organisms or suspended organic
matter. Precipitation may promote bleaching of sediments from the surrounding area decreasing
the turbidity, and consequently the SD, but this phenomenon did not occur in Lake Varese, as can
be seen in Figure 3b. However, precipitation may play a role on cyanobacteria dynamics in this
lake, considering that the community shifted from Chroococcales and Nostocales to Oscillatoriales
and Synechoccoccales dominance along time, as the total precipitation increased. Nostocalles have
competitive advantages such as capacity to fix atmospheric nitrogen and to produce dormant cells,
resistant to adverse conditions [47]. However, Oscillatoriales have been reported to often dominate
shallow polymictic eutrophic lakes showing cyclic successions between Microcystis (Chroococcales)
and Planktothrix (Oscillatoriales) [48].
Other parameters which may influence the cyanobacteria growth and dominance are the nutrients’
bioavailability. The nutrients known to strongly impact the cyanobacteria dynamics and abundance are
nitrogen (in the form of ammonia, nitrite, and nitrate), phosphorus (or orthophosphate) and iron [45].
In this study, all these nutrients except for the iron, were measured and made then available for further
evaluation. Indeed, together with temperature, nitrogen, and phosphorus showed higher potential for
the predictive model development (see Section 3.2.), based on biovolume abundance.
3.2. Relationships between Cyanobacteria and Environmental Parameters
Applying a first preliminary SLR analysis between the cyanobacteria biovolume (LOG CyanoBV)
and the measured water temperature at lake surface, we found the highest Pearson correlation
coefficient (0.5), which was also expected from previous studies [9,19–24]. For the average wind
speeds, we observed negligible correlations with the thermocline slopes (data not shown), while strong
correlations were found for the average surface temperatures and the thermocline slopes, as shown on
Figure A3 in Appendix A. The highest value of the correlation coefficient was found for the average
temperature of the 14 preceding days (T14) and no evident outliers or bias were detected as shown in
Figure 4. Thus, the strong relationship between the stratification at Lake Varese and the T14 surface air
average temperature may be used as predictor of lake stratification and algal/cyanobacterial bloom
outbreaks, with the advantage of using an air average temperature from reanalysis data, without the
need of continuous water temperature profile measurements. The 14 days’ time lag between air surface
temperature and water stratification may be also very useful as a predictive variable using weather
forecasted data.
A further analysis including the new T14 variable (average air surface temperature of the last
14 days) showed the highest correlation with LOG CyanoBV. Thus, keeping T14 and alternating
the variables listed in Table 1, initially eight MLR models with two variables were tested (see in
Appendix A). Thereafter, since from the lake management standpoint is known that the nutrients (TP
and TN) and WT are good predictors of cyanobacteria biomass [22], several of the initial models were
dismissed (see Table A2 in Appendix A). For instance, the models with DO and OS were excluded
because these variables are more an effect than a triggering parameter of a cyanobacterial outbreak.
Similarly, RS was not expected as a relevant variable for cyanobacterial biomass prediction. Thus,
the final MLR analysis was performed considering the remaining four variables (TP, AN, CD, and SD)
with a dataset slightly increased up to 78 samples (Table A3 in Appendix A). The resulting MLR models
are shown in Table 3 in descending order according to their coefficient of determination. Although
Model No.1 has the highest R2, because of the relationship of CD with cyanobacteria, the outbreak
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may be more difficult to interpret from the biological and physical–chemical point of view. Model
No.2 was therefore selected among the two-variable models as the most suitable for LOG CyanoBV
prediction in the Lake of Varese among the two-variable models.
Figure 4. Relationship between the thermocline slopes and the average air temperature of current plus
the preceding 14 days. Every dot is from a probe sampling campaign (from 2003 to 2015 included).
The linear relationship is strong (R2 = 0.92) and without any relevant bias in the plot, thus supporting the
use of the average air temperature of the current and the last 14 days as a proxy of water stratification.
Table 3. Multiple linear regression (MLR) models of cyanobacteria biovolume (LOG CyanoBV) using
the 14-days mean air temperature (T14) and one of the physical–chemical variables listed in Table S1
of SI (AN: Ammonium nitrogen; CD: Conductivity; TP: Total phosphorous; SD: Secchi disk depth;
and pH). The statistical significance of each coefficient is indicated when below 0.1 (p-values: ***: 0.001;
**: 0.01; *: 0.05; ◦, 0.1). For each model the coefficient of determination (R2), the adjusted R2 (R2adj),
and the F statistic are reported. LOG means ten-based logarithm.
No. Linear Model R2 R2 adj F
1 LOG CyanoBV = 14.894 * + 0.052 T14 ** − 5.431 CD * 0.31 0.29 16.58
2 LOG CyanoBV = 0.658 + 0.096 T14 *** + 0.527 LOG TP ◦ 0.29 0.27 15.45
3 LOG CyanoBV = 0.244 + 0.065 T14 *** + 0.178 pH 0.27 0.26 13.56
4 LOG CyanoBV = 1.895 *** + 0.068 T14 *** − 0.055 SD 0.27 0.25 14.05
5 LOG CyanoBV = 1.724 *** + 0.077 T14 *** + 0.109 LOG AN 0.27 0.25 13.53
Then, the performance of the selected two-variable models for cyanobacteria biovolume (based
on T14 and TP) is detailed as a time series, from 2004 to 2014, in Figure 5 comparing the measured and
predicted LOG CyanoBV. As shown in the figure, the model generally follows the temporal variability
of cyanobacteria biovolume and is able to forecast the ordinary (seasonal) variability but undervalues
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or overestimates the extremes (the blooming or very low concentrations). The overall model capability
is evaluated by the root mean square error and the obtained RMSE = 0.83 seems to be satisfactory
given the model simplicity.
 
Figure 5. Measured and predicted cyanobacteria biovolumes at Lake Varese for all samples collected
during the period 2004–2014. Predicted values are calculated using model No.2 of Table 3. RMSE
indicates the root mean square error of predicted vs. measured values.
In order to check whether the explanatory power of the forecasting could be increased, models
with three variables were also developed by keeping T14 as the pivotal variable, and combining with
all variables from Table 1. The resulting models are shown in Table A4 of Appendix A. Almost no
improvement in the explanatory power was detected in comparison to the two-variable models (Table 3),
hence the models with three variables were not further considered. In addition, a possible improvement
of the selected model (No.2, Table 3) was also tested, by adding meteorological parameters, such as
wind speed, total precipitations, and photosynthetically active radiance (PAR). Since no improvement
was observed (see explanations in Appendix A) the forecasting model with only two predictors (No.2
in Table 3) was selected as the final choice.
Finally, to verify the model robustness, model No.2 in Table 3 was further tested using an
independent dataset (i.e., not used in model development) coming from sampling campaigns conducted
by the JRC from the end of 2007 to the end of 2009 [49]. These samples were collected at the deepest
locations of the lake and dates with no presence of cyanobacteria were excluded resulting in 67 nonzero
records. Except conductivity (CD), that was provided by multiparametric probe, the remaining
chemical–physical variables shown in Table 1 were available as surface samples. Concerning CyanoBV,
the monitoring records were available at nine different depths. To be consistent with the previous
dataset, the total CyanoBV was calculated using measurements in the euphotic zone, between the
surface and 2.5 times the Secchi disk depth (Section 2.1.). Time series graphs of the predicted and the
measured LOG CyanoBV are shown in Figure 6. In this case the RMSE value is 0.85, similar to the
value obtained with the 2004–2014 dataset (RMSE = 0.83). Again, the model tends to overestimate the
cyanobacteria biomass, but a similar effect was observed using the original dataset (see Figure 6), so the
model performances are comparable using both the original and the validation dataset. This conclusion
was confirmed also with a recent monitoring data for cyanobacteria bio-volume accomplished by the
JRC in the summer of 2017 (unpublished data) (Figure A4 in Appendix A).
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Figure 6. Validation of the model: Measured and predicted cyanobacteria biovolumes at Lake Varese
using an independent dataset (not included in the MLR analysis) of water samples collected at Lake
Varese during the period 2008–2010 by JRC. RMSE indicates the root mean square error of predicted vs.
measured values.
4. Discussion
The aim of this study was to analyze the temporal patterns in cyanobacteria dominance in
Lake Varese over a period of ten years (2004–2014) and to investigate the possibility to predict their
abundance as a function of a set of meteorological data and water physical–chemical parameters.
Overall, the picture of the phytoplankton community showed a change from 2006 with an increase
of the cyanobacterial cells that accounted for more than the 50% of the total community, except in
2010. The community shift was also observed by the biovolume distribution, however, not so strongly
dominated by the cyanobacteria particularly in 2008 and 2009 where the main contribution was
due to the Bacillariophyta and Dynophyta, respectively as confirmed also by the other studies [50].
The different distribution in 2010 could be explained by a pilot study performed in 2009 to reduce
the Phosphorus (P) loading by applying a lanthanum-modified bentonite clay to bind the P [32].
The authors showed a sharp reduction (more than 80%) of the P concentrations along the water column
during 2009–2010 which may be the consequence of the dropped concentration of the cyanobacteria.
However, the trend seems to be reverted with an increase of the cyanobacteria during the 2011–2014
years (Figure 2).
The cyanobacteria composition showed two distinct dominances; Chroococcales/Nostocales were
mainly detected in the period from 2004 to 2009, while Oscillatoriales/Synechoccoccales increased
after the 2010. In temperate regions, Oscillatoriales and most Chroococcales are associated with the
increasing of temperature and water column stability; Nostocales, without the potential to fix nitrogen
(Aphanizomenon), are associated with increasing TP concentration, while Synechoccoccales dominance
is influenced by lower temperatures and water stability [4]. We could not have a clear picture of the
dynamic distribution due to scarce periodicity of the sampling which would lead to a misinterpretation.
After 2010, we observed an increase of the precipitation which may influence the shifting, however,
Oscillatoriales have been reported to often dominate shallow polymictic eutrophic lakes showing cyclic
successions between Microcystis (Chroococcales) and Planktothrix (Oscillatoriales). To get insight to
the cyanobacterial biodiversity and spatio-temporal dynamic changes, it would need more frequent
samplings such as weekly combined with the microscopy analysis and the metagenomics technique
which allows a more deep analysis by sequencing the whole community (microbiome).
164
Water 2020, 12, 675
In the modeling studies, we did an attempt to develop an ANN using our data, but it resulted in an
overfitted model while the selected MLR with just two predictors suggests that a general relationship
has been captured as also confirmed by the validation step (see Figure 6), further supporting the
robustness of the model as an accepted predictor. In our studies, we did not use the cell density as
parameter (although available for the data set as shown in Figure 2) because the cell size can vary
considerably within and between species, and toxin concentration relates more closely to the amount of
dry matter in a sample than to the number of cells. In addition, cell identification by optical microscopy
may underestimate the real value of cyanobacteria cells, indeed, smaller species may be (classified)
reported as ultraplankton [51]. Therefore, the biovolume was selected as a more appropriate parameter.
Furthermore, the biovolume measurements require less time for the microscopic analysis than cell
identification and enumeration providing data with lower uncertainties. The parameters selected
in this work such as the water temperature, DO, nutrient availability, and the water transparency
measured as SD, play a key role in the occurrence of cyanobacterial blooms [19,20,22,23,26,27,52–54].
In addition to these factors known to be good predictors for cyanobacteria abundance, we tried to
evaluate whether the air temperature could be considered as parameter. Indeed, air temperature is one
of the main factors driving the evolution of water temperature in a lake [55] and influencing as well
the vertical temperature profile and lake stratification [56], which are both important parameters for
the occurrence of algal bloom outbreaks. In Lake Varese and generally in monomictic lakes, during
spring, when air temperature rises, water stratification normally starts to build-up, stabilizes during
summer until fall, when decreasing air temperatures break the stratification. Another factor which
may lead to changes in water turbulence is the wind stress.
Taranu et al. has shown conflicting results on the response of cyanobacteria to climate and
nutrients for dimictic (lakes that mix from top to bottom in two water mixing periods within a year)
and polymictic lakes (mix from top to bottom for more than two water mixing periods) [23]. In dimictic
lakes the stronger predictor was water-column stability, while for polymictic lakes, was nutrients
loading. Journey et al., focusing on two monomictic lakes (mix from top to bottom during one mixing
period per year), found strong correlations between cyanobacterial biovolumes and water stratification,
while an opposite relationship was found with the nutrient levels [29]. In addition, it has been shown
that the meteorological variables as air temperature, wind speed, and relative humidity, could be
drivers of hypolimnetic anoxia, which is an indirect consequence of thermal stratification [28]. Indeed,
temperature and stratification are cross-linked factors, with stratification forming and strengthening at
higher air and water temperatures. In this paper, based on this correlation, we have demonstrated
that 14-days average air temperature can be used as a proxy of the stratification strength for Lake
Varese (Figure A3 in Appendix A and Figure 4). Indeed, the strongest correlation was found at 14 days
(T14) preceding the current water temperature and the parameter T14. Despite wind speed being
generally a physical variable influencing lake stratification [57], the lack of relationship with the
thermocline slopes can be explained because the Lake Varese area usually does not experience strong
wind speed. Based on that and considering that phosphorous is one of the most important factors for
lake management [17], the model using T14 and total phosphorous (TP, model No.2 in Table 3) was
chosen in this work as the best candidate to predict the Cyanobacteria biovolume at Lake Varese. In our
analysis, the model using ammonium nitrogen (AN) as predictor (model No.5 in Table 3) was not
considered further because AN is only one form of available nitrogen in water while it is known that
all bioavailable forms of nitrogen (ammonium nitrogen, nitrate nitrogen, urea, and alanine nitrogen)
influence the cyanobacteria abundance [58].
Nevertheless, the predictive power of this model is rather low, representing only about 30%
of the total variability. The difficulty of predicting cyanobacteria blooms using physico–chemical
environmental variables is a common problem highlighted also by previous studies [17,23,59]. On the
other hand, as reported by Janssen et al., it is urgent and challenging to provide an algal bloom
prediction at global level for the lakes [21]. The 14-days average air temperature together with total
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phosphorus can be, therefore, used to predict an algal outbreak two weeks in advance and, eventually,
to adopt management actions to reduce their occurrence in monomictic and eutrophic shallow lakes.
The threshold for health alert in recreational waters is normally defined for cyanobacterial
density in many countries. A density of 100,000 cyanobacterial cells per ml (which is equivalent
to approximately 50 μg/L of chlorophyll-a if cyanobacteria dominate) is a guideline for a moderate
health alert in recreational waters [60], although the regulated threshold varies at national level.
The conversion of cyanobacteria cell density into biovolume is not simple, as measurements of the
cyanobacteria genera/species are needed [41]. Each country is free to define the alert values for the
presence of cyanobacteria either in cell abundance or in biovolume [61], only few countries defined
thresholds in terms of cyanobacterial biovolume (Figure 7). The Netherlands and New Zealand defined
a surveillance level for cyanobacetria biovolume below 2.5 mm3/L (LOG CyanoBV = 3.34 mm3/m3) and
0.5 mm3/L (LOG CyanoBV = 2.7 mm3/m3), respectively. An alert is set above these thresholds requiring
weekly monitoring and issue warning to the public. Above 15 mm3/L (LOG CyanoBV = 4.18 mm3/m3)
and 10 mm3/L (LOG CyanoBV = 4 mm3/m3) The Netherlands and New Zealand authorities set an
action level, continue the monitoring, notify the public of a potential risk to health, and if potentially
toxic taxa are present, consider testing samples for cyanotoxins. Germany defined a single threshold
for surveillance and alert level at 1 mm3/L (LOG CyanoBV = 3 mm3/m3), above which local authorities
must publish warnings, discourage bathing, and consider temporary closure.
Figure 7. Estimated cyanobacteria biovolume calculated for Lake Varese using model No.2 of Table 3.
The colored field represents LOG CyanoBV at different levels of the two predictors, T14 ranging between
5 and 30 ◦C, and TP ranging between 2.5 and 110 μg/L. The colored bars above the plot and the black
lines refers to examples of threshold levels for cyanobacteria biovolume (surveillance in green, alert in
orange, and action in red) of defined by legislation in The Netherlands, New Zealand, and Germany.
5. Conclusions
The main findings of this study can be summarized in the following points:
• In Lake Varese, a shift in the phytoplankton community distribution towards cyanobacteria
dominance onwards 2010 was observed;
• This change may be related to changes in the nutrients, as well as precipitation patterns, as
suggested by other studies, but more frequent samplings combined with the microscopy analysis
and the metagenomics technique (microbiome) would allow a more conclusive analysis;
• Air temperature can be used as a good proxy of the lake surface water temperature and of the
lake stratification;
• The 14 days mean air temperature showed the highest correlation with lake stratification strength
derived by vertical water temperature profiles. At surface, this parameter is easily computable
from weather forecast data, and together with total phosphorus continuous measured in situ,
166
Water 2020, 12, 675
can be used as an early warning tool to anticipate by two weeks the beginning of cyanobacteria
blooms in Lake Varese.
This model can help predict and mitigate the impact of climate change on water and ecosystem
resource management.
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Appendix A
Figure A1. ERA-Interim reanalysis of daily mean data at Lake Varese (black) compared to ground
observations in the area of Lake Varese for the period 2004–2014: Surface temperature; photosyntetically
active radiation (PAR); wind speed; total precipitation.
Figure A2. Thermocline maximum slopes (◦C/m) calculated for Lake Varese, from 2003 to 2015.
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Table A1. Total phytoplankton community expressed as cell density (cells/L) and biovolume (mm3/m3)
for the period 2004–2014.
Year Cell Density (Cells/L) Biovolume (mm3/m3)
2004 2.11 × 107 1.43 × 104
2005 2.54 × 107 1.22 × 105
2006 2.65 × 107 6.01 × 104
2007 1.32 × 108 2.84 × 104
2008 1.60 × 108 1.80 × 104
2009 4.54 × 107 1.27 × 104
2010 7.85 × 107 2.73 × 104
2011 2.17 × 108 3.12 × 104
2012 2.04 × 108 2.16 × 104
2013 1.31 × 108 2.31 × 104
2014 8.48 × 107 2.27 × 104
Appendix B. Validation of T14
To verify whether the 14 days’ time could be used from the weather forecast we compared the
T14 values from the ERA-Interim reanalysis with T14 calculated using forecasted temperatures from
the ECMWF Integrate Forecast System. Considering all sampling days of the LOG CyanoBV model
dataset, we found a regression line with slope of 1.00 and a coefficient of determination (R2) of 0.99,
the T14 value with forecasted temperature is on average 0.7 ◦C larger than the T14 calculated using the
reanalysis. Thus, we can assume that the 14 days average of forecasted atmospheric temperatures
could be reliable enough for an early warning of cyanobacteria algal bloom outbreak, despite the
forecast uncertainty increases with time.
Figure A3. Relationship between the thermocline slope and the average atmospheric surface
temperature of the current and the preceding 1–28 days. The maximum correlation is found for
the preceding 14 days.
Appendix C. Two-Variable MLR Models
Since T14 and WT are strongly correlated (Pearson correlation coefficient is 0.98), WT was excluded
from the performed trials. The ten-based logarithm of the CD, TP, DO, RS, and AN, was used in MLR
because Log10 transformation best approximates the normal distributions for these variables. Table 1
shows the list of models for cyanobacteria biovolume (LOG CyanoBV) computed through the MLR
method. The fraction of the total variation of measured LOG CyanoBV that can be explained by the
regression equation (coefficient of determination, R2) is ranged from 0.28 to 0.33, and a bit lower when
taking into account the sample size (73) and the number of predictors (2), R2adj ranged from 0.26 to 0.31.
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The coefficients estimated for the atmospheric temperature (T14) are always statistically significant at
the 1% or 0.1% level, while only the coefficient of CD in model No.1 was statistically significant at the
5% level. However, all the models listed in Table 1, are statistically significant according to the analysis
of variance with F value higher than 3.12, which is the critical value for a p-value of 0.05, two predictor
variables, and 73 samples.
Table A2. Two-variable multiple linear regression (MLR) models of cyanobacteria biovolume (LOG
CyanoBV) using the 14-days mean atmospheric temperature (T14) and one of the physical–chemical
variables (AN: Ammonium nitrogen; CD: Conductivity; TP: Total phosphorous; SD: Secchi disk depth;
RS: Reactive silicates; DO: Dissolved oxygen; OS: Saturation oxygen percentage; and pH). The statistical
significance of each coefficient is indicated when below 0.05 (p-values: ***: 0.001; **: 0.01; *: 0.05).
For each model the coefficient of determination (R2), the adjusted R2 (R2adj), and the F statistic are
reported. LOG means 10-based logarithm.
No. Linear Model R2 R2 adj F
1 LOG CyanoBV = 15.353 * + 0.055 T14 ** − 5.645 LOG CD * 0.33 0.31 17.16
2 LOG CyanoBV = 0.718 + 0.095 T14 *** + 0.463 LOG TP 0.31 0.29 15.41
3 LOG CyanoBV = 2.886 ** + 0.074 T14 *** − 1.324 LOG DO 0.3 0.28 14.95
4 LOG CyanoBV = 1.869 *** + 0.070 T14 *** − 0.065 SD 0.3 0.28 14.79
5 LOG CyanoBV = 1.561 *** + 0.079 T14 *** + 0.230 LOG RS 0.3 0.28 14.68
6 LOG CyanoBV = 1.759 *** + 0.079 T14 *** − 0.002 OS 0.29 0.27 14.01
7 LOG CyanoBV = −1.015 + 0.063 T14 ** + 0.329 pH 0.29 0.27 14.49
8 LOG CyanoBV = 1.616 *** + 0.077 T14 *** + 0.055 LOG AN 0.28 0.26 13.92
Table A3. List of water surface physical–chemical variables selected for the final MLR analysis. For each
physical–chemical variable, the mean, median, range, and number of measurements above/below the
level of quantification (LOQ) are reported.
Mean Median Range Above LOQ Below LOQ
Total phosphorous (μg/L) TP 40.4 25.5 2.5–110 69 9
Ammonium nitrogen (mg/L) AN 0.11 0.048 0.0075–0.6 64 14
pH pH 8.2 8.2 7.5–9.6 78 0
Conductivity
(μS/cm 20 ◦C) CD 256 257 175–310 78 0
Secchi disk depth (m) SD 4 3.5 1.1–9.6 78 0
 
Figure A4. Validation of model No.2 in Table 1: Measured and predicted cyanobacteria biovolumes
at Lake Varese using an independent dataset (not included in the MLR analysis) of water samples
collected at Lake Varese during summer 2017. The T14 was calculated using forecasted temperatures at
Lake Varese by the Global Forecast System (GFS) of the National Centers for Environmental Prediction
(NCEP, http://www.emc.ncep.noaa.gov/).
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Appendix D. Three-Variable MLR Models
Table A4. Three-variable multiple linear regression (MLR) models of cyanobacteria biovolume (LOG
CyanoBV) using the 14-days mean atmospheric temperature (T14) and two of the physical–chemical
variables (AN: Ammonium nitrogen; CD: Conductivity; TP: Total phosphorous; SD: Secchi disk depth;
and pH). The statistical significance of each coefficient is indicated when below 0.1 (p-values: ***: 0.001;
**: 0.01; *: 0.05; ◦, 0.1). For each model the coefficient of determination (R2), the adjusted R2 (R2adj),
and the F statistic are reported. LOG means 10-based logarithm.
No. Linear Model R2 R2 adj F
1 LOG CyanoBV = 3.391 * + 0.074 T14 *** − 0.0097 CD * + 0.504 LOG TP ◦ 0.33 0.31 12.41
2 LOG CyanoBV = 4.859 *** + 0.046 T14 ** − 0.0105 CD * − 0.067 SD 0.32 0.3 11.75
3 LOG CyanoBV = 4.401 *** + 0.052 T14 * + 0.0218 LOG AN − 0.010 CD * 0.31 0.28 74
4 LOG CyanoBV = 15.201 * + 0.053 T14 ** - 0.0236 pH − 5.481 LOG CD * 0.31 0.28 10.91
5 LOG CyanoBV = 0.918 + 0.091 T14 *** + 0.5077 LOG TP ◦− 0.048 SD 0.3 0.27 10.53
6 LOG CyanoBV = −1.369 + 0.088 T14 *** + 0.2519 pH + 0.554 LOG TP ◦ 0.3 0.27 10.42
7 LOG CyanoBV = 0.742 + 0.102 T14 *** + 0.1191 LOG AN + 0.532 LOG TP ◦ 0.29 0.27 10.29
8 LOG CyanoBV = 2.070 *** + 0.076 T14 *** + 0.1702 LOG AN − 0.065 SD 0.28 0.25 9.49
9 LOG CyanoBV = 0.931 + 0.064 T14 *** + 0.1207 pH − 0.051 SD 0.27 0.24 9.3
10 LOG CyanoBV = 0.415 + 0.071 T14 ** + 0.1659 pH + 0.099 LOG AN 0.27 0.24 9
Appendix E. Testing an Improvement with Additional Meteorological Parameters
For a range of days from 1 to 28, the maximum squared wind speed (m2/s2), the average
total precipitation (mm/day), and the PAR (W/m2) were calculated (as for the average surface
temperature). Adding wind speed (iteratively from 1 to 28 days) to the predictors of model No.2
(Table 3), the corresponding R2 ranged from 0.29 to 0.31, thus no relevant improvement was detected.
This is probably due to the generally weak winds at Lake Varese, not strong enough to break the lake
stratification. Indeed, ERA-Interim data showed that annual mean wind speed is ranged between 1.82
and 2.02 m/s, i.e., light breeze for the period 2003–2015. Stronger winds, such as gentle breeze, between
3.3 and 5.2 m/s, were observed for 17–37 days/year, and only up to three days/year of moderate breeze,
between 5.2 and 7.4 m/s. Similarly, for the average total precipitation, R2 ranged from 0.29 to 0.30.
On the opposite, an improvement was detected for PAR, where R2 ranged from 0.37 to 0.40. Since PAR,
calculated for 14 days, was correlated with T14 to a high degree (Pearson correlation coefficient is 0.82),
including it in the model would be deemed as an overfitting.
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Abstract: Networks of lakes and streams are linked by downslope flows of material and energy
within catchments. Understanding how bacterial assemblages are associated with nutrients and
stoichiometric gradients in lakes and streams is essential for understanding biogeochemical cycling
in freshwater ecosystems. In this study, we conducted field sampling of bacterial communities from
lake water and stream biofilms in Erhai Lake watershed. We determined bacterial communities
using high-throughput 16S rRNA gene sequencing and explored the relationship between bacterial
composition and environmental factors using networking analysis, canonical correspondence analysis
(CCA), and variation partitioning analysis (VPA). Physicochemical parameters, nutrients, and nutrient
ratios gradients between the lake and the streams were strongly associated with the differences in
community composition and the dominant taxa. Cyanobacteria dominated in Erhai Lake, while
Proteobacteria dominated in streams. The stream bacterial network was more stable with multiple
stressors, including physicochemical-factors and nutrient-factors, while the lake bacterial network
was more fragile and susceptible to human activities with dominant nutrients (phosphorus). Negative
correlations between bacterial communities and soluble reactive phosphorus (SRP) as well as positive
correlations between bacterial communities and dissolved organic carbon (DOC) in the network
indicated these factors had strong effect on bacterial succession. Erhai Lake is in a eutrophic state,
and high relative abundances of Synechococcus (40.62%) and Microcystis (16.2%) were noted during
the course of our study. CCA indicated that nutrients (phosphorus) were key parameters driving
Cyanobacteria-dominated community structure. By classifying the environmental factors into five
categories, VPA analyses identified that P-factor (total phosphorus (TP) and SRP) as well as the
synergistic effect of C-factor (DOC), N-factor (NO3−), and P-factor (TP and SRP) played a central role
in structuring the bacterial communities in Erhai Lake. Heterogeneous physicochemical conditions
explained the variations in bacterial assemblages in streams. This study provides a picture of
stream–lake linkages from the perspective of bacterial community structure as well as key factors
driving bacterial assemblages within lakes and streams at the whole watershed scale. We further
argue that better management of phosphorus on the watershed scale is needed for ameliorating
eutrophication of Erhai Lake.
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1. Introduction
Microbial assemblages are fundamental components of aquatic ecosystems and play a key role in
biogeochemical cycles in both lotic and lentic ecosystems [1,2]. Their high diversity, small size, and rapid
generation have caused microbes to become the most sensitive aquatic organisms to environmental
perturbations, especially to nutrient alteration [3–5]. Understanding these responses is increasingly
important given that biogeochemical cycles have been dramatically altered by human activities [6],
with a two-fold increase in nitrogen (N) availability [7,8] and approximately a four-fold increase in
phosphorus (P) mobilization [9,10] relative to preindustrial times.
Freshwater ecosystems include networks of lakes and streams linked within catchments by
downslope water flow and nutrient flux [11]. The spatial distribution of lakes and streams can influence
various chemical and biological characteristics, while the interactions among aquatic habitats control,
at least in part, their individual functioning [11,12]. Ecosystem metabolism is directly influenced
by the relative balance of external loading of nutrients and dissolved organic carbon in lakes [13].
Stream ecosystems are primary receivers of nutrients and organic matter that export from terrestrial
ecosystems through transport and storage of water, nutrients, and energy [14–16], and these nutrients
and organic matter are transported by streams into lakes and marine environments [13]. In stream
ecosystems, microbial assemblages primarily occur in the form of benthic biofilms [17], which play
an important role in biogeochemical cycling, being responsible for organic matter mineralization,
nutrient uptake, and transformation of contaminants [18]. Likewise, bacterial communities in lake
ecosystems often have a close relationship with nutrient alteration. Data currently available suggest
that bacterial community composition in freshwater ecosystems is controlled both by biogeography and
environmental nutrient supplies, and that the relative importance of these controls shifts spatially from
local to regional areas [11,19,20]. However, most studies of bacterial communities have focused only
on single environment types, such as lakes or streams. Comparative information on the comparison of
bacterial assemblages and their driving forces in lakes and input streams is still limited [16].
Erhai Lake is the second largest plateau lake and the seventh largest freshwater lake in China.
This lake has valuable functions in supporting human life and regional development, including
drinkable water supply, agricultural irrigation, climate regulation, tourism, and hydroelectric power
generation [21–23]. Anthropogenic activities in the basin generate a large amount of nutrients and waste,
which directly perturb biogeochemical cycles and accelerate whole-basin ecosystem deterioration [24].
Previous research on the bacterial communities in Erhai Lake basin focused only on streams [25] or
lakes [26–29]. At the watershed scale, the ecosystems of Erhai Lake and its tributaries are highly
connected by material and energy fluxes. To gain a better understanding of how nutrients are associated
with variations in bacterial communities between the two kinds of ecosystems, we conducted an
extensive bacterial survey using high-throughput ILLUMINA sequencing of 16S rRNA in Erhai Lake
and its surrounding major tributaries. This study aimed to address four major questions regarding
Erhai Lake and streams: (1) How do they differ in bacterial community structure? (2) How are
co-occurrence patterns of bacterial taxa structured? (3) What are the major environmental factors
associated with bacterial assemblages at the watershed scale? (4) How do these associations differ
for the lake and the inflow streams? By understanding bacterial communities and its associations
with human activities in the lake and its input streams, this study seeks to provide insight into the
management of Erhai Lake watershed.
2. Materials and Methods
2.1. Study Area
Erhai Lake (25◦25′–26◦16′N, 99◦32′–100◦27′ E) is the second largest freshwater lake in China. Erhai
Lake watershed experiences a typical subtropical plateau monsoon climate with 85% of precipitation
occurring from May to October and long-term average annual precipitation of 909 mm. The annual
average air temperature is 15.7 ◦C (22 ◦C on average in summer). Erhai Lake watershed is located
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in the upper Mekong River tributaries with a total of 117 tributaries. Miju stream is the largest
tributary of Erhai Lake originating in the northern mountains of Erhai Lake watershed, and there are
also many small tributaries located in the western part of Erhai Lake. All of these tributaries pass
through urbanized areas around the lake, which dramatically altered physical, chemical, and biological
conditions of stream ecosystems. Moreover, the rapid urbanization around the lake has caused severe
lake eutrophication and water contamination [27].
2.2. Sampling and Physicochemical Analyses
During August 2016, a total of nineteen samples spread evenly across Erhai Lake were collected,
and seventeen samples were collected from six tributaries [Miju stream (MJ), Wanhuaxi stream (WH),
Yangxi stream (YX), Jinxi stream (JX), Baishi stream (BS), and Taoxi (TX) stream]. According to the
different level of human activities between upstream and downstream, two sampling sites were chosen
in each stream.. Surface water samples for bacterial analyses were collected at a depth of 0.5 m in Erhai
Lake. A total of 600 mL water was filtered with Whatman Nylon membrane filters (pore size: 0.2 μm),
and these filters were immediately stored and transported in liquid N2. Benthic biofilms were removed
by vigorously scrubbing (with a sterilized nylon brush) a 4.5 cm-diameter area from the surface of
a stone substrate with five replicates at each sampling site. After the slurry was rinsed with sterile
water, 10 mL of the mixed slurry was filtered with 0.2 μm membrane filters, and these filters were
immediately frozen in liquid N2 in the field. All bacterial samples were stored at −80 ◦C until DNA
extraction and subsequent analyses.
At each sampling site, water temperature (Temp), dissolved oxygen (DO), pH values, and conductivity
(Cond) were measured in situ using a YSI Model 80 m (Yellow Springs Instruments, Yellow Springs,
OH, USA). Altitude was measured using a Global Positioning System (GPS) unit (Triton 500, Magellan,
Santa Clara, CA, USA). Water samples were acid-fixed and transported to the laboratory at 4 ◦C for
chemical analyses. Water was filtered through Whatman Glass Fibre Filters to analyze dissolved
organic carbon (DOC), soluble reactive phosphorus (SRP), nitrate (NO3−), and ammonium (NH4+).
Total nitrogen (TN) was analyzed using ion chromatography after persulfate oxidation. NO3− was
determined using ion chromatography, and NH4+ was analyzed using the indophenol colorimetric
method. Total phosphorus (TP) and SRP were quantified using the ammonium molybdate method.
DOC was analyzed using a Shimadzu TOC Analyzer (TOC-VCPH, Shimadzu Scientific Instruments,
Columbia, MD, USA).
2.3. DNA Extraction, PCR, and Sequencing
The bacterial community was characterized by 16S rRNA gene sequencing. Bacterial genomic
DNA was extracted using a PowerSoil DNA Isolation Kit (MoBio, Carlsbad, CA, USA) following the
manufacturer’s protocols. The 16S rRNA genes covering the V3 to the V4 regions were amplified using
primers 806R-GGACTACHVGGGTWTCTAAT and 338F-ACTCCTACGGGAGGCAGCA (Invitrogen,
Vienna, Austria) [25]. The PCR was performed according to the standard procedures of Applied
Biosystems 2720 Thermal Cycler (ABI, Foster City, CA, USA). By using 1× Tris-Acetate-Edta buffer,
amplified DNA samples were verified by 1.0% agarose gel electrophoresis and purified using the
Gel Extraction Kit (Qiagen, Hilden, Germany). The final sequencing process was based on a MiSeq
sequencing platform (Illumina, San Diego, CA, USA).
Raw sequence data (available from the National Center for Biotechnology Information, SRP167734)
were processed using QIIME software [30]. The range of sequence reads per sample was 12,009–30,315.
Quality filtering on merged sequences was performed. Sequences were discarded when these sequences
did not meet the following criteria: sequence length < 200 bp, no ambiguous bases, and mean quality
score > 20. Then, these sequences were compared with reference database (RDP Gold database) using
the UCHIME algorithm to detect chimeric sequences [31], and the chimeric sequences were removed.
After quality filtering, these sequences were grouped into operational taxonomic units (OTUs) using
the clustering program VSERACH 1.9.6 [32] against the Silva 123 database based on the complete
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linkage algorithm at an identity level of 97% sequence similarity. The Ribosomal Database Program
(RDP) classifier was used to assign a taxonomic category to all OTUs at a confidence threshold of
0.8. The RDP classifier uses the Silva 123 database, which has taxonomic categories predicted to the
species level.
2.4. Data Analysis
We compared taxonomic profiles of the bacterial communities to assess the differences and the
linkages between bacterial communities in lake and streams. To determine whether physicochemical
factors, nutrients, organic carbon, and stoichiometric factors were significantly different between lake
and streams, we conducted bootstrap t-tests using SPSS software (Version 12.0) (IBM, Armonk, NY,
USA). The DOC:NO3−:TP (C:N:P) ratios were calculated based on stoichiometric homeostasis [33] with
the following equation:





where x and y are nutrient concentrations, and xn and yn are the molar mass.
The spatial variability of nutrient concentrations, nutrient ratios, and bacterial community
composition was visualized in ArcGIS 10.2 (ESRI, Redlands, CA, USA). The Multiple Response
Permutation Procedure (MRPP) is a nonparametric procedure of testing the null hypothesis between
two or more groups of entities in the software R (version 3.3.2) (Lucent Technologies, Murray Hill,
NJ, USA). Heatmaps were applied to reveal the differences of OTUs (relative abundance higher than
0.1%, Heatplus and Gplots packages in R version 3.3.2). All pairwise Spearman’s rank correlations
between those OTUs and environmental variables were calculated in R (Hmisc package, version 4.0-1).
Only robust (r > 0.6 or r < −0.6) and statistically significant (p-values < 0.01, p-values were adjusted
using Benjaminin–Hochber method) were considered. Cytoscape (version 3.5.1) was used for network
visualization. Nodes represented the OTUs, and edges represented Spearman’s correlation relationship.
All of the nodes were classified at the phylum level, and an edge-weighted spring-embedded network
was applied to display the arrangement of the variables. Topological and node/edge metrics, including
centralization, heterogeneity, characteristic path length, and clustering coefficient, were calculated.
Modular structure analyses were conducted using the ClusterMaker app in Cytoscape. A total of
30 random networks with the same size of a real network were generated using Network Randomizer
app (version 1.1.3) and topological parameters were calculated individually. The t-tests were employed
to calculate the differences between topological parameters of the real network and the random
networks using the standard deviations derived from the corresponding random network. Canonical
correspondence analysis (CCA) was applied to analyze the bacterial communities with respect to
various environmental factors using Vegan package 2.4 in R (version 3.3.2). Monte Carlo permutations
and Mantel tests (p < 0.05) were used to select a set of environmental variables that had significant and
independent effects on bacterial communities. Environmental factors with high partial correlation
coefficients (p < 0.05, r > 0.5) and variance inflation factors > 20 were eliminated from the final
CCA. To identify effects of different categories of environmental variables on bacterial communities,
environmental factors were classified into five categories (Table 1). Variation partitioning analysis (VPA)
was performed using the Vegan package (version 2.5-3) in R to determine the relative contributions of
physicochemical-factor, N-factor (NO3−), P-factor (TP and SRP), C-factor (DOC), and the interactions
of various factors.
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Average SD CV Average SD CV
Physicochemical-
factor
Altitude (m) 1964.00 0.00 0 2200.28 265.28 0.071 0.001 **
Temp (◦C) 22.93 0.90 0.039 16.68 1.99 0.121 0.000 **
DO (mg/L) 5.50 0.44 0.079 5.10 0.59 0.120 0.077
Cond (μs/cm) 287.28 6.13 0.021 115.29 52.46 0.738 0.000 **
pH 9.53 0.07 0.007 8.36 0.82 1.537 0.000 **
P-factor
TP (mg/L) 0.04 0.01 0.146 0.06 0.02 0.327 0.011 *
SRP(mg/L) 0.01 0.002 0.267 0.028 0.008 0.431 0.000 **
N-factor
TN (mg/L) 0.54 0.08 0.138 0.53 0.32 0.529 0.863
NO3− (mg/L) 0.50 0.06 0.125 0.47 0.29 0.565 0.690
NH4+ (mg/L) 0.017 0.004 0.259 0.016 0.003 0.471 0.621
C-factor DOC (mg/L) 4.95 0.44 0.088 1.16 0.25 0.437 0.000 **
Nutrient ratios
DOC:NO3− (C:N) 11.626 1.282 0.110 4.366 2.597 0.595 0.001 **
DOC:TP (C:P) 293.011 46.494 0.158 79.068 26.261 0.332 0.000 **
NO3−:TP (N:P) 25.267 3.400 0.135 24.119 14.978 0.621 0.761
** indicates p < 0.01 and * indicates p < 0.05. SD: standard division, CV: coefficient of variation, DO: dissolved
oxygen, Cond: conductivity, TP: total phosphorus, SRP: soluble reactive phosphorus, TN: total nitrogen, DOC:
dissolved organic carbon.
3. Results
3.1. Environmental Conditions and Nutrients
Significant differences in various environmental variables and nutrient concentrations were
observed. Environmental variables were divided into five categories, including physicochemical-factor,
P-factor, C-factor, N-factor, and nutrient ratios (Table 1). Temp, Cond, pH, and DOC were significantly
higher in Erhai Lake than in streams (Table 1, t-tests, p < 0.01). TP and SRP concentration were higher
in streams than in the lake (p < 0.01). Streams were the major sources of nitrogen and phosphorus in
Erhai Lake (Figure 1). The concentration of TP in MJ was higher than that in other tributaries (t-tests,
p < 0.01), which caused P concentrations to be higher in northern areas of the lake than in central and
southern areas. Although SRP was the major component of TP in streams (29.17~74.44%), it only was
a small component in the lake (15.38~30.95%). Moreover, NO3− was the major component of TN in
streams (57.09~93.78%) and the lake (86.18%~96.54%). In order to ensure the validity of data, we chose
DOC, NO3−, and TP to calculate DOC:NO3−:TP (C:N:P). Both C:N and C:P ratios were higher in the
lake than in streams (Table 1).
3.2. Bacterial Assemblages
After quality filtering, a total of 12,566 OTUs were identified. The relative abundance of different
phyla dramatically differed in the lake relative to the streams. The proportion of shared OTUs was
27.9% between lake and streams, while the proportions of detected OTUs unique to Erhai Lake and
streams were 31.1% and 41.0%, respectively. Except for the Bacteroidetes, all the other dominant phyla
were significantly different between Erhai Lake and the streams. In the lake, the dominant phylum was
Cyanobacteria (relative abundance of 43.8%), followed by Proteobacteria (15.1%) and Actinobacteria
(14.8%) (Figure 2). The dominant phyla in streams were Proteobacteria (52.4%) and Cyanobacteria
(30.9%) (Figure 2). Relative abundances of Proteobacteria and Thermi in streams were much higher
than those in the lake (Figure 2, p < 0.05). Relative abundances of Cyanobacteria, Actinobacteria,
Bacteroidetes, Verrucomicrobia, Chlorobi, and Planctomycetes were much higher in the lake than those
in the streams (Figure 2, p < 0.05).
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Figure 1. Study area and nutrient variables. (a) The distribution of sampling sites and (b–j) spatial
patterns of nutrient variables in Erhai Lake and its tributaries. The map was created in ArcGIS 10.2
(http://desktop.arcgis.com/en/arcmap/) using ASTER GDEM data downloaded from the United States
Geological Survey [ASTER GDEM is a product of the Ministry of Economy, Trade and Industry (METI)
and the National Aeronautics and Space Administration (NASA)].
Unweighted Pair Group Method with Arithmatic Mean (UPGMA) clustering analyses illustrated
the remarkable variations in bacterial community composition among the sampling sites (Figure 3a).
In the lake, bacterial assemblages were clearly separated into two subgroups, and MRPP analyses
demonstrated the significant difference between these two subgroups (p < 0.05). Subgroup 1
(EH09– EH11, EH14–EH18) had no dominant bacterial community under low nutrient concentrations
(Figure 3a,b). In subgroup 2 (EH01–EH08, EH12, EH13, EH19, and EH20), Cyanobacteria (47.99–67.10%)
was the dominant phyla under high phosphorus concentrations (Figure 3a,b). Bacterial community
structure varied with spatial heterogeneity of environmental variables in streams. Heatmap clustering
analyses also illustrated the variability of OTUs among sampling sites (Figure 4). Synechococcus
(40.62%) and Microcystis (12.06%) made up the Cyanobacteria in Erhai Lake. Synechococcus (26.3%)
dominated Cyanobacteria in streams, while Microcystis (0.23%) only was a small component of
Cyanobacteria in streams.
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Figure 2. Phyla-level bacterial relative abundances in Erhai Lake and streams. Only phyla with a
relative abundance > 1% in either streams or the lake are shown; “other” represents the unsigned
operational taxonomic units (OTUs) and the phyla with a relative abundance < 1%. The comparison of
lake and streams bacterial abundances was assessed by t-tests. ** indicates statistical significance at
p < 0.01 and * indicates p < 0.05.
 
Figure 3. Composition of bacterial communities in Erhai Lake and streams (a) as well as the spatial
variations in bacterial communities (b) and Cyanobacteria (c).
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Figure 4. Heatmap showing the taxonomic differences of OTUs between Erhai Lake and streams based
on Bray–Curtis distance. Bray–Curtis distances were calculated using relative abundances of OTUs
(relative abundance > 0.1%).
3.3. Bacteria Co-Occurrence
OTUs (relative abundances > 0.01%) were used to build co-occurrence networks (Figure 5, r > 0.6
or r < −0.6, p < 0.01). The integrated bacterial network contained 511 nodes (i.e., OTUs) and 12
environmental parameters with 17,129 edges (significant interactions) (Figure 5a). The lake bacterial
network contained 416 nodes (i.e., OTUs) and 5898 edges (Figure 5b), and the stream bacterial network
contained 435 nodes with 2808 edges (Figure 5c). In total, 97.78% inter-genus correlations were positive
within the integrated bacterial network. Significant correlations were mostly concentrated within
Cyanobacteria, Proteobacteria, Verrucomicrobia, and Actinobacteria phyla. The positive relationship
of OTUs in the lake bacterial network was 69.2% (Figure 5b), and in the streams network, it was 100%
(Figure 5c). These results suggested that lake microorganisms have more competitive relationships
than stream microorganisms due to the homogeneous habitat and the limited resources in the lake.
In the integrated bacterial network, Proteobacteria had the highest accumulated betweenness centrality
score of 0.67. The betweenness centrality is a measure of centrality of nodes in a network based on
shortest paths. The higher the betweenness centrality scores of nodes are, the more associations over
the network there are. C:P had the highest accumulated betweenness centrality score (0.065), followed
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by SRP (0.035), Temp (0.033), and DOC (0.032). Moreover, both C:P (31.76%) and DOC (46.58%) were
positively associated with nodes belonging to Cyanobacteria, while SRP (36.62%) was negatively
associated with nodes belonging to Cyanobacteria.
Figure 5. Co-occurrence networks of bacterial communities in integrated lake/stream (a), Erhai Lake (b),
and streams (c). Nodes represent the OTUs. Edges represent Spearman’s correlation relationships, and
only strong and significant correlations (Spearman’s r > 0.6 or r < −0.6, p < 0.01) are shown. The grey
and the blue lines indicate positive and negative correlations, respectively.
Topological parameters were calculated to describe the interactions, the compactness, and the
modularity among OTUs in the networks (Table 2). Among the three networks, the integrated
lake/stream network showed the highest clustering coefficient and network centralization, while
characteristic path length and modularity values were highest in the streams sub-network (Table 2).
Bacterial communities in the three bacterial networks exhibited modular structures with modularity
values ranging from 0.572 to 0.784 (Table 2). These results confirmed that all of these bacterial
networks had “small world” properties and significant modular structures, because modularity,
network centralization, clustering coefficient, and average path length were higher in real networks
than in random networks (t-tests, p < 0.05).
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Table 2. Topological parameters of real co-occurrence networks and corresponding random networks
(some parameters of the random network are shown in mean ± SD. SD represent standard deviation).
t-tests were used to compare the topological parameters between real and random networks.
Topological Parameter
Lake and Streams Lake Stream
Random Real Random Real Random Real
Number of nodes 511 511 416 416 435 435
Average number of neighbors 65.840 67.037 28.351 28.351 12.906 12.906
Network Centralization 0.045 ± 0.003 * 0.232 0.038 ± 0.004 * 0.193 0.028 ± 0.008 * 0.044
Network Heterogeneity 0.116 ± 0.004 * 0.745 0.182 ± 0.006 * 1.128 0.272 ± 0.001 * 0.700
Characteristic Path Length 1.880 ± 0.001 * 2.654 2.060 ± 0.001 * 3.799 2.651 ± 0.002 * 5.134
Clustering Coefficient 0.125 ± 0.006 * 0.705 0.069 ± 0.001 * 0.538 0.029 ± 0.002 * 0.596
Modularity 0.439 ± 0.021 * 0.639 0.438 ± 0.011 * 0.572 0.446 ± 0.018 * 0.784
* indicates p < 0.05.
3.4. Environmental Factors Associated with the Bacterial Community
Spearman’s rank correlation, CCA, and VPA were used to assess the potential effect of environmental
variables on bacterial communities (Figures 6 and 7). C:P was significantly associated with DOC and
TP, N:P was significantly associated with NO3− and TP, and C:N was only significantly associated
with NO3− (Figure 6). We noted that both C:P and N:P showed the co-limitation of the numerator
and the denominator, while C:N was limited by the denominator in Erhai Lake. In streams, both
C:P and N:P were limited by the numerator, and C:N was limited by the denominator, because DOC
significantly associated with C:P, and NO3− significantly associated with N:P and C:N (Figure 6).
Moreover, TP, SRP, and C:P ratios were the predominant environmental factors closely associated with
Cyanobacteria in the lake, and C:P ratios were also positively correlated with Verrucomicrobia (p <
0.05, Figure 6a). In streams, TN and NO3− were positively associated with Cyanobacteria, and N:P
ratios were negatively associated with Cyanobacteria (p < 0.05, Figure 6b). Moreover, Actinobacteria
positively associated with TN, NO3−, DOC, and N:P (p < 0.05).
 
Figure 6. Spearman’s rank correlation between nutrients and microbes at the phyla-level in (a) Erhai
Lake and (b) streams. Blue nodes indicate positive associations and red nodes negative associations.
Nodes are sized and present the degree of correlations. *** indicates statistical significance at p < 0.001,
** indicates p < 0.01 and * indicates p < 0.05.
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Figure 7. Canonical correspondence analysis (CCA) of bacterial communities and nutrient variables in
Erhai Lake (a, c, and e) and streams (b, d, and f). All environmental variables had goodness of fit at the
significant level p < 0.05 by envfit function. Variance partition analysis (VPA) determined the relative
contributions of physicochemical factor, C-factors (DOC), N-factor (NO3−), P-factor (TP and SRP), and
the interactions of these factors in Erhai Lake (e) and streams (f).
CCA and VPA were used to evaluate the relationship of environmental variables and bacterial
communities (Figure 7). Some collinear variables were removed from CCA and VPA. NO3− was the
predominant N-factor used in CCA and VPA, because NO3− was the major component of TN in Erhai
watershed, and it positively associated with TN (p < 0.01, Figure 6). SRP did not dominate P-factor
because SRP was a small component of TP in Erhai Lake; thus, TP and SRP constituted P-factor.
According to the Monte Carlo test and the Mantel test, TP, SRP, NO3−, and DOC were significantly
associated with bacterial communities in Erhai Lake (Figure 7, two axes accounted for 73.12%, p < 0.05).
The first axis was mainly defined by TP, SRP, and NO3− in the negative direction, and the second axis
was mainly defined by DOC in the negative direction. Following an increase of dominant nutrient
parameters, OTUs gradually changed from Actinobacteria-dominated to Cyanobacteria-dominated
(Figure 7c). The sampling sites were divided into two subgroups at the first axis. The subgroup 1
(EH09–EH11 and EH14–EH18), located at the right of the diagram, primarily involved samples from
middle to southern parts of the lake, while the sites of subgroup 2 (EH01–EH08, EH12, EH13, EH19,
and EH20), located at the left of the diagram, included samples from the northern areas along with
two sites near the lake mouth to the down streams (Figure 7a). Variance partitioning analyses (VPA)
revealed that nutrient factors explained 23.7% of bacterial communities in Erhai Lake. Moreover,
P-factor and the two interactions of C, N, and P (C × P and N × P) had high contributions to the overall
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explanation (Figure 7e). In addition, nutrients ratios (C:N, C:P, and N:P) explained 12.3% of bacterial
communities in the lake (Figure S1).
Temp, Cond, NO3−, TP, SRP, and DOC were significantly associated with bacterial communities in
streams (Figure 7b, two axes accounted for 47.43%, p < 0.05), and these variables defined the first axis.
Bacterial communities were more evenly distributed, and no obvious pattern was identified (Figure 7d).
Samples were divided into two subgroups based on axis 1 (Figure 7b): subgroup 1 (JX01, JX02, TX01,
TX02, BS01, and MJ05–MJ07) and subgroup 2 (BS02, YX01, YX02, TX01, WHX01, and MJ01–MJ04).
The samples of subgroup 1 (located at the right of the biplot) mainly represented sites experiencing
higher levels of human disturbance or reference conditions in the streams, while the left direction
represented the low levels of human activity (Figure 7b). N-factor, the interaction of physiochemical
factor, C-factor, N-factor, and P-factor, had high contributions to the overall explanation of bacterial
communities in the streams (Figure 7f). Nutrient ratios only explained 7.4% of bacterial communities
in streams (Figure S1).
4. Discussion
For lacustrine bacterial assemblages, cells inflowing from tributaries can influence community
structure [11,34]. These inputs partly explain the high level of overlap in identified OTUs between Erhai
Lake and its input streams. However, according to similarity analyses of the bacterial communities,
there was obvious spatial heterogeneity in the bacterial community structure between the lake and
the streams, reflecting significant changes in relative abundances of various taxa. These results
are consistent with previous studies of stream bacterial communities in connected lake and stream
ecosystems [16,35]. The dramatic changes in bacterial community composition between the lake and the
streams indicates significant variations in ecological function and nutrient metabolism [36]. In contrast
to a previous study [26], our results showed extremely high relative abundances of Cyanobacteria
in Erhai Lake. These high relative abundances of Cyanobacteria differed across sampling seasons,
as Cyanobacteria always dominated Erhai Lake during summer [37]. We also found high abundances of
Cyanobacteria in streams, while the dominant species of Cyanobacteria in streams were different from
that in the lake. Because most of the Cyanobacteria are photoautotrophic, the increase in Cyanobacteria
would likely correlate with changes in bacterial metabolism and biogeochemical processes [16] as well
as with sampling season [26] and human impacts at downstream sites [25]. In the lake, the high relative
abundance of Cyanobacteria dominated by Synechococcus (40.62%) and Microcystis (16.2%) attracted
considerable attention due to the high risk of potential toxin producers [38] and the subsequent influence
on drinking water supply, aquatic biodiversity, fisheries, water irrigation, recreation, and aesthetics [39].
Co-occurrence patterns of organisms were evaluated to assess community assembly rules and
interactions in highly complex systems [40]. Co-occurrence network results revealed that bacterial
networks in Erhai watershed had non-random, scale-free, and “small world” properties. The high
degree of connectedness and the relatively high proportion of negative associations in the lake bacterial
network indicated stronger competition relationships of OTUs in Erhai Lake. Moreover, Proteobacteria
play the most important role as a transitional species from streams to lake (Figure 5). Several OTUs of
Proteobacteria showed widespread connections with OTUs of lakes and streams bacterial networks.
Those broad connections may serve as important connectors that strongly contribute to community
stability and coexistence. Removal of those strongly connected components in a network often
causes the collapse of structure and function in the ecosystem [40–42]. The topological parameters
provided important information that helps us to understand community structure. Higher values
of network centralization and heterogeneity indicated stronger connections of OTUs in Erhai Lake
(Table 1), implying that a minor disturbance would more easily cause a large impact on the lake
bacterial network [41–43]. Moreover, bacterial communities in these networks exhibited strong modular
structures, and the stream bacterial networks exhibited a stronger modular structure than other networks
(Table 1, modularity values > 0.4). In general, species interactions are more frequent and intense in
a modular structure [43]. Notably higher modularity values of the stream networks related to the
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heterogeneous habitats were found in streams, which provide abundant niches for microorganisms [40].
Niche differentiation in stream biofilms is also highly associated with heterogeneous microhabitats,
wider ranges of physiochemical conditions, and complex hydrological and hydraulic conditions, which
are known to have significant effects on composition and function of bacterial communities [44–46].
Thus, heterogeneous microhabitats caused multiple factors affecting bacterial communities in streams.
UPGMA clustering of bacterial communities indicated an apparent spatial variation in
bacterial communities in the lake and the streams. In general, physicochemical parameters,
nutrients, and nutrient ratios could drive bacterial communities in freshwater ecosystems [34,47–51].
Our results demonstrated that N-factor (NO3−) (7%) and the interaction of multiple factors, including
physicochemical-factor, N-factor, P-factor, and C-factor, drove the bacterial community structure on
stream biofilms (Figure 7f). Streams are the primary recipient of xenobiotics and pollutants input from
the watershed; thus, terrestrial soil, sewage, plant litter, and autochthonous material were the main
sources of organic matter and nutrients in streams [52]. It has been widely reported that agriculture and
urban development significantly increase nutrient concentration in streams [53]. These nutrients could
accumulate on benthic biofilms and be used by bacterial communities [36,54–56]. In Erhai watershed,
streams pass through mountain areas and urbanized areas, which causes significant differences of water
quality in these heterogeneity ecosystems under different degrees of human activities perturbations [23].
Under these heterogeneity stream ecosystems, physicochemical-factor provides a diverse environment
for bacterial communities [52,57], and DOC, NO3−, SRP, and TP provide available nutrients for bacterial
growth [40,58].
Nutrients predominately explained the variation in lake bacterial communities, possibly due to
the relatively uniform physical conditions [4,5]. Elevated inputs of phosphorus and nitrogen from
its inflow streams have caused severe eutrophication and associated algae blooms in Erhai Lake.
The seasonal succession of Cyanobacteria-dominated communities was highly correlated with nutrient
input in the summer at Erhai Lake [51]. Our results demonstrated that P-factor, the interaction of
N-factor and P-factor, as well as the interaction of N-factor, P-factor, and C-factor were highlighted
as nutrient resources associated with spatial distribution and bacterial species in Erhai Lake during
summer (Figures 5 and 7). P-factor (TP and SRP) was positively associated with Cyanobacterial
communities (Figure 5), which is understandable because SRP is the most readily available form
of phosphorus for autotrophs assimilation [59]. Lake bacterial community structure was positively
associated with the SRP concentration in its inflow streams [49]. Thus, phosphorus loading from
tributaries from sub-watersheds experiencing seasoning flooding may play an important role in
supplying P resources to Erhai Lake. Moreover, low N:P ratios are often connected with an increasing
load of P, and the synergy of N and P has historically been the key factor for harmful algal blooms in
Erhai Lake [21,60–63]. The most likely mechanism for synergistic effects of N and P is that a single
nutrient quickly induces limitation by the alternative nutrient [64]. Additionally, previous studies have
shown that organic carbon plays an important role in regulating microbial assemblages and the food
web of aquatic ecosystems [65–67]. In the present study, synergistic effects of C-factor and P-factor
(C:P) and N-factor and P-factor (N:P) played crucial roles in regulating bacterial communities in Erhai
Lake (Figure 7 and Figure S1). Thus, DOC was an important factor affecting bacterial community
structures in Erhai Lake that could not be ignored, because high DOC content could provide enough
carbon resource for fast-growing and competitive species [64]. TP and SRP were the key environmental
factors that drove bacterial communities—especially Cyanobacterial-dominant communities—in Erhai
Lake. Moreover, the synergistic effect of C-factor (DOC), N-factor (NO3−), and P-factor (TP and SRP)
also played an important role in regulating the bacterial community structure in the Lake.
5. Conclusions
The bacterial communities of Erhai Lake and its tributaries are connected to and affected by
terrestrial nutrient enrichment. The lake microorganism network showed stronger centralization and
greater heterogeneity than the stream bacterial network, suggesting that lake bacterial communities
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were less stabile and resistant to human activities. In contrast, modularity values were higher in
streams, implying the abundant niches of microorganisms under different degrees of human activities
perturbation. The dramatic differences of bacterial community structure between the lake and the
streams were mainly associated with SRP, DOC, C:P, and C:N. Through CCA and VPA analyses,
we found that multiple factors, including physicochemical-factor, N-factor, P-factor, and C-factor, were
the primary correlates of bacterial communities at the stream scale. However, the composition of lake
bacterial communities was most closely associated with phosphorus concentrations and the interaction
of N-factor, P-factor, and C-factor (C:P and N:P). These nutrient factors play an important role in
structuring bacterial assemblages, stimulating rapid bacterial growth, and producing the Cyanobacteria
blooms of Erhai Lake. Our results provide a further understanding of stream–lake linkages from the
perspective of bacterial community structures and of the important effects of terrestrial nutrients on
downstream ecosystems. These data indicate that it is important to enhance watershed management
and decrease the pollution from agriculture and urban regions.
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Figure S1: Canonical correspondence analysis (CCA) and Variance partition analysis (VPA) of bacterial communities
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